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Abstract 

An improved understanding of chemical biotransformation has been identified as a key 
requirement for the bioaccumulation assessment of commercial chemicals. In vitro 

biotransformation assays, in combination with in vitro-in vivo extrapolation (IVIVE) represents 
one initiative to generate chemical biotransformation rates for use in bioaccumulation 

modeling efforts. However, rigorous evaluation of the IVIVE approach requires studies with 
well-matched animals to ensure in vitro tests adequately predict in vivo biotransformation 

potential. Therefore, the overarching objective of this thesis was to evaluate factors that may 
influence the extrapolation of hepatic in vitro biotransformation rate constants (kdep) using 

well-matched studies with rainbow trout. Hydrophobic organic ultraviolet filters (UVFs) 4-
methylbenzylidene camphor, 2-ethylhexyl-4-methoxycinnamate (EHMC), and octocrylene 
(OCT) represented model chemicals in this investigation. The first study showed that 

measured kdep values for UVFs were highly dependent on the selected assay concentration. 
Modeled bioconcentration factors (BCF) derived from kdep measured at concentrations well 

below corresponding Michaelis-Menten constants (KM) were closer to empirical BCFs than 
those calculated from kdep measured at higher test concentrations. A corresponding in vivo 

study demonstrated that during standardized dietary exposures that measured UVF 
concentrations in trout were well below the previously derived KM values This demonstrated 

that biotransformation pathways in trout operate under first-order conditions and that working 
at an appropriate concentration range in in vitro assays (i.e., C0 << KM) can be expected to 

improve estimates of in vivo biotransformation potential. In a final study, an existing IVIVE 
model was expanded to consider biotransformation in both the intestinal epithelia and liver. 

For chemicals biotransformed at higher rates by hepatic S9 fractions (e.g., EHMC), the ‘liver 
only’ IVIVE model was sufficient in estimating whole-body biotransformation rate constants 

(kMET). For chemicals biotransformed at higher rates in intestinal S9 fractions (i.e., OCT), the 
inclusion of both hepatic and intestinal activities improved estimates of kMET relative to the in 

vivo data generated here. The results of this study indicate that current ‘liver only’ IVIVE 

approaches may underestimate kMET for chemicals that undergo substantial intestinal 
biotransformation. The presented findings suggest that the future use of quantitative IVIVE 

methods for bioaccumulation assessment require greater consideration of extrahepatic 
biotransformation. 

Keywords:  bioaccumulation; biotransformation; in vitro-in vivo extrapolation; intestinal 
metabolism; organic ultraviolet filters; sunscreens 
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Chapter 1.  

 

Introduction 

1.1. Background 

Globally, regulatory agencies have developed methods and criteria to assess 

hazards and risks associated with anthropogenic chemical substances. Substances that 

are toxic (can cause lethal or adverse effects to organisms at low chemical 

concentrations) and are persistent (have long environmental half-lives [i.e., months to 

years]) and/or bioaccumulative (have a tendency to accumulate to higher concentrations 

in organisms) are of particular concern as they can cause serious harm to human health 

and the environment. The characterization of these key hazard properties has led to the 

creation of guidance and regulations to assess chemicals for their persistence (P), 

bioaccumulation (B), and toxicity (T). Regulatory approaches typically involve the 

scientific identification of chemicals that meet P, B, and/or T criteria, a structured 

approach to assess risks associated with anticipated exposures and organisms of 

concern, and the development and implementation of management strategies. 

International and national regulations (i.e., Stockholm Convention on Persistent Organic 

Pollutants, European Union Registration, Evaluation, Authorization, and Restriction of 

Chemicals [REACH], Canadian Environmental Protection Act [CEPA], United States 

Toxic Substances Control Act [TSCA]) specify criteria for categorizing chemicals as P, B, 

or T to determine if a chemical poses a risk to the environment or human health. 

As one of the three major hazard properties assessed in chemical evaluations, 

bioaccumulation is important in the scientific evaluation of the risks of commercial 

chemicals in the environment (Arnot and Gobas 2006). Chemical bioaccumulation 

occurs when the rate of chemical uptake exceeds the rate of elimination. Over time, 

exposed organisms will tend to achieve steady state with their surrounding environment, 

such that uptake and elimination become balanced within an organism’s lifespan 

(McLeod et al. 2016). That is, the concentration in the organism no longer varies with 

exposure duration. Depending on the nature of the exposure, as well as attributes of the 

chemical and the exposed organism, this steady-state chemical concentration may 
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greatly exceed the concentration in the surrounding environment (e.g., water, air, food; 

Brinkmann et al. 2016) resulting in an increased risk of toxic effects. 

1.2. Bioaccumulation assessment and screening 

International and national regulations that date back to the 1970s specify criteria 

for categorizing bioaccumulation behaviour based on a chemical’s bioconcentration 

factor (BCF), bioaccumulation factor (BAF), and/or octanol-water partition coefficient 

(KOW; Table 1.1).  

Table 1.1.  An overview of current bioaccumulation metrics and criteria across 

various regulatory agencies (Adapted from Gobas et al. 2009) 

Regulatory agency Bioaccumulation 
metric Criteria  Program 

Environment Canada log KOW ≥ 5.0 CEPA* 

Environment Canada BCF ≥ 5,000  CEPA 
Environment Canada BAF ≥ 5,000 CEPA 

European Union log KOW ≥ 4.5 REACH† 
European Union 
‘Bioaccumulative’ BCF ≥ 2,000 REACH 

European Union  
‘Very Bioaccumulative’ BCF ≥ 5,000 REACH 

United States 
‘Bioaccumulative’ BCF ≥ 1,000 TSCA, TRI‡ 

United States  
‘Very Bioaccumulative’ BCF ≥ 5,000 TSCA, TRI 

United Nations Environment 
Programme log KOW ≥ 5.0 Stockholm 

Convention§ 
United Nations Environment 

Programme BCF ≥ 5,000 Stockholm 
Convention 

* CEPA, Canadian Environmental Protection Act, 1999 (Government of Canada 1999; 2000). 
† Registration, Evaluation and Authorization of Chemicals (REACH) Annex XII (European Commission 2001). 
‡ Currently being used by the US Environmental Protection Agency in its Toxic Substance Control Act (TSCA) and 
Toxic Release Inventory (TRI) programs (US Environmental Protection Agency 1976). 
§ Stockholm Convention on Persistent Organic Pollutants (UNEP 2001). 

The BCF refers to the ratio of the concentration of a chemical in an organism to the 

concentration in water, resulting from an aqueous (water-only) exposure. Fish BCF 

values are commonly measured in the laboratory using the Organisation for Economic 

Co-operation and Development (OECD) 305 Test Guideline (OECD 2012). The BAF is 
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typically derived by measuring chemical concentration in field-collected animals, and is 

the ratio of the concentration in an organism to the concentration in water, resulting from 

all possible routes of exposure (Arnot and Gobas 2006). The KOW is the ratio of the 

concentration of a chemical in an octanol phase relative to the water phase of an 

octanol–water system that has reached equilibrium. The KOW is frequently used to 

describe chemical partitioning between water and tissue lipid, as octanol is generally 

considered to be a reasonable surrogate phase for lipids in organisms (Mackay 1982). 

More recently, regulatory agencies have begun to consider other 

bioaccumulation metrics to increase the weight of evidence in chemical bioaccumulation 

assessments. These metrics include a chemical’s biota-sediment accumulation factor 

(BSAF), biomagnification factor (BMF), trophic magnification factor (TMF), and the 

chemical depuration rate constant (kBT) or elimination half-life (EL0.5; ECHA 2017). For 

sediment dwelling organisms, the BSAF is the ratio of the chemical concentrations in an 

organism to that of the surrounding sediment at steady-state, typically normalized to the 

fraction of organic carbon in the sediment and the fraction of lipid in the organism. The 

BMF is the ratio of the chemical concentration in an organism (predator) to that of its diet 

(prey). BMFs can be measured in the field or in the laboratory, using the updated OECD 

305 test guidelines for dietary exposure (OECD 2012). Whereas BMFs describe the 

increase in chemical concentration from prey to predator, the trophic magnification factor 

(TMF) refers to the average factor by which the chemical concentration in biota of a food 

web increases with each step-wise increase in trophic level (Gobas et al. 2009). BMFs 

and TMFs are typically normalized to the fractional lipid content of the organism (or 

predator) and its diet (or prey). Generally, a chemical is considered to have probable 

bioaccumulative potential if the BSAF, BMF, and/or TMF value exceeds 1.0 (Gobas et al. 

2009). Whole-body depuration rate constants or half-lives may also be used as 

indicators of bioaccumulation potential, as these values can serve as inputs to 

computational models that predict other bioaccumulation metrics, such as the BCF or 

BMF (Goss et al. 2013).  

While the BSAF, BMF, and/or TMF metrics may be considered in 

bioaccumulation assessments, regulatory programs still rely largely on the BCF (and the 

BAF in Canada) to assess a chemical’s bioaccumulation potential. Reliance on the BCF 

is due to existence of considerable empirical data, the relative ease with which fish may 

be exposed to chemicals dissolved in water, and the availability of standardized methods 
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for performing these exposures (OECD 2012). However, even though regulatory 

programs rely on BCFs and BAFs to evaluate bioaccumulation potential, empirical data 

are not available for the majority of commercial chemicals. For example, a study 

performed in 2006 found that of the 11,300 organic substances on the Canadian 

Domestic Substances List, less than 4% have available empirical data to evaluate their 

bioaccumulation potential (Arnot and Gobas 2006). In the absence of a measured BCF 

or BAF, computational models are often used to estimate a BCF.  

Numerous computational models have been developed to describe the 

bioaccumulation potential of chemicals in fish. The earliest models were simple 

equilibrium partitioning models that focused on the relationship between log KOW and log 

BCF in different species of fish (Neely et al. 1974; Veith, et al. 1979). These early 

models were developed and calibrated for chemicals that passively diffuse across 

biological membranes, partition non-specifically to tissue lipid, and undergo little or no 

biotransformation (Nichols et al 2009). Equilibrium partitioning models cannot, however, 

simulate non-steady-exposures, nor can they account for factors such as fish size and 

water temperature, which are known to impact chemical accumulation. Consequently, 

computational models have become more sophisticated and no longer predict 

bioaccumulation from physical-chemical property data alone. Current models include 

integrated mechanistic descriptions of processes that control chemical uptake and 

elimination in the form of mass balance equations (Mackay and Fraser 2000). The 

resulting mathematical expressions describe chemical exchange across the gills, uptake 

from contaminated food, and egestion into feces (Arnot and Gobas 2004). These 

expressions are then parameterized based on chemical partitioning information (typically 

predicted from KOW) and physiological characteristics of the fish, including measured or 

estimated rates of respiration, growth, and reproduction, as well as information 

pertaining to feeding rate and dietary composition (Wania et al. 2017).  

For neutral organic chemicals that are not biotransformed, existing mechanistic 

models predict observed levels of bioaccumulation and biomagnification with acceptable 

accuracy, and are preferred to older approaches that relied solely on KOW as a predictor 

variable (Arnot and Gobas 2004). As noted above, chemical KOW may be employed to 

estimate chemical partitioning within the organism to define the activity gradients that 

drive chemical uptake and elimination processes. Although KOW is a useful surrogate for 

chemical partitioning to neutral lipids, it may be a poor predictor of partitioning to other 
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components of tissues, such as proteins. Finally, chemical KOW cannot be used to predict 

more “specific” molecular interactions such as high affinity protein binding, binding to 

membrane transporters, or enzymatically-mediated biotransformation. 

If a chemical is biotransformed, a BCF predicted by a KOW-based model (simple 

regression type or a mechanistic description) may overestimate the true extent of 

accumulation, thereby mischaracterizing that chemical’s bioaccumulation potential. If the 

rate of chemical uptake is slow (as is the case for very high KOW chemicals), even very 

slow rates of biotransformation can substantially reduce the extent of chemical 

accumulation (Arnot and Gobas 2003). Existing mechanistic models generally include a 

term that accounts for biotransformation, represented as part of the whole-body 

elimination rate constant. However, as noted above, biotransformation rates in fish 

cannot be predicted from KOW alone. Additionally, these rates may exhibit high variation 

related to differences between species, life stage, sex, diet, and acclimation temperature 

(Nichols et al. 2006; Fitzsimmons et al. 2007). This high variability and the lack of a 

simple predictive capability (KOW-based) present major limitations when performing 

bioaccumulation assessments for chemicals that undergo biotransformation. Therefore, 

it is important to develop rapid, cost-effective, and easily standardized methods to 

determine biotransformation rate constants of organic chemicals that can be employed 

as inputs to predictive bioaccumulation models. 

1.3. Methods for determining chemical biotransformation 

rates for bioaccumulation assessment 

Biotransformation refers to the structural modification of chemicals mediated by 

enzymes within an organism. Biotransformation generally decreases chemical 

accumulation and toxicity through the formation of more polar metabolites that are 

excreted more rapidly than the parent substance from which they derive (Greim and 

Snyder 2008). In some cases, however, biotransformation may create highly reactive 

products that are more toxic than the parent compound (Varanasi et al. 1986). 

Biotransformation reactions can occur in two phases: Phase I (functionalization) and 

Phase II (conjugation) reactions. Phase I reactions add or expose polar functional 

groups on the chemical that is being acted on via oxidation, reduction, or hydrolysis 

reactions (Gibson and Skett 1986). Many chemicals metabolized by phase I reactions 

are substrates for cytochrome P450 (CYP) enzymes, which tend to have relatively low 
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substrate specificity (Berg et al. 2002). In most organisms, the liver is the richest source 

of CYP enzymes followed by the kidney and gastrointestinal tract (Klaassen and Watkins 

2003). The functional groups that are introduced or revealed by phase I activity react 

with cofactors for phase II enzymes yielding even more water-soluble phase II 

metabolites. Glucuronidation, sulfation, acetylation, methylation, and conjugation with 

glutathinone and amino acids are examples of Phase II reactions (Gibson and Skett 

1986). 

1.3.1. In vivo biotransformation methods 

Biotransformation rates in fish can be measured in controlled in vivo experiments, 

involving efforts similar to those employed in BCF tests. Several authors have treated 

fish with enzyme inhibitors (e.g., piperonylbutoxide [PBO]) and compared differences in 

chemical accumulation between inhibitor-treated and untreated animals (Sijm et al. 

1990; Miyamoto et al. 1992; Sijm et al. 1993; de Maagd et al. 1998). For example, Sijm 

et al. (1993) found that that biotransformation contributed up to 98% of the total 

depuration of 2,8-dichlorodibenzo-p-dioxin (DCDD) by goldfish based on differences in 

bioconcentration of DCDD in PBO-treated and control fish. A criticism of this approach is 

that fish may be subject to additional chemical stress due to the enzyme inhibitor (Tolls 

et al. 2000). Application of this method requires prior knowledge of the dominant 

metabolic pathway(s). In addition, incomplete inhibition of these pathways may 

contribute uncertainty when deriving in vivo biotransformation rate constants. Other 

examples of characterizing in vivo biotransformation processes have involved the 

implementation of toxicokinetic models to describe the uptake, distribution, and 

depuration of chemicals in fish. These models can then be used to generate 

toxicokinetic parameters (e.g., KM and Vmax) and estimates of metabolic clearance and 

biological half-lives to provide information about the mechanisms involved in chemical 

bioaccumulation processes (Karara and Hayton 1989; Bradbury et al. 1993; Schultz and 

Hayton 1994; Schultz and Hayton 1999). 

Other groups have estimated in vivo biotransformation rates in fish by fitting 

model simulations to measured levels of accumulation or observed chemical depuration 

rates (Tolls and Sijm 1999; Van der Linde et al. 2001; Arnot and Gobas 2003; Arnot et 

al. 2008a). In these approaches, the chemical biotransformation rate constant (kMET) is 

calculated by subtracting a model-estimated depuration rate constant for a non-
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biotransformed chemical from a measured depuration rate constant for a test chemical of 

interest. For example, Tolls and Sijm (1999) measured concentrations of linear 

alkylbenzene sulfonate in fathead minnows and employed a one-compartment fish 

model to estimate an in vivo biotransformation rate constant. Arnot and Gobas (2003) 

used a simple KOW-based one-compartment model to evaluate BCF data for a group of 

polycyclic aromatic hydrocarbons (PAH), and derived a kMET value of 0.05 d-1. This kMET 

is equivalent to a half-life of approximately 14 days and was in good agreement with the 

range of empirical half-lives observed for PAHs in rainbow trout (1−25 d; Niimi and 

Dookhran 1989). 

Arnot et al. (2008a) later developed a more sophisticated mass balance model to 

estimate kMET from laboratory bioconcentration studies performed with fish. In effect, the 

model was used to solve for the kMET that “explains” the difference between a measured 

BCF or whole-body depuration rate constant and a model-derived BCF or depuration 

rate constant, estimated assuming no biotransformation. This method was then applied 

to a large database of measured laboratory BCFs and total depuration rate constants for 

fish, providing 1535 different estimates of kMET for 702 organic chemicals (Arnot et al. 

2008b). Similar mass-balance concepts have been applied to aquatic food webs. For 

example, measured concentrations of PAHs in different species of aquatic invertebrates 

and fish were used to derive a set of species-specific kMET values for the selected PAHs 

(Webster and Ellis 2012). 

Another approach used to derive chemical biotransformation rate constants is 

based on linear and nonlinear empirical regressions of whole-body depuration rate 

constants determined for recalcitrant (non-biotransformed) chemicals (de Bruijn and 

Hermens 1991; de Wolf et al. 1993; Fisk et al. 1998; Buckman et al. 2006; Konwick et al. 

2006; Lo et al. 2015b; Lo et al. 2016). This approach assumes that the loss of mass of a 

test chemical relative to that of a recalcitrant reference chemical is due to 

biotransformation. Using this method, whole-body depuration rate constants (kBT) 

measured for persistent non-biotransformed chemicals are regressed against KOW to 

generate estimated depuration rate constants (kBT,R). Test chemicals that are depurated 

from fish at faster rates and are not well predicted by the kBT,R-KOW relationship are 

assumed to be biotransformed. Subtraction of the empirically derived rate constant 

(kBT,R) from the measured whole-body depuration rate constant obtained for the test 

chemical (kBT) then yields the biotransformation rate constant (kMET; Lo et al. 2015b; Lo 
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et al. 2016). Gobas and Lo (2016) described a linear relationship between kBT,R and KOW
-

1, and used this relationship to derive in vivo biotransformation rate constants for fish 

(Figure 1.1). All of these approaches assume that KOW is the most important chemical-

specific factor controlling the non-biotransformation related depuration kinetics of neutral 

organic hydrophobic chemicals (Lo et al. 2016). 

 
Figure 1.1.  Illustrative diagram of the relationship between whole-body 

depuration rate constants (kBT,R) and the reciprocal of KOW (1/KOW) for non-

biotransformed chemicals (black dots) and biotransformed chemicals (red dots). 

The line represents a linear regression fit of the total depuration rate constants of 

the non-biotransformed chemicals. The difference between the depuration rate 

constant of the test chemicals and the regression line represents the whole-body 

biotransformation rate constant, kMET (Adapted from Gobas and Lo 2016). 

There have been numerous efforts to derive in vivo biotransformation rates of 

hydrophobic organic chemicals in several fish species. However, additional data are 

needed to evaluate the biotransformation behaviour of chemicals from different chemical 

classes and assess differences in biotransformation capacity among different fish 

species. In vivo biotransformation data are also needed to develop and evaluate 

predictive approaches. In vivo biotransformation testing is costly, labour-intensive, and 

requires a large number of animals, which is inconsistent with the replacement, 

reduction, and refinement of animal use promoted under various regulatory programs 
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(Fay et al. 2016). Therefore, there have been several efforts to develop in silico and in 

vitro methods to generate biotransformation rate constants for use in chemical 

bioaccumulation assessments. 

1.3.2. In silico biotransformation methods 

Quantitative structure-activity relationship (QSAR) models have been developed 

to predict chemical biotransformation and degradation in various environmental 

compartments to provide screening level information for persistence, exposure, hazard, 

and risk assessments. Some models include those that predict pathways and rates of 

biodegradation by microorganisms (Klopman et al. 1997; Wackett et al. 1999; Jaworska 

et al. 2002), including the Biowin models available through EPISuite (US EPA 2012). 

The Biowin models were developed using multiple regressions of selected chemical sub-

structures (molecular fragments or descriptors) and molar mass to estimate the aerobic 

and anaerobic biodegradability of organic chemicals. Similar QSAR models to estimate 

biotransformation rates in fish have also been developed using similar approaches 

(Arnot et al. 2009; Brown et al. 2012; Kuo and Di Toro 2013; Papa et al. 2014). 

The first initiative to develop a fish biotransformation QSAR model first involved 

the derivation of biotransformation rate constants from laboratory bioconcentration 

studies performed with fish using a one-compartment bioaccumulation model for a large 

set of chemicals (Arnot et al. 2008a). The derived biotransformation rate constants were 

then used to develop a multiple regression model that used 57 molecular descriptors, log 

KOW, and molar mass as predictors of kMET (Arnot et al. 2009). The QSAR model allows 

for the estimation of kMET which can then be used as an input into a one-compartment 

bioaccumulation model to predict a chemical BCF or BAF in fish. This method has been 

integrated into the US Environmental Protection Agency EPISuite program through the 

BCFBAF module for estimating BCFs (US EPA 2012). 

Since the development of the QSAR model by Arnot et al. (2009), other models 

have also been developed in an effort to improve in silico estimates of chemical 

biotransformation rate constants in fish. In one study, Brown et al. (2012) developed an 

automated computational tool known as “iterative fragment selection” which includes a 

separate group contribution QSAR for chemical property and activity predictions. A 

possible application of this model could be to evaluate how differences in chemical 
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substitution patterns could influence estimated biotransformation rate constants in fish. 

In a later study, Papa et al. (2014) included whole molecule (versus fragment) 

descriptors in an updated QSAR model and used consensus modeling approaches to 

determine the domain of applicability for the chemical of interest. This was done in an 

effort to identify chemicals not well represented by the QSAR to thereby minimize false 

negative errors and to improve estimations of kMET (Papa et al. 2014). 

In silico methods require a large set of reliable in vivo biotransformation rate data 

to parameterize the models, but there are few empirical data available compared to the 

number of chemicals under evaluation for their bioaccumulation potential (Papa et al. 

2014). Experimental kMET data are limited and, due to the complex and variable nature of 

biotransformation processes, are also highly uncertain (Brown et al. 2012). 

Nevertheless, QSAR models may be sufficient to estimate kMET from chemical structure 

for screening level assessments. Alternatively QSAR models also have potential to 

improve bioaccumulation assessments by prioritizing chemicals that may require 

additional bioaccumulation testing. It is expected that in silico methods for 

biotransformation will continue to improve as additional empirical kMET data become 

available. 

1.3.3. In vitro biotransformation methods 

Most of the research on biotransformation in fish has been conducted using in 

vitro systems. The main emphasis of this work has been to define types of reactions and 

mechanisms, and also to describe characteristics of metabolic enzymes, such as their 

tissue expression, substrate specificity and inducibility (Nichols et al. 2006). A review by 

Fitzsimmons et al. (2007) summarized in vitro kinetic data (e.g., KM and Vmax values) 

reported for 77 chemicals in 43 different fish species. Another area of in vitro 

biotransformation research involves the use of metabolic activity as a biomarker for 

toxicant exposure (van der Oost et al. 2003) because many chemicals can induce the 

enzymes responsible for their biotransformation. Other studies have been conducted to 

quantitatively relate in vitro biotransformation rates to whole-body (in vivo) 

biotransformation rates in fish. Some examples of early work include that of pyrene by 

Law et al. (1991) and trifluralin by Schultz and Hayton (1999). Nichols et al. (2006) 

reviewed in vitro-in vivo extrapolation methods of pharmaceuticals in mammals and 

proposed that this same concept could be adopted to evaluate biotransformation in fish, 
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which in turn could improve the prediction of chemical bioaccumulation potential. 

Scientists studying mammals have used vitro hepatic biotransformation rates followed by 

stepwise extrapolation approaches to predict in vivo hepatic clearance rates which in 

turn have been used to screen drug candidates, investigate unusual drug responses, 

and support chemical risk assessments (Nichols et al. 2006). 

In a traditional in vitro assay, the activity of an enzyme toward a substrate is 

usually conducted by measuring the initial rate of product formation under linear reaction 

conditions over a range of substrate concentrations. Because this evaluation is typically 

limited only a single pathway responsible for product formation, this approach may not 

adequately predict hepatic clearance if other pathways contribute substantially to parent 

chemical biotransformation (Nichols et al. 2006). Alternatively, in vitro intrinsic clearance 

rates may be estimated by monitoring the loss of the parent chemical over time 

(Iwatsubo et al. 1997; Obach 1999; Obach and Reed-Hagen 2002; Jones and Houston 

2004). In the pharmaceutical field, this substrate depletion method allows for the rapid 

screening of chemicals because metabolite identification and quantification are not 

required, nor is formal kinetic characterization of the substrate (Jones and Houston 

2004). Testing at a single concentration is typically considered to be sufficient, provided 

it satisfies the assumption of linear reaction conditions (i.e., C0 << KM; Obach and Reed-

Hagen 2002). Additionally, this measured intrinsic clearance rate reflects all pathways 

that contribute to parent chemical biotransformation, provided that all enzymes 

responsible for this activity are present in the in vitro assay system (Nichols et al. 2006). 

Since the review by Nichols et al. (2006), there have been several efforts using 

the substrate depletion approach to measure in vitro biotransformation rates in fish. 

Hepatic in vitro systems prepared from fish have included isolated perfused livers 

(Nichols et al. 2013a), liver cell lines (Stadnicka-Michalak et al. 2018), freshly isolated 

(Han et al. 2007; Han et al. 2008; Trowell et al. 2018) and cryopreserved (Fay et al. 

2014; Fay et al. 2016) hepatocyte suspensions, subcellular (e.g., S9) fractions (Cowan-

Ellsberry et al. 2008; Han et al. 2009; Connors et al. 2013; Lee et al. 2014; Laue et al. 

2014; Lo et al. 2015a; Nichols et al. 2018a), and microsomes (Han et al. 2009; Zheng et 

al. 2016). These systems vary in terms of their ease of preparation and also their 

representativeness of the in vivo level. For example, microsomes and S9 fractions are 

well-characterized, inexpensive, and robust systems to study xenobiotic 

biotransformation where inter-individual variation can be controlled through sample 
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pooling (Brandon et al. 2003). However, isolated perfused livers or liver cell lines are 

much more representative of the in vivo situation with an intact cellular structure and a 

full complement of enzyme activities. The disadvantage of these latter systems is that 

their preparation requires significant technical expertise and experiments can only be 

conducted with single fish, which in turn would greatly increase the cost of the screening 

in chemical assessment scenarios. 

For the prediction of chemical bioaccumulation potential in fish, hepatocytes and 

S9 fractions are the most commonly used in vitro systems. Using the substrate depletion 

approach, both systems were shown to yield similar estimates of hepatic clearance 

(<2.6-fold difference) for several hydrophobic organic chemicals, suggesting that either 

system may be used to inform chemical bioaccumulation assessments for fish (Nichols 

et al. 2018b). Recently, in vitro hepatic biotransformation assays developed for rainbow 

trout were shown to be both highly reliable (Nichols et al. 2018b), which led to recent 

adoption of these methods by the OECD in Test Guidelines 319A and B (OECD 2018a; 

2018b). 

1.4. In vitro-in vivo extrapolation of chemical 

biotransformation rates 

Following the measurement of in vitro biotransformation rates, extrapolation 

models may be used to quantitatively relate measured in vitro biotransformation rates to 

whole-body (in vivo) biotransformation rates in fish. A common in vitro-in vivo 

extrapolation (IVIVE) approach in fish is outlined using 5 major steps in Figure 1.2 and is 

largely based on extrapolation methods developed for pharmaceuticals in mammals 

(Nichols et al. 2006; Cowan-Ellsberry et al. 2008; Nichols et al. 2013). Briefly, the in vitro 

biotransformation rate constant for a test chemical, measured in hepatocytes or S9 

fractions, is converted to an in vitro intrinsic clearance rate in units of millions of cells or 

milligrams of protein (Figure 1.2, Step 1) which is then extrapolated to obtain a hepatic 

intrinsic clearance rate (Figure 1.2; Step 2). Subsequently, a well-stirred liver model 

(Wilkinson and Shand 1975) is used to calculate the chemical’s hepatic clearance rate 

and accounts for limitations of hepatic blood flow, intrinsic clearance, and nonspecific 

chemical binding in the in vitro system and in blood (Figure 1.2, Step 3). 
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Figure 1.2.  In vitro-in vivo extrapolation model that includes the well-stirred 

liver model (outlined in in Step 3) for estimating whole-body biotransformation 

rate constants (kMET) and bioconcentration factors (BCF) from in vitro depletion 

rate constants (kDEP) measured in hepatocyte or liver S9 incubation systems.  



14 

The predicted hepatic clearance rate can be used as a direct input to various models 

(e.g., PBTK) or can be used to obtain a whole-body biotransformation rate constant 

(kMET) when it is divided by an estimated volume of distribution (Figure 1.2, Step 4). The 

kMET may then be used as an input in a bioaccumulation model (Arnot and Gobas 2004) 

to estimate a BCF in fish (Figure 1.2, Step 5). 

In the IVIVE approach just described, the use of a liver model is an essential step in 

the scaling process to relate in vitro intrinsic clearance to the estimated clearance in 

vivo. The most established liver models are the well-stirred, parallel tube, and dispersion 

models. The well-stirred liver model assumes that the liver is a single, homogenous, 

well-stirred compartment (Wilkinson and Shand 1975). The parallel tube model 

constructs a number of identical parallel tubes representing liver sinusoids with enzymes 

distributed evenly along each tube (Pang and Rowland 1977). The dispersion model is 

analogous to models used to describe non-ideal flow in a packed-bed chemical reactor 

(Roberts and Rowland 1985). To mimic the in vivo situation the liver models all assume 

that i) the distribution into the liver is perfusion rate limited with no diffusion barriers, ii) 

only unbound drug crosses the cell membrane and occupies the enzyme site, and iii) 

there is a homogenous distribution of metabolic enzymes in the liver (Ito and Houston 

2004). For each model different assumptions are made regarding the concentration 

gradient of chemical within the liver. The well-stirred model assumes that the chemical 

concentration in the liver is equal to the outflow concentration, the parallel tube model 

assumes there is an exponential decline in concentration along the length of the 

sinusoids, and the dispersion model assumes the chemical concentration gradient 

shows axial dispersion.  

In the extrapolation of intrinsic clearance rates of pharmaceuticals, Houston and 

Carlile (1997) found that no single liver model consistently outperformed the others and 

recommended that the simplest formulation (well-stirred model) be used in IVIVE 

approaches. A later study using biotransformation data from both rat liver microsomes 

and isolated hepatocytes and found that the dispersion and parallel tube models 

provided better estimates of hepatic clearance than the well-stirred model (Ito and 

Houston 2004). However, because the differences in model performance were relatively 

small the well-stirred model was again recommended for use due to its mathematical 

simplicity. In fish, liver blood flows and and intrinsic clearance rates are expected to be 

lower in fish than in mammals (Han et al. 2007). Researchers have noted that the 
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cellular architecture of fish livers is more homogeneous than that of a typical mammalian 

liver (Eurell and Haensly 1982; Schar et al. 1985; Hampton et al. 1989; Robertson and 

Bradley 1992; Hinton and Couch 1998). Immunohistochemical studies have revealed 

that the principal biotransformation enzymes of fish are distributed throughout the liver 

parenchyma, with no apparent zonation patterns as is evident in mammalian livers 

(Lorenzana et al. 1989; Smolowitz et al. 1989; 1991). Collectively these observations 

provide indirect support for the use of a well-stirred liver model for the extrapolation of 

biotransformation rates in fish (Nichols et al. 2006). 

Other IVIVE models have been developed that do not rely on the well-stirred liver 

model (Lee et al. 2017; Lo 2018). The main assumption of these approaches is that 

hepatic blood flow is not expected to limit the clearance of hydrophobic organic 

chemicals with significant bioaccumulation potential. If biotransformation reactions are 

sufficiently fast for clearance to be limited by hepatic blood flow, then the chemical can 

be regarded as non-bioaccumulative in a screening assessment (Gobas et al. 2019). 

This approach requires fewer physiological and physiochemical parameters and does 

not require interconversion between clearance rates and rate constants in the 

extrapolation procedure (Lee et al. 2017). In the IVIVE model outlined by Krause and 

Goss (2018), an extrapolation scheme is derived based on rate constants instead of 

clearance. This procedure does include liver blood flow limitations and the authors 

recommend discrimination between non flow-limited from flow-limited scenarios when 

describing potential sources of error in the IVIVE approach (Krause and Goss 2018). 

Several research groups have shown that incorporating extrapolated in vitro 

biotransformation rates into one-compartment bioaccumulation models for fish 

substantially improves model performance. That is, predicted BCFs are much closer to 

measured values than predictions obtained assuming no biotransformation (Han et al. 

2007; Cowan-Ellsberry et al. 2008; Han et al. 2009; Laue et al. 2014). However, there 

remains a tendency for these extrapolation methods to overestimate BCFs relative to 

empirical BCF values (Han et al. 2009; Laue et al. 2014), suggesting that in vivo rates of 

biotransformation are systematically underestimated by IVIVE methods.  
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Several reasons have been hypothesized for these apparent underestimates: 

1. The initial concentrations selected for in vitro biotransformation 
assays may be saturating, which results in lower measured rate 
constants than would be expected at concentrations below KM; 

2. Extrahepatic biotransformation may greatly contribute to the whole-
body clearance of chemicals; 

3. There are few data describing the extent to which hydrophobic test 
chemicals non-specifically bind to protein and lipids in in vitro hepatic 
systems and in blood plasma; and the binding assumptions of the 
IVIVE procedure are incorrect; 

4. There are few in vivo measurements to directly test extrapolated 
estimates. 

Application of the IVIVE method using the substrate depletion approach requires 

that in vitro biotransformation rate constants be measured under nonsaturating (i.e., first-

order) conditions (Obach and Reed-Hagen 2002; Jones and Houston 2004). A starting 

concentration of 1 μM is routinely recommended in substrate depletion assays with 

pharmaceuticals (Obach 1999; Naritomi et al. 2001) and is expected to be well below the 

KM for the studied reactions (Wetmore 2015). Recent work with trout liver S9 fractions 

has shown, however, that in vitro biotransformation rate constants are highly 

concentration dependent (Lo et al. 2015a). The derivation of kinetic parameters (KM) 

from these experiments suggests that substrate concentrations commonly used in in 

vitro assays (typically ≥ 1 μM) may saturate biotransformation enzymes (Lo et al. 2015a; 

Nichols et al. 2018a). For example, Lo et al. (2015a) obtained KM values of 0.14, 0.18, 

and 0.31 μM for chrysene, benzo(a)pyrene, and pyrene, respectively. In a similar study, 

Nichols et al. (2018a) reported KM values of 0.52, 0.03, and 0.07 μM for phenanthrene, 

benzo(a)pyrene, and pyrene, respectively. These results indicate that depletion rate 

constants measured at initial substrate concentrations ranging between 1 and 10 μM 

(Han et al. 2007; Cowan-Ellsberry et al. 2008; Johanning et al. 2012) may have 

saturated biotransformation enzymes. These concentrations could underestimate in vitro 

biotransformation potential and thereby result in possible underestimates of kMET and 

overestimates of the BCF. Although the concentration dependence of in vitro 

biotransformation reactions has been described, the effect of the in vitro substrate 

concentration on corresponding BCF or kMET values predicted using IVIVE methods has 

not yet been evaluated. 
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A major source of uncertainty of IVIVE is that current approaches generally 

ignore the possibility of significant extrahepatic metabolism. If substantial 

biotransformation occurs in extrahepatic tissues, the ‘liver only’ IVIVE approach will tend 

to underestimate the actual whole-body biotransformation rate constant (Nichols et al. 

2013b). Most of the work evaluating extrahepatic biotransformation has focused on 

describing differential expression or inducibility of metabolizing enzymes in sampled 

tissues, with efforts focused on the gills (Abrahamson et al. 2007), kidney (Hegelund and 

Celander 2003), and intestines (James et al. 1997). In particular, the gills and the 

intestines represent highly relevant tissues that may greatly limit chemical bioavailability 

in water or food due to possible presystemic biotransformation (Van Veld et al. 1988; 

Barron et al. 1989). However only a few studies have measured in vitro 

biotransformation rates in extrahepatic tissues. Pharmaceuticals propranolol and 

ibuprofen were significantly biotransformed by gill S9 fractions prepared from rainbow 

trout and channel catfish (Gomez et al. 2010). Rainbow trout gill, liver, and intestinal cell 

lines were shown to biotransform benzo(a)pyrene (Stadnicka-Michalak et al. 2018). 

Microsomes and cytosols isolated from intestinal tissues of several fish species were 

shown to exhibit measurable activities toward standard substrates for phase I and phase 

II biotransformation enzymes (Appendix A, Table A1), suggesting that the intestine is an 

important site for biotransformation. Presently, however, there are no standardized 

methods for measuring in vitro intrinsic clearance in intestinal systems collected from fish 

nor are there available scaling factors to quantitatively extrapolate this activity to the 

intact tissue. 

The IVIVE approach generally assumes that only the unbound (i.e., free) fraction 

of chemical is available to biotransformation enzymes both in vitro and in vivo. The 

binding correction factor (fU; Figure 1.2, Step 3) accounts for differences in bioavailability 

to the enzymes in the hepatic in vitro system (e.g., ϕS9) to that in blood plasma (ϕP; 

Nichols et al. 2013b). Binding correction factors used to extrapolate in vitro data to the 

intact tissue can greatly impact extrapolated biotransformation rate constants (Austin et 

al. 2002; Nichols et al. 2013b; Laue et al. 2014). This is particularly true for hydrophobic 

chemicals because only a small fraction of the chemical is available to the metabolizing 

enzymes, due to the high affinities of these chemicals for lipids and proteins in the in 

vitro system and in blood plasma. The fraction unbound in trout S9 fractions has been 

measured using a number of different methods including solid-phase microextraction 
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(Nichols et al. 2013a), vial equilibration techniques (Nichols et al. 2018a), thin-film 

sorbent (i.e., ethylene vinyl acetate) phase dosing systems (Lee et al. 2014; Lo et al. 

2015a), and polydimethylsiloxane (PDMS) depletion methods (Escher et al. 2011). 

Additionally, there are also several binding algorithms to estimate the fraction unbound 

in blood plasma (Fitzsimmons et al. 2001) and in S9 incubation media (Han et al. 2009; 

Lee et al. 2017; Nichols et al. 2018a). 

Uncertainty in the determination of both ϕP and ϕS9 can greatly impact the 

extrapolation of in vitro biotransformation rates to generate modeled BCFs, and may 

explain apparent discrepancies between empirical BCFs and BCFs calculated by IVIVE 

procedures (Laue et al. 2014). Previous studies have suggested that use of the ‘full’ 

binding assumption (i.e., fU=ϕP/ϕS9) over predicted modeled BCFs relative to empirical 

values. Instead, better agreement between predicted and empirical BCFs has been 

obtained assuming that chemical bioavailability in S9 fractions and blood plasma is 

effectively the same (i.e., fU = 1.0; Escher et al. 2011; Laue et al. 2014). To illustrate this, 

ratios of predicted and measured BCFs for several hydrophobic chemicals were 

calculated from two studies (Laue et al. 2014; Nichols et al. 2018). The BCFs predicted 

using IVIVE approach were calculated under the two different binding assumptions 

(Figure 1.3). The BCFs predicted assuming fU=1.0 were generally in better agreement 

between the measured values, with ratio values ranging between 0.2 and 3.1. However, 

BCFs predicted under the full binding assumption (i.e., fU=ϕP/ϕS9) were generally much 

higher compared to the measured BCFs, with ratio values ranging between 0.5 and 35 

(Figure 1.3). A mechanistic rationale for setting fU = 1.0 still remains to be established, 

and further research is needed to better understand binding effects on chemical 

biotransformation (Laue et al. 2014). 
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Figure 1.3.  Ratios of BCFs predicted through the IVIVE approach to empirical 

BCFs with respect to log KOW (Laue et al. 2014; Nichols et al. 2018b). The black 

data points represent ratios calculated from predicted BCFs using the ‘full’ 

binding assumption (i.e., fU=ϕP/[ϕS9 or ϕHEP]) where as the grey data points 

represent ratios from BCFs predicted assuming fU=1.0. The diamonds and 

triangles represent those predicted from in vitro rate constants measured in S9 

and hepatocyte incubations, respectively. The dark horizontal line represents a 

BCF ratio of 1.0 indicating perfect agreement between predicted and empirical 

BCFs. 

Another major limitation of the IVIVE approach is that there are few empirical 

biotransformation rate constants to directly test extrapolated estimates. This lack of in 

vivo data confounds the evaluation of IVIVE model parameters as well as the assays 

used to measure in vitro biotransformation rates. Specifically, it is often difficult to 

compare in vitro and in vivo data because the data may be “poorly matched”, meaning 

that the data may have been generated for a different fish species or strain, or the data 

were generated under different experiment conditions. Intra- and interspecies 

differences in biotransformation result in some uncertainty regarding the regulatory use 

of IVIVE methods to predict BCFs in fish. Often, due to the limited availability of data, 

BCFs predicted from hepatic in vitro biotransformation rates measured in rainbow trout 

are compared to empirical BCFs from different fish species (i.e., carp, bluegill, and 
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zebrafish; Laue et al. 2014). Possible differential expression of individual 

biotransformation enzymes in different fish species (Förlin et al. 1995; González et al. 

2009) or variability between different strains of trout (Koponen et al. 1997) could result in 

substantial differences in enzyme activity. Therefore, rigorous evaluation the IVIVE 

procedure requires that in vivo biotransformation data be collected using the same strain 

and species of fish that is used for in vitro testing and represents a clear research need. 

1.5. Organic sunscreen agents 

Organic ultraviolet filters (UVFs) are used in personal care products, including 

sunscreens and cosmetics, to protect the skin from negative effects of UV exposure. In 

addition, UVFs are used in paints, plastics, and textiles to prevent UV-induced 

degradation (Tang et al. 2019). In Canada, there are currently 19 chemicals certified for 

use as sunscreen agents (Health Canada 2018). Typically, three to eight individual UVFs 

are found in sunscreen formulations and may account for up 3 to 15% of the product’s 

weight (Schreurs et al. 2002). Depending on their usage, individual UVFs can enter the 

aquatic environment via wastewater treatment plant effluents or by loss from skin during 

swimming and other recreational activities. As a result, measurable concentrations of 

UVFs have been reported in surface waters, sediments, sewage sludge, and aquatic 

biota (Nagtegaal et al. 1997; Balmer et al. 2005; Buser et al. 2006; Zenker et al. 2008; 

Fent et al. 2010; Bachelot et al. 2012; Gago-Ferrero et al. 2012; Gago-Ferrero et al. 

2013; Picot Groz et al. 2014). Additionally, some UVFs are hydrophobic (log KOW > 4), 

which has led to concern regarding their potential to bioaccumulate in aquatic organisms 

(Balmer et al. 2005). 

In this thesis, UVFs represented model neutral organic chemicals to investigate 

uncertainties associated with the IVIVE approach. Selected UVFs included 4-

methylbenzylidene camphor (4-MBC), 2-ethylhexyl-4-methoxycinnamate (EHMC), and 

octocrylene (OCT) (Figure 1.4). EHMC, OCT, and 4-MBC are three of the most widely 

used UVFs, and enter the environment primarily via their application in cosmetic 

products (Buser et al. 2006; Christen et al. 2011; Blüthgen et al. 2014). Concern 

regarding the bioaccumulation potential of these UVFs exists because of their 

hydrophobicity (log KOW > 4; Figure 1.4), but the existing evidence of UVF 

bioaccumulation potential is scarce and/or variable between laboratory and field studies. 

EHMC and OCT have been detected in piscivorous birds (Fent et al. 2010) and marine 
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mammals (Gago-Ferrero et al. 2013; Alonso et al. 2015). Field-derived biomagnification 

factors (BMF) for EHMC, obtained by comparing measured concentrations in freshwater 

fish and their invertebrate prey, ranged from 0.6 to 1.5 kg lipid kg lipid-1 (Fent et al. 

2010). A BMF of 1.1 kg lipid kg lipid-1 was reported for OCT, based on the ratio of 

measured concentrations in two species of field-collected marine fish and a smaller prey 

fish species (Peng et al. 2017). In contrast, Pawlowski et al. (2019) reported a 

laboratory-derived BMF of 0.034 kg lipid kg lipid-1 for OCT (Pawlowski et al. 2019). 

 
Figure 1.4.  Structures, names, abbreviations, chemical abstract service (CAS) 

registry numbers, and logarithmic octanol-water partition coefficient (log KOW) of 

4-methylbenzylidene (4-MBC), 2-ethylhexyl-4-methoxycinnamate (EHMC), and 

octocrylene (OCT). 

Although several field studies have reported concentrations of 4-MBC, EHMC, 

and OCT in fish and other higher trophic level organisms, empirical bioconcentration 

factors (BCF) (US National Library of Medicine 2006; Blüthgen et al. 2014; Sigma-

Aldrich 2014; Li et al. 2016), bioaccumulation factors (BAF) (Fent et al. 2010), and biota-

sediment accumulation factors (BSAF) (Gago-Ferrero et al. 2015; Tang et al. 2019) of 4-

MBC, EHMC, and OCT in several fish species generally fall well below established 

bioaccumulation criteria (e.g., BCF < 5000 L kg-1). QSAR-estimated BCFs predicted 

through EPISuite also fall below BCF criteria, suggesting that fish may biotransform 4-

MBC, EHMC, and OCT at rates high enough to reduce bioconcentration below existing 

regulatory criteria (Table 1.2). Collectively these findings suggest that some fish species 

have the capacity to biotransform these UVFs. Currently no studies have been done to 

measure or estimate UVF biotransformation rates in fish, although toxicokinetic studies 

performed in mammals show that 4-MBC, EHMC, and OCT are extensively 

biotransformed (Völkel et al. 2006; Fennell et al. 2018; Bury et al. 2019). 
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Table 1.2.  Bioaccumulation metrics reported for 4-MBC, EHMC, and OCT. 

Metric 4-MBC EHMC OCT Bioaccumulation 
Criteria 

Regulatory 
Program 

log KOW 4.95a 5.80a 6.88a ≥ 4.50 REACH 
Empirical BCF 251–1995b 175–433c 41–972d,e,f ≥ 2000; B 

≥ 5000; very B 
REACH 

QSAR-est. BCF 2544g 588g 203g   
BAF  301–5200h,i 12–970h,j 16–125h ≥ 5000 CEPA 

BMF  0.85k 0.6–1.5j 0.034–1.1f,k ≥ 1.0 NL 

BSAF  N/A 0.04–0.3l 0.04–0.3l ≥ 1.0 NL 
aGago-Ferrero et al. 2012; bLi et al. 2016. cUS National Library of Medicine 2006; dBlüthgen et al. 2014; eSigma-Aldrich 
2014; fPawlowski et al. 2019;  gUS Environmental Protection Agency 2012; hTang et al. 2019; iNagtegaal et al. 1997;� 
jFent et al. 2010; kPeng et al. 2017; lGago-Ferrero et al. 2015 
Log KOW = Logarithmic octanol water partition coefficient; BCF = Bioconcentration Factor (L kg-1); B = Bioaccumulative; 
QSAR-est. = BCF estimated using a quantitative structure activity relationship model (L kg-1); BAF = Bioaccumulation 
Factor (L kg-1); BMF = Biomagnification Factor (kg lipid kg lipid-1); BSAF = Biota-Sediment Accumulation Factor (kg 
organic carbon kg lipid-1); CEPA = Canadian Environmental Protection Act; REACH = Registration, Evaluation and 
Authorization of Chemicals; N/A = not available; NL = indicates that the B endpoint is not listed under a regulatory 
program 

Toxicokinetic studies characterizing 4-MBC in rats showed that 4-MBC is rapidly 

biotransformed as only minimal concentrations of 4-MBC were present in blood following 

oral administration (Völkel et al. 2006). Biotransformation of 4-MBC was initiated by 

CYP-mediated oxidation reactions likely by hydroxylation of the aromatic methyl group to 

form 3-(4-carboxybenzylidene)-6-hydroxycamphor. The same study showed that this 

same intermediate was the major metabolite formed when 4-MBC was incubated with rat 

or human liver microsomes (Völkel et al. 2006). Another study showed that EHMC is 

rapidly cleared from rats following oral and intravenous administration. Analysis of rat 

urine showed the presence of metabolites methoxycinnamate and 2-ethylhexanol 

indicating that the entire biotransformation pathway of EHMC proceeded through the 

initial hydrolysis of the ester bond (Fennel et al. 2018). In vitro assays conducted in the 

same study showed that EHMC is rapidly biotransformed in rat and mouse hepatocytes 

(CLINT, IN VITRO = 21−27 mL h-1 106 cells-1) and less rapidly in human hepatocytes (CLINT, IN 

VITRO = 1.2−3.3 mL h-1 106 cells-1; Fennell et al. 2018). Bury et al. (2019) investigated the 

biotransformation and elimination of OCT biotransformation following oral administration 

in humans. Biotransformation of OCT occurred via ester hydrolysis to form the major 

metabolite 2-cyano-3,3-diphenylacrylic acid. Oxidation of the ethylhexyl side chain 
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formed minor metabolite products 2-ethyl-5-hydroxyhexyl 2-cyano-3,3-diphenyl acrylate 

and 2-(carboxymethyl)butyl 2-cyano-3,3-diphenylacrylate (Bury et al. 2019) which were 

also reported as metabolites of coral (Pocillopora damicornis; Stein et al. 2018). Given 

that fish biotransform chemicals using enzymatic pathways similar to those in mammals 

(Schlenk et al. 2008), it is likely that fish also have the capacity to biotransform 4-MBC, 

EHMC, and OCT. 

1.6. Research objectives 

Although the inclusion of extrapolated in vitro biotransformation rate constants in 

one-compartment models for fish substantially improves modeled BCF predictions (Han 

et al. 2007; Cowan-Ellsberry et al. 2008; Han et al. 2009; Laue et al. 2014), there still 

remains a tendency for IVIVE methods to overestimate BCFs relative to empirical BCF 

values (Han et al. 2009; Laue et al. 2014). This suggests that in vivo rates of 

biotransformation are systematically underestimated by IVIVE methods which presents a 

major limitation of the IVIVE approach for bioaccumulation assessment. Therefore the 

main objective of this thesis was to investigate possible reasons for apparent BCF 

overestimates. Three studies were undertaken with the common goal of improving IVIVE 

of biotransformation rates for bioaccumulation assessment in fish. The UVFs 4-MBC, 

EHMC, and OCT represented model neutral organic chemicals in this investigation to 

test the IVIVE approach, while providing additional bioaccumulation and 

biotransformation data to support their bioaccumulation assessment in rainbow trout. 

The first objective was to evaluate the concentration dependence of in vitro 

biotransformation rate constants of 4-MBC, EHMC, and OCT by trout liver S9 fractions 

(Chapter 2). Recent work with trout liver S9 fractions has shown that substrate 

concentrations commonly used in earlier studies (typically ≥ 1 μM) may saturate 

biotransformation enzymes (Lo et al. 2015a; Nichols et al. 2018a). Enzyme saturation 

would result in underestimation of chemical in vitro biotransformation rate constants and 

in turn may result in BCF overestimates. To investigate this, in vitro depletion rate 

constants were measured at multiple initial substrate concentrations and fitted by a 

nonlinear Michaelis-Menten kinetic model to determine kinetic parameters (i.e., Vmax and 

KM) for each UVF. In vitro rate constants were then extrapolated to apparent whole-body 

biotransformation rate constants and BCFs using an IVIVE model. Modeled BCFs were 

compared to empirical BCFs to determine if accounting for concentration dependence 
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improved BCF estimates. Various in vitro binding algorithms were also employed in the 

IVIVE model to evaluate which binding assumptions provide better estimates of modeled 

bioconcentration. 

The second objective of this thesis was to measure the in vivo biotransformation 

rate constants of EHMC and OCT by rainbow trout (Chapter 3). A modified OECD 305 

dietary bioaccumulation test incorporating non-biotransformed reference chemicals (Lo 

et al. 2015b) was used to measure uptake and elimination of both UVF chemicals at 

three dosing levels. Three dosing levels were selected to evaluate potential 

concentration dependence of EHMC and OCT uptake and elimination. Measured BMFs 

and whole-body depuration rate constants were obtained directly from the resulting 

datasets. A model-based approach was then employed to estimate BCFs (Gobas and Lo 

2016) as well as rates of transformation in the lumen of the gastrointestinal tract (Lo et 

al. 2015b). This study provided well-matched in vivo biotransformation data to directly 

compare IVIVE-estimated biotransformation rate constants measured here for rainbow 

trout held under identical experimental conditions. 

The third thesis objective was to develop an expanded IVIVE model to 

extrapolate in vitro depletion rate constants measured in hepatic and intestinal S9 

fractions (Chapter 4). The contribution of extrahepatic (i.e., intestinal) biotransformation 

represents a major uncertainty in the extrapolation of in vitro biotransformation data. If 

substantial biotransformation occurs in intestinal tissues, the ‘liver only’ IVIVE approach 

will tend to underestimate the actual whole-body biotransformation rate constant (Nichols 

et al. 2013b). In this study, hepatic and intestinal S9 fractions were isolated from rainbow 

trout and basal-level metabolic activities toward standard substrates for phase I and II 

biotransformation enzymes were compared between the two tissues. In vitro depletion 

rate constants of hydrophobic test chemicals were then measured in liver and intestinal 

S9 fractions. Depletion rate constants of EHMC and OCT were generated in addition to 

two PAHs pyrene and benzo(a)pyrene. Pyrene and benzo(a)pyrene are well-studied 

environmental contaminants and their biotransformation pathways in fish are well known 

(Varanasi et al. 1989). An existing IVIVE model (Nichols et al. 2013b) was then 

expanded to consider biotransformation in both the intestines and the liver. To support 

this effort appropriate scaling factors were developed to extrapolate measured activities 

in intestinal subcellular fractions to the intact tissue. The expanded IVIVE model was 

evaluated by comparing predicted whole-body biotransformation rate constants to rate 
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constants predicted using the existing ‘liver only’ IVIVE model. Additional comparisons 

were then made to empirical rate constants generated in in vivo studies with trout. 

Previous efforts in testing the IVIVE approach involved the comparison of IVIVE-

estimated and empirical BCFs (Han et al. 2009; Laue et al. 2014; Nichols et al. 2018b). 

In this study, the IVIVE approach is tested by directly comparing extrapolated and 

empirical biotransformation rate constants. This approach avoids the potential influence 

of confounding factors associated chemical uptake from water and elimination of 

chemicals by depuration routes other than biotransformation. Importantly, for EHMC and 

OCT both the in vitro (Chapters 2 and 4) and in vivo (Chapter 3) biotransformation rate 

constants were collected using the same strain and culture of rainbow trout providing a 

well-matched dataset to evaluate the IVIVE models presented here. The extrapolation 

approach presented here may be applied to other neutral organic chemicals within the 

chemical space. 
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2.1. Summary 

In vitro biotransformation studies were performed to support the bioaccumulation 

assessment of 3 hydrophobic organic ultraviolet filters (UVFs), 4-methylbenzylidene 

camphor (4-MBC), 2-ethylhexyl-4-methoxycinnamate (EHMC), and octocrylene (OCT). 

In vitro depletion rate constants (kdep) were determined for each UVF using rainbow trout 

liver S9 fractions. Incubations performed with and without added cofactors showed 

complete (4-MBC) or partial (EHMC and OCT) dependence of kdep on addition of the 

reduced form of nicotinamide adenine dinucleotide phosphate (NADPH), suggesting that 

hydrolysis of EHMC and OCT by NADPH-independent enzymes (e.g., 

carboxylesterases) is an important metabolic route. The concentration dependence of 

kdep was then evaluated to estimate Michaelis–Menten parameters (KM and Vmax) for 

each UVF. Measured kdep values were then extrapolated to apparent whole-body 

biotransformation rate constants using an in vitro–in vivo extrapolation (IVIVE) model. 

Bioconcentration factors (BCFs) calculated from kdep values measured at concentrations 

well below KM were closer to empirical BCFs than those calculated from kdep measured 

at higher test concentrations. Modeled BCFs were sensitive to in vitro binding 
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assumptions employed in the IVIVE model, highlighting the need for further 

characterization of chemical binding effects on hepatic clearance. The results suggest 

that the tested UVFs are unlikely to accumulate to levels exceeding the European Union 

Registration, Evaluation, Authorisation, and Restriction (REACH) regulation criterion for 

bioaccumulative substances (BCF > 2000 L kg-1). However, consideration of appropriate 

in vitro test concentrations and binding correction factors are important when IVIVE 

methods are used to refine modeled BCFs. 

2.2. Introduction 

The potential for bioaccumulation in fish and other aquatic species is a critical 

component in the assessment of commercial chemicals for their risk to the environment 

and human health. International and national regulations specify criteria for categorizing 

bioaccumulation behavior based on a chemical’s bioconcentration factor (BCF), 

bioaccumulation factor (BAF), and/or octanol–water partition coefficient (KOW; Gobas et 

al. 2009). For most chemicals, a measured BCF or BAF is unavailable, so computational 

models are often used to estimate a BCF for fish based on a chemical’s measured or 

estimated KOW (Arnot and Gobas 2006). However, if a chemical is biotransformed, a 

BCF calculated solely from KOW may overestimate the true extent of accumulation, 

thereby mischaracterizing that chemical’s bioaccumulation potential (Weisbrod et al. 

2009; Nichols et al. 2009). This makes biotransformation in fish a key parameter in the 

bioaccumulation assessment of commercial chemicals. 

Biotransformation rates in fish can be measured in controlled in vivo experiments 

(Sijm and Opperhuizen 1989; Sijm et al. 1990; Arnot et al. 2008; Lo et al. 2015b, 2016), 

but these approaches are costly and labor-intensive, involving efforts similar to those in 

BCF tests. In addition, such experiments require a large number of animals, which is 

inconsistent with the replacement, reduction, and refinement of animal use promoted 

under various regulatory programs, such as the European Union Registration, 

Evaluation, Authorisation, and Restriction of Chemicals regulation (REACH; Laue et al. 

2014). Alternatives to animal testing are needed to provide screening-level information 

that may be used to refine modeled bioaccumulation calculations (Fay et al. 2016). One 

approach is to use quantitative structure–activity relationship (QSAR) models to estimate 

biotransformation rates (Arnot et al. 2009; Brown et al. 2012; US Environmental 

Protection Agency 2012; Kuo and Di Toro 2013; Papa et al. 2014). The development 
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and testing of these QSAR models depends, however, on the availability of empirical 

data (typically measured BCFs). 

Another alternative to in vivo testing is in vitro–in vivo extrapolation (IVIVE) of 

measured in vitro intrinsic clearance, whereby chemical biotransformation is measured 

using an in vitro system derived from liver tissue (hepatocytes or subcellular liver 

preparations; Han et al. 2007, 2009; Cowan-Ellsberry et al. 2008; Mingoia et al. 2010; 

Connors et al. 2013; Lee et al. 2014; Laue et al. 2014; Lo et al. 2015a; Nichols et al. 

2018a). This information is scaled to the intact liver to estimate in vivo hepatic clearance, 

which is then extrapolated to a whole-body biotransformation rate constant (Han et al. 

2007, 2009; Cowan-Ellsberry et al. 2008; Laue et al. 2014; Trowell et al. 2018). In vitro 

biotransformation assays developed for rainbow trout have been shown to be highly 

reliable (Nichols et al. 2018b), leading to recent adoption of these methods by the 

Organisation for Economic Co-operation and Development in test guidelines 319A and 

319B (OCED 2018a; 2018b). Results to date show that BCFs calculated by incorporating 

measured in vitro biotransformation rates into established BCF models are much closer 

to measured values than BCFs generated assuming no biotransformation (Han et al. 

2007, 2009; Cowan-Ellsberry et al. 2008; Laue et al. 2014). Nevertheless, there is a 

consistent tendency for these extrapolation methods to overestimate BCFs relative to 

empirical BCF values (Han et al. 2009; Laue et al. 2014). This suggests that in vivo rates 

of biotransformation are systematically underestimated by IVIVE methods. 

The IVIVE approach just described assumes that chemical biotransformation 

occurs predominantly in the liver. When this information is included in a BCF model, 

other loss processes such as gill elimination, fecal egestion, and growth dilution are also 

taken into account. However extrahepatic biotransformation is generally ignored, as are 

other potential elimination pathways such as secretion of parent chemical to bile and 

urine. The IVIVE approach also ignores the possibility that enzyme induction occurs 

during standardized in vivo exposures. With respect to the extrapolation procedure itself, 

it is assumed that the chemical concentration in vivo at the site of biotransformation is 

well below concentrations corresponding to saturating levels (i.e., C0 << KM, where KM is 

the Michaelis-Menten affinity constant). Application of the method requires, therefore, 

that in vitro measurements be made under nonsaturating (i.e., first-order) conditions. 

Recent work with trout liver S9 fractions has shown, however, that substrate 

concentrations commonly used in earlier studies (typically ≤ 1 μM) may saturate 
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biotransformation enzymes (Lo et al. 2015a; Nichols et al. 2018a). Another source of 

uncertainty in IVIVE methods is the effect of chemical binding on calculated hepatic 

clearance rates. Binding correction factors used to extrapolate in vitro data to the intact 

tissue can have large impacts on estimated biotransformation rates (Nichols et al. 

2013b; Laue et al. 2014). Errors with respect to the specification of these factors and/or 

violations of the assumptions they represent may explain apparent discrepancies 

between empirical BCFs and BCFs calculated by IVIVE procedures (Nichols et al. 

2013a; Laue et al. 2014). 

The primary objective of the present study was to investigate the in vitro 

biotransformation of 3 organic ultraviolet filters (UVFs) in rainbow trout: 4-

methylbenzylidene camphor (4-MBC), 2-ethylhexyl-4-methoxycinnamate (EHMC), and 

octocrylene (OCT; Figure 2.1). Measurable concentrations of these UVFs have been 

reported in surface waters, sediments, sewage sludge, and aquatic biota (Nagtegaal et 

al. 1997; Balmer et al. 2005; Fent et al. 2010; Buser et al. 2006; Zenker et al. 2008; 

Bachelot et al. 2012; Gago-Ferrero et al. 2012; Gago-Ferrero et al. 2013; Picot Groz et 

al. 2014). Concern regarding the bioaccumulation potential of UVFs exists because of 

their hydrophobicity (log KOW > 4). However, measured BCFs (US National Library of 

Medicine 2006; Blüthgen et al. 2014; Sigma-Aldrich 2014; Li et al. 2016), BAFs (Fent et 

al. 2010; Tang et al. 2019), and biota–sediment accumulation factors (Gago-Ferrero et 

al. 2015) of 4-MBC, EHMC, and OCT in several fish species fall well below established 

bioaccumulation criteria (Table 2.1), suggesting that fish have the capacity to 

biotransform these chemicals. Ester groups present on EHMC and OCT may provide a 

target for esterases and/or cytochrome P450 (CYP) enzymes. Rodents can biotransform 

4-MBC and EHMC (Völkel et al. 2006; Fennell et al. 2017), but to our knowledge there is 

no information available on UVF biotransformation in fish. 

In vitro depletion rate constants (kdep) were measured for each UVF using trout 

liver S9 fractions. The S9 fraction is a “complete” metabolizing system insofar as it 

contains the full complement of microsomal and cytosolic enzymes. Initial experiments 

were performed in the presence and absence of phase I and phase II cofactors as a 

means of exploring potential reaction pathways involved in UVF biotransformation. 

Additional studies were then conducted to evaluate the in vitro concentration 

dependence of biotransformation, and to estimate Michaelis–Menten parameters (KM 

and Vmax) for each reaction. Finally, a model-based approach was used to evaluate the 
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effects of the initial substrate (UVF) concentration as well as different in vitro and in vivo 

binding assumptions on BCFs calculated using IVIVE methods. 

 
Figure 2.1.  Structures, names, abbreviations, and chemical abstract service 

(CAS) registry numbers of 4-methylbenzylidene (4-MBC), 2-ethylhexyl-4-

methoxycinnamate (EHMC), and octocrylene (OCT). 

 

Table 2.1.  Bioaccumulation (B) metrics reported for 4-MBC, EHMC, and OCT. 

B metric 4-MBC EHMC OCT B criteria Regulatory 
Program 

log KOW 4.95a 5.80a 6.88a ≥ 4.50 REACH 
BCF 251–1995b 175–433c 41–915d,e ≥ 2000, bioaccumulative 

≥ 5000, very bioaccumulative 
REACH 

BAF  301–5200f,g 12–970f,h 16–125f ≥ 5000 CEPA 

BMF  N/A 0.6–1.5h N/A ≥ 1.0 NL 

BSAF  N/A 0.04–0.3i 0.04–0.3i ≥ 1.0 NL 
aGago-Ferrero et al. 2012; bLi et al. 2016; cUS National Library of Medicine. 2006; dBlüthgen et al. 2014; eSigma-
Aldrich. 2014; fTang et al. 2019; gNagtegaal et al. 1997; hFent et al. 2010; iGago-Ferrero et al. 2015 
Log KOW = Logarithmic octanol water partition coefficient; BCF = Bioconcentration Factor (L kg-1); BAF = 
Bioaccumulation Factor (L kg-1); BMF = Biomagnification Factor (kg lipid kg lipid-1); BSAF = Biota-Sediment 
Accumulation Factor (kg-organic carbon kg lipid-1); CEPA = Canadian Environmental Protection Act; REACH = 
Registration, Evaluation and Authorization of Chemicals; N/A = not available; NL = indicates that the B endpoint is not 
listed under a regulatory program 

2.3. Materials and Methods 

2.3.1. Chemicals 

Acetonitrile and hexane were obtained from Caledon Laboratories. Tricaine 

methanesulfonate (MS 222) was obtained from Syndel. All other chemicals, reagents, 
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and cofactors were obtained from Sigma-Aldrich and were reagent grade or higher in 

quality and at purities > 97%. 

2.3.2. Liver S9 preparation and characterization 

Rainbow trout (Oncorhynchus mykiss) were obtained from Miracle Springs 

Hatchery (Mission, BC, Canada) and the US Geological Survey Upper Midwest 

Environmental Sciences Center (La Crosse, WI, USA). Fish were held in flow-through 

tanks and were acclimatized at either 11 or 13 °C for at least 2 weeks before use. 

Details on study animals and holding conditions are described in Appendix B, Table B1. 

Fish were euthanized by a 5-min exposure to 0.3 g L-1 MS 222 buffered with 0.3 

g L-1 NaHCO3. Two pools (A and B) of liver S9 fractions were prepared using procedures 

given by Johanning et al. (2012). Homogenization buffers and centrifugation conditions 

are summarized in Appendix B, Table B1. Aliquots (0.5 mL) of both S9 pools were 

collected, flash-frozen in liquid nitrogen, and stored at –80 °C until use. The protein 

concentration of pool A was determined by the Bradford (1976) assay, and that of pool B 

was measured by Peterson’s modification of the Lowry method (Sigma-Aldrich 2003) 

using bovine serum albumin (fraction V) as the standard. Previous investigations have 

shown that these 2 techniques produce very similar estimates of protein content (van 

den Heuvel et al. 1995). Total lipids were determined in the S9 pools using the Bligh and 

Dyer (1959) method. 

Substrate depletion experiments with pyrene, a well-known substrate for CYP1A, 

were performed to assess the activity of liver S9 fractions. In vitro intrinsic clearance 

rates of pyrene averaged 0.33 ± 0.06 (standard error) mL h-1 mg-1 S9 protein at 0.78 μM 

pyrene and 0.46 ± 0.1 mL h-1 mg-1 S9 protein at 0.50 μM pyrene for pools A and B, 

respectively. Both values are in good agreement with previously determined intrinsic 

clearance rates for pyrene measured using trout liver S9 fractions (0.36 ± 0.12 mL h-1 

mg-1 S9 protein at 1.0 μM pyrene; Lo et al. 2015a). 

2.3.3. Effect of cofactors on biotransformation of UVFs 

Substrate depletion experiments with 4-MBC, EHMC, and OCT were performed 

in 4 different incubation mixtures: 1) inactivated (heat-treated) S9; 2) active S9 
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incubation with no added cofactors; 3) active S9 incubation containing 2.0 mM β-

nicotinamide adenine dinucleotide phosphate, reduced form (NADPH); and 4) active S9 

incubation containing 2.0mM β-NADPH, 2.0 mM reduced glutathione (GSH), 0.1 mM 3’-

phosphoadenosine-5’-phosphosulfate (PAPS), and 5.0 mM uridine 5’-

diphosphoglucuronic acid (UDPGA). Incubations performed without added cofactors 

(test 2) were designed to test for biotransformation by cofactor-independent enzymes 

such as carboxylesterases, whereas those performed in the presence of β-NADPH (test 

3) and β-NADPH plus phase II cofactors (test 4) were included to evaluate the 

contribution of CYP and phase II reaction pathways, respectively. Three independent 

incubations, using a multi-tube approach (Johanning et al. 2012), were conducted. Each 

experiment included one replicate of each incubation mixture (tests 1–4) to determine a 

mean in vitro depletion rate constant (n=3) for each UVF for the tested set of conditions. 

For these and all subsequent studies, experiments with 4-MBC and EHMC were 

performed using S9 pool A, and those involving OCT were conducted using S9 pool B. 

Stock solutions of 4-MBC, EHMC, and OCT were prepared in acetonitrile with the 

goal of achieving a nominal concentration of 0.5 μM in the incubation medium. 

Experiments were initiated by spiking with 2.4 mL (4-MBC and EHMC) or 5 mL (OCT) of 

stock solution into an incubation mixture containing S9 protein in 0.2M pH 7.8 potassium 

phosphate buffer. Incubations containing 4-MBC and EHMC were performed at 13 °C 

using 4.3 mg mL-1 S9 protein (pool A) and a final incubation volume of 0.5 mL. 

Incubations with OCT were performed at 11 °C using 1 mg mL-1 S9 protein (pool B) at a 

final incubation volume of 1 mL. The volume of acetonitrile in the incubation mixture was 

always <0.5% (v/v). Incubations were performed in a dark fumehood and terminated at 

regular time intervals (0–90 min) by adding 200 mL ice-cold acetonitrile. Internal 

standard (d12-chrysene; 5mL of 0.5 μM) was added to each vial and mixed using a 

vortex mixer for 10 s. Then 1.0 mL of n-hexane was added to the vial, and the vials were 

shaken on a vortex mixer for 5 min to extract each UVF and internal standard. Following 

extraction, the vials were centrifuged at 2000 g for 10 min. The hexane supernatant was 

transferred to a clean 2-mL amber glass vial (Agilent) for gas chromatography–mass 

spectrometry (GC–MS) analysis. 
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First-order depletion rate constants (kdep; min-1) for each UVF were determined as 

the slope of the relationship between the natural logarithm (Ln) of measured 

concentrations and incubation time (t): 

"#$% = "#$' − )*+, 	× 	/     (2.1)  

where C0 and Ct are the concentrations of UVF in the incubation media (μM) at time 0 

and time t (min). 

Mean kdep values derived for each UVF using the 4 different incubation mixtures 

were evaluated by analysis of variance and Tukey’s honestly significant difference test. If 

significant UVF depletion was observed in active S9 fractions without added cofactors, 

subsequent incubations were performed to evaluate the in vitro concentration 

dependence of these reactions with and without cofactors. If the inclusion of the phase II 

cofactors had no impact on the rate of UVF depletion, then phase II cofactors were 

omitted from future incubations with added NADPH. All statistical analyses were 

performed in JMP 10 (SAS Institute). A p value < 0.05 was considered statistically 

significant. 

2.3.4. Effect of concentration on biotransformation of UVFs 

Triplicate incubations were performed for 4-MBC, EHMC, and OCT at 7 or 8 

initial concentrations ranging from 0.05 to 12.5 μM. All initial concentrations were well 

below the estimated solubility of each UVF in the incubation media (Appendix B, Table 

B2). Independent heat-treated controls were run simultaneously at each concentration. 

Preliminary experiments were performed to develop sampling protocols for each tested 

concentration, resulting in sampling schedules that differed somewhat across chemicals 

and tests. 

Depletion rate constants determined for replicate incubations were averaged to 

calculate a mean kdep for each initial substrate (UVF) concentration (C0). These mean 

values were then fitted by weighted nonlinear regression to a rewritten form of the 

Michaelis–Menten equation (Obach and Reed-Hagen 2002; Nath and Atkins 2006): 

)*+, = )012,4à'	 	× 	51 −
78

78	9	:;
<    (2.2) 
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where (kdep,Cà0) (min-1) is the in vitro depletion rate constant at an infinitesimally low 

substrate concentration and KM is the Michaelis-Menten affinity constant (μM) for the 

reaction. The fitted equation for each UVF was used to obtain estimates of kdep,Cà0 and 

KM (JMP 10). The in vitro intrinsic clearance rate (CLin vitro,int; mL h-1 mg protein-1), which 

represents enzyme activity under first-order conditions, was estimated by dividing 

kdep,Cà0 by the measured protein concentration in the incubation media. The maximum 

reaction velocity (Vmax; pmol min-1 mg protein-1) was then obtained as the product of CLin 

vitro,int and KM (Nath and Atkins 2006). For chemicals metabolized by multiple enzymes 

present in liver S9 fractions, the derived parameters reflect the net result of all 

biotransformation pathways operating on the chemical of interest. These parameters are 

useful to inform IVIVE models for parent chemical bioaccumulation assessments. 

2.3.5. GC-MS analysis 

Analysis of each UVF and d12-chrysene was performed using an Agilent 6890 

gas chromatograph coupled to an Agilent 5973 mass spectrometer and an Agilent 7683 

auto sampler. The GC was fitted with a cool-on-column capillary inlet, and the injection 

volume was 1 mL. Chemicals were separated on an Agilent HP-5ms 5% phenyl 

methylpolysiloxane-coated column (30 m 0.25 mm i.d., 0.25-mm film thickness) 

connected to a fused-silica deactivated guard column (5 m 0.53 mm i.d.). The oven was 

held at an initial temperature of 45 °C for 2 min, and then increased at 25 °C min-1 to 200 

°C (0.5 min), followed by an increase at 13 °C min-1 to a final temperature of 280 °C (5 

min). Helium was used as carrier gas at a constant flow rate of 1.0 mL min-1. Conditions 

for MS measurements were: electron impact ionization at 70eV; ion source temperature 

at 230 °C; selected ions at m/z 254 (4-MBC), 178, 290 (EHMC), 249, 232 (OCT), and 

240 (d12-chrysene). Agilent MSD ChemStation software (G1701CA) was used for 

instrument control and data processing. The calibration curves exhibited strong linearity 

(R2 ≥ 0.99) with constant relative response factors obtained over the range of UVF 

concentrations. 

2.3.6. IVIVE and bioconcentration factors 

The kdep values measured at each initial UVF concentration were extrapolated to 

a set of in vitro biotransformation rate constants (kMET; d-1) using an IVIVE model 

(Nichols et al. 2013b). Estimated kMET values were then used as inputs to a one-
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compartment bioaccumulation model to derive steady-state BCFs (Arnot and Gobas 

2004). The IVIVE model (Nichols et al. 2006, 2013b) has been outlined previously 

(Cowan-Ellsberry et al. 2008; Han et al. 2009; Laue et al. 2014). Briefly, kdep was divided 

by the S9 protein concentration to calculate an apparent in vitro intrinsic clearance rate 

(CL in vitro,int,app; mL min-1 mg protein-1). In the present study the term “apparent” is used 

because many of the calculated values represent rates measured under non-first–order 

conditions. Additional scaling factors were used to extrapolate CLin vitro,int,app to an 

estimate of in vivo intrinsic clearance (CLin vivo,int; L d-1 kg fish-1), which was then 

employed as an input to a well-stirred liver model (Wilkinson and Shand 1975) to 

calculate hepatic clearance (CLH; L d-1 kg fish-1): 

$"= =
>?	×	@A	×	7BCD	ECEF,CDG	
(>?	9	@A	×	7BCD	ECEF,CDG)

     (2.3)	

The well-stirred liver model accounts for possible rate limitations imposed by liver blood 

flow (QH; L d-1 kg fish-1) on the hepatic clearance rate. This model also includes a 

parameter, fU, that corrects for potential binding effects on clearance. The value of fU is 

calculated as the ratio of the unbound (or free) chemical fractions in blood plasma (ϕP; 

unitless) and the S9 incubation medium (ϕS9; unitless): 

JK =
LM
LNO

       (2.4) 

The ϕP was calculated as:  

ϕQ 	= 	RSTU	/WXY	      (2.5) 

where vWBL is the fractional water content of blood (0.84) and PBW is the equilibrium 

blood-water partition coefficient, calculated according to Fitzsimmons et al. 2001: 

WTS = 	 ((10'.\]	^_`	a_b 	× 	0.16) 	+ 	0.84)   (2.6) 

It was shown previously that Equation 2.6 provides reasonable estimates of ϕP when 

compared to blood-binding data for chemicals covering a range in log KOW from 1 to 8 

(Nichols et al. 2013b). 
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The ϕS9 was estimated using algorithms given by Han et al. 2009, Nichols et al. 

2018a, and Lee et al. 2017. The empirical relationship given by Han et al. 2009 was 

originally developed using binding data for rat liver microsomes, but has been 

incorporated in current IVIVE approaches (Nichols et al. 2013b) to describe the unbound 

chemical fraction in trout liver S9 as a function of chemical log KOW and S9 protein 

content (CS9; mg mL-1): 

ϕgh;	=jk = 1	/	($gh 	× 	10'.lhm	nop	:oqrs.tuv + 1.0)  (2.7) 

More recently Nichols et al. 2018a measured unbound chemical fractions for 3 

polycyclic aromatic hydrocarbons (PAH) in rainbow trout S9 using a vial equilibration 

method, and derived a general equation to estimate chemical binding: 

 ϕgh;	wxyzon{ = 1	/	($gh 	× 	10t.]]	nop:oqrm.l + 1.0)  (2.8) 

The tissue-composition based algorithm given by Lee et al. 2017 estimates ϕS9 

based on fractional amounts of lipid and non-lipid organic matter (protein) in the 

incubation medium:  

 ϕgh;	B++ = |Y,gh	/	(|B,gh}~Y + |�,ghÄ}~Y + |Y,gh	) (2.9) 

where FW,S9, FL,S9, and FP,S9 are the fractions of water, lipid, and protein (v/v; unitless), 

respectively. The proportionality constant (θ) reflects the sorptive capacity of protein 

relative to that of octanol and was assumed to be 0.05 (deBruyn and Gobas 2007). 

Measured values of FL,S9 and FP,S9 determined in the present study are provided in 

Appendix B, Table B2. 

Unbound fractions determined using Equations 2.7 to 2.9 were employed as 

inputs to the well-stirred liver model to evaluate the effects of estimated S9 binding on 

calculated levels of CLH, and by extension modeled BCFs. Additional estimates of CLH 

were obtained under the assumption that ϕS9 = ϕP (i.e., fU=1.0), as previous research 

suggests that chemical bioavailability to metabolizing enzymes in S9 and blood plasma 

is effectively the same (Nichols et al. 2013a; Laue et al. 2014). In vivo biotransformation 

rate constants (kMET; d-1) were calculated by dividing CLH by the chemical’s apparent 

volume of distribution (VD; L kg-1). The VD relates the sorptive capacity of the fish to that 

of blood at steady state, and was calculated as: (vLWB KOW)/PBW, where vLWB is the 
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fractional lipid content of the organism (assumed to be 0.05). Parameters and equations 

contained within the IVIVE model are displayed in Appendix B, Table B3. 

The model used to describe chemical bioaccumulation in fish may be written as 

(Arnot and Gobas 2004): 

 *7Å
*%

= ()t × 	$SÇÉ) − ()s + )Ñ + )ÖÑÜ + )á)	× 	$X (2.10) 

where CB is the concentration of chemical in the fish (g kg-1); t is time (d); k1 is the mass 

and volume specific rate constant for uptake from respired water (L kg-1 d-1); CWT is the 

total concentration of chemical in the water (mg L-1); ϕ is the bioavailable solute fraction 

(unitless); and k2, kE, kMET, and kG are first-order rate constants (d-1) representing 

chemical elimination from the fish by passive diffusion across gills, fecal egestion, 

biotransformation, and growth dilution, respectively. Parameters and equations 

contained within the model are provided in Appendix B, Table B4. 

2.4. Results and Discussion 

2.4.1. Characterization of UVF biotransformation reactions in vitro 

No significant depletion of any UVF was observed in assays with heat-treated S9 

(Figure 2.2). The fact that 4-MBC was not significantly depleted in active S9 fractions 

without cofactors suggests a negligible contribution of cofactor-independent enzymes 

(p=0.98; Figure 2.2A). In vitro biotransformation of 4- MBC was entirely dependent on 

the addition of NADPH, because the mean kdep measured in S9 with added NADPH did 

not differ from the mean kdep measured in S9 fractions with added NADPH and phase II 

cofactors (p=0.22). This finding is indicative of the involvement of one or more CYPs. 

Previous work has shown that rats rapidly biotransform 4-MBC and that this activity 

involves CYP-mediated oxidation reactions (Völkel et al. 2006). 
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Figure 2.2.  Mean in vitro depletion rate constants (kdep) for 0.5 μM 4-MBC (A), 0.5 

μM EHMC (B), and 0.5 μM OCT (C) measured using heat-treated and active liver S9 

fraction. Active incubations were conducted in the presence and absence of 

NADPH and phase II cofactors. Error bars represent the standard deviation of the 

mean (n=3). The different lowercase letters denote significant differences between 

the incubation mixtures (ANOVA and Tukey’s HSD; p< 0.05). 
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Significant depletion of EHMC was observed in the absence of NADPH (p=0.01; 

Figure 2.2B). The addition of NADPH resulted in maximal rates of activity for EHMC; the 

mean kdep did not significantly differ between incubations containing NADPH and those 

with NADPH and phase II cofactors (p=0.18). Addition of NADPH had no apparent 

impact on the biotransformation of OCT, because the kdep values measured for OCT 

were statistically indistinguishable in active S9 fractions with and without NADPH 

(p=0.49; Figure 2.2C). These findings suggest that hydrolysis of EHMC and OCT by 

carboxylesterases is an important route of biotransformation. Carboxylesterases do not 

require cofactors and are active in rainbow trout liver (Barron et al. 1999; Butt et al. 

2010). Biotransformation of EHMC in rodents proceeds exclusively through initial 

hydrolysis of the ester bond (Fennell et al. 2017). If hydrolysis is the primary 

biotransformation pathway for EHMC in trout, our findings suggest that both CYP 

enzymes and carboxylesterases may catalyze this activity (Guengerich 1987). 

Identification of UVF metabolites would provide additional insights into the pathways 

involved in UVF biotransformation. Addition of the phase II cofactors GSH, PAPs, and 

UDPGA did not affect depletion rates of 4-MBC, EHMC, or OCT, suggesting that phase 

II conjugation enzymes do not act directly on these UVFs. Phase II cofactors were 

therefore excluded from all subsequent depletion experiments. 

2.4.2. Concentration dependence of UVF in vitro depletion rate 

constants  

Depletion studies with EHMC and OCT were conducted across a range of initial 

concentrations (Appendix B, Table B5) with and without added NADPH, to obtain kinetic 

parameters for these 2 incubation mixtures. For 4-MBC, only incubations with added 

NADPH were performed (Figure 2.3). The rate of UVF depletion decreased with 

increasing initial concentration. Fitted kdep values for each UVF exhibited a sigmoidal 

relationship with initial substrate concentration, consistent with Equation 2.2 (Figure 2.4). 

The inflection point of each fitted relationship (dashed lines) represents the apparent KM 
value for the reaction. Kinetic parameters for each UVF are given in Table 2.2. 
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Figure 2.3.  Decline of the natural logarithm of the concentration of 4-MBC with 

added NADPH (A), EHMC with (B) and without (C) added NADPH, and OCT with (D) 

and without (E) added NADPH in S9 incubation medium over time (min) at various 

initial concentrations ranging from 0.05 to 12.5 μM. 
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Figure 2.4.  Effect of initial concentration on in vitro biotransformation of 4-MBC 

(A), EHMC (B), and OCT (C). The data presented are from incubations performed 

with (closed circles) and without (grey triangles) added NADPH. Error bars 

represent the standard deviation of the mean (n=3). Each curve was obtained by 

fitting Equation 2.2 to measured data using a weighted nonlinear least squares 

regression. Dashed lines denote the Michaelis-Menten affinity constant KM, 

determined from the inflection point of each fitted curve. 
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Table 2.2.  Kinetic parameters for in vitro biotransformation of UVFs by trout 

liver S9 fractionsa 

 4-MBC EHMC OCT 
Kinetic parameter NADPH 

present 
NADPH 
present 

NADPH 
absent 

NADPH 
present 

NADPH  
absent 

kdep,Cà0 (min-1) 0.47  
(0.06) 

0.042 
(0.002) 

0.017 
(0.003) 

0.015 
(0.002) 

0.008 
(0.001) 

CLin vitro,int  
(mL h-1 mg protein-1) 

6.54 (0.79) 0.59 (0.03) 0.24 (0.04) 0.90 (0.12) 0.48 (0.06) 

KM (µM) 0.29 (0.07) 0.70 (0.07) 1.09 (0.55) 1.89 (0.57) 0.63 (0.25) 
KM (µmol g lipid-1) 0.28 (0.07) 0.69 (0.10) 1.07 (0.54) 7.41 (2.24) 2.47 (0.98) 
Vmax  
(pmol min-1 mg protein-1) 

31.85 (0.94) 6.84 (0.03) 4.31 (0.38) 28.35 (1.13) 5.04 (0.25) 

aAll values are reported as the mean (SE), n=3.  

Although there was no statistical difference in the depletion rates of OCT 

between treatments with and without added NADPH in incubations using a single 

concentration (Figure 2.2C), experiments with multiple concentrations of OCT (Figure 

2.4C) revealed a contribution of both NADPH-dependent and -independent enzymatic 

activity. This difference is indicated by the difference in kinetic parameters obtained with 

and without NADPH (Table 2.2). The inability of initial experiments to show an effect of 

NADPH on OCT depletion may have been due to the variance in kdep values measured 

at a single concentration. 

The CLin vitro,int measured for 4-MBC was significantly greater (by 7 to 25-fold) than 

values obtained for EHMC or OCT. This finding can be attributed in part to a lower KM 

and higher estimated Vmax for 4-MBC, compared with values determined for EHMC and 

OCT. Using the described methods, however, Vmax is a dependent variable, calculated 

as CLin vitro,int × KM. Interpretation of Vmax is therefore affected by the possibility of errors in 

the measurement of CLin vitro,int, estimation of KM, or both. For EHMC and OCT, addition 

of NADPH resulted in modest (2-fold) increases in CLin vitro,int, which were associated with 

corresponding increases in Vmax. Kinetic constants determined for EHMC and OCT in the 

absence of NADPH may represent a single reaction pathway catalyzed by 

carboxylesterases. In contrast, metabolism of EHMC and OCT in the presence of 

NADPH likely involves more than one enzyme, possibly including both a CYP and a 

carboxylesterase. 
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The IVIVE approach assumes that in vitro activity is measured under near 

nonsaturating conditions. By testing over a range of in vitro substrate concentrations, it is 

possible to confirm that this assumption has been met. The derived KM value for 4-MBC 

was 0.29 μM, and overall 3 of the 5 determined KM values were <1.0 μM. In previous 

studies, the IVIVE approach has been applied using in vitro data collected at initial 

concentrations ≥1.0 μM. More recent work, conducted using trout liver S9 fractions, has 

shown that KM values for several PAHs are substantially lower than 1.0 μM. For 

example, Lo et al. (2015a) obtained KM values of 0.14, 0.18, and 0.31μM for chrysene, 

benzo(a)pyrene, and pyrene, respectively. In a similar study, Nichols et al. (2018a) 

reported KM values of 0.52, 0.03, and 0.07 μM for phenanthrene, benzo(a)pyrene, and 

pyrene, respectively. The present study is consistent with recent studies on PAHs, and 

suggests that an initial concentration of ≥1.0 μM may exceed the KM value for certain 

hydrophobic chemicals. 

Performing assays at initial concentrations near or above KM may underestimate 

a chemical’s biotransformation capacity. The effect of KM on the depletion rate constant 

can be evaluated using Equation 2.2. For example, the kdep generated at an initial 

concentration of 1 μM is expected to underestimate the maximum capacity for 

biotransformation (kdep, Cà0) by 2-fold if the KM is 1 μM, and by approximately 10-fold if 

the KM is 0.1 μM. Thus, for substances for which KM < 1.0 μM, knowledge of the 

concentration dependence of biotransformation reactions is an important consideration 

when using in vitro assays to estimate in vivo biotransformation rates. 

Use of the IVIVE method to inform bioaccumulation models depends on the 

existence of first-order reaction conditions in fish under field conditions. To test this 

assumption, lipid-normalized concentrations of UVFs in fish were compared to lipid-

normalized KM values measured in the present study (Table 2.2). Measured 

concentrations of 4-MBC, EHMC, and OCT in field-collected fish range between 0.11 to 

1.42 nmol g lipid-1 (Gago-Ferrero et al. 2012) and are 2 orders of magnitude lower than 

the lipid normalized KM values presented here. This finding suggests that for these 

chemicals the metabolic pathways in field-collected fish operate under non-saturating 

conditions and that extrapolated in vivo biotransformation potential is better represented 

by kdep,Cà0 than by the kdep measured at initial concentrations of ≥ 1.0 μM. 
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2.4.3. Fraction unbound in the incubation medium 

Binding correction factors (fU= ϕP/ϕS9) used to extrapolate in vitro data to the 

intact tissue can have large impacts on IVIVE-estimated biotransformation rates and 

BCFs (Nichols et al. 2013b; Laue et al. 2014). Because there is considerable uncertainty 

in the determination of ϕS9, available S9 binding algorithms (Equations 2.7 to 2.9) were 

evaluated. Chemical bound/free ratios estimated using Equations 2.7 to 2.9 increased 

linearly with chemical log KOW (Figure 2.5), but these estimates diverged substantially at 

log KOW > 5 due to differences in the model slope terms. In earlier studies, it was 

assumed that the unbound chemical fraction in fish liver S9 was the same as in rat liver 

microsomes (Han et al. 2009). More recently, Nichols et al. developed a binding 

algorithm using measured data for 3 PAHs in trout S9 fractions. At log KOW > 5, this 

algorithm estimates substantially greater binding than the ϕS9; Han algorithm (Nichols et al. 

2018a). This disparity may be due to differences in the composition of liver S9 and 

microsomal systems. Procedures used to isolate liver microsomes begin with isolation of 

the S9 fraction, but include two additional high-speed centrifugation steps and a 

wash/reconstitution step that are likely to remove residual non-polar lipid. Species 

differences between rat and trout may also contribute to differences between the two 

binding models. 

An examination of available empirical ϕS9 data for trout indicates that measured 

bound/free ratios in S9 (normalized to 2 mg protein mL-1) also vary substantially (Figure 

2.5). For example, values given for pyrene (log KOW = 4.88) vary by 10-fold while those 

reported for benzo(a)pyrene (log KOW = 6.13) vary by 100-fold. This variation may be due 

in part to the use of different measurement methods. Equilibrium dialysis is widely 

employed to study chemical binding, but this technique is difficult to use when unbound 

chemical fractions are extremely low (< 0.1%). Nichols et al. measured the extent of S9 

binding using both solid phase microextraction (Nichols et al. 2013a) and a vial 

equilibration technique (Nichols et al. 2018a). Unbound chemical fractions have also 

been measured using a thin-film sorbent (ethylene vinyl acetate) phase dosing system 

(Lee et al. 2014; Lo et al. 2015a). Liver S9 binding measurements reported by Escher et 

al. 2011 were obtained using a polydimethylsiloxane (PDMS) depletion method. 

Standardized methods for measuring ϕS9 may help to reduce variability in the 

experimental binding data and lead to improved binding algorithms. Uncertainty in the 

determination of ϕS9 greatly impacts the extrapolation of in vitro biotransformation rates 
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to generate modeled BCFs, and may explain apparent discrepancies between empirical 

BCFs and BCFs calculated by IVIVE procedures (Laue et al. 2014). 

 
Figure 2.5.  Chemical binding in trout liver S9 fractions as a function of log KOW. 

Measured binding values, which are plotted as the log of the bound/free ratio (log 

(1-ϕS9/ϕS9)), are from Nichols et al. 2018a (grey circles), Nichols et al. 2013 (solid 

circles), Escher et al. 2011 (solid squares), Lo et al. 2015a (open triangles), and 

Lee et al. 2014 (grey diamonds). The lines represent binding algorithms given by 

Nichols et al. 2018a (dotted line), Lee et al. 2017 (dashed line), and Han et al. 2009 

(solid line). All binding data were normalized to an S9 protein concentration of 2 

mg mL-1. 

2.4.4. Modeled bioconcentration factors 

Modeled BCFs for each UVF illustrate how differences in in vitro activity at 

different initial concentrations, when combined with different estimates of ϕS9, can yield 

different estimates of bioconcentration (Figure 2.6). Because the calculation of fU 

considers unbound chemical fractions in both blood plasma and S9, different ϕS9 values 

estimated using Equations 2.7 to 2.9 produced different fU values (Table 2.3). In this 

evaluation, ϕP was assumed correct and left constant as previous work suggests that 

Equation 2.6 provides reasonable estimates of ϕP when compared to empirical data 
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(Nichols et al. 2013b). Individual panels in Figure 2.6 show the range of empirical BCFs 

for each UVF; the range of modeled BCFs that exceed the REACH criterion for 

bioaccumulative substances (BCF > 2000 L kg-1); the measured KM value for the 

reactions; and the BCFs calculated assuming no biotransformation (kdep = 0 min-1). 

These latter values are approximately 4000, 17600, and 17200 L kg-1 for 4-MBC, EHMC, 

and OCT, respectively, and are represented in Figure 2.6 by horizontal solid lines. All 

modeled BCFs for each UVF are provided in Appendix B, Table B6. 

Table 2.3.  Estimates for the fraction unbound of 4-MBC, EHMC, and OCT in 

trout S9 incubation media (ϕS9) and trout plasma (ϕP). Calculated 

hepatic clearance binding correction factors (fU = ϕP/ϕS9) are also 

provided. 

Reference 4-MBC EHMC OCT 
Fraction unbound in S9 (ϕS9)    
Han et al. 2009 0.011859 0.003076 0.002411 
Lee et al. 2017 0.004997 0.000709 0.000366 
Nichols et al. 2018a 0.002355 0.000175 0.000028 
Fraction unbound in plasma (ϕP)    
Fitzsimmons et al. 2001 0.001277 0.000306 0.000050 
Hepatic clearance binding correction factor (fU)  
Han et al. 2009 0.11 0.10 0.02 
Lee et al. 2017 0.25 0.43 0.14 
Nichols et al. 2018a 0.54 1.75 1.77 
fU=1.0 1.00 1.00 1.00 

 
Modeled BCFs for 4-MBC, EHMC, and OCT decreased with decreasing initial 

test concentration in the incubation medium at each assumed level of binding, and 

approached a minimum value at initial test concentrations well below KM. For each UVF, 

however, the differences in the BCFs calculated at concentrations below KM were 

relatively small (< 50%) and were approximately 90% of BCFs estimated using kdep,Cà0 

(denoted by the asterisk in Figure 2.6). This finding suggests that it may be possible to 

establish guidance (e.g., ≤ 1/10th KM) regarding test concentrations that would be 

required to yield high-quality BCF predictions.  
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Figure 2.6.  Effect of in vitro concentration and estimated chemical binding (fU = ϕP/ϕS9) 

on modeled bioconcentration factors (BCF) of 4-MBC (A), EHMC (B), and OCT (C). Error 

bars represent the standard deviation of BCFs (n=3) calculated by extrapolating each 

measured kdep value to a whole-body biotransformation rate constant (kMET; see text for 

details). The asterisks represent BCFs calculated using the in vitro depletion rate constant 

at an infinitesimally low substrate concentration (kdep,Cà0). The different BCFs calculated at 

each initial concentration reflect the use of different binding models to estimate ϕS9. The 

models evaluated were those given by Han et al. 2009 (solid squares), Lee et al. 2017 (grey 

diamonds), Nichols et al. 2018a (open circles). Additional BCFs were generated assuming 

that fU= 1.0 (grey triangles). The horizontal solid lines at the top of the red shaded area 

show modeled BCFs, assuming no biotransformation (kdep= 0 min-1), while dashed vertical 

lines show the KM value for each UVF. The red shaded areas represent modeled BCFs that 

exceed regulatory bioaccumulation criteria (BCF > 2,000) and the blue shaded areas show 

the range of empirical BCFs for each UVF. 
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The apparent in vitro concentration dependence of modeled BCFs may also help 

explain the tendency of IVIVE methods to overestimate BCFs relative to empirical data 

(Han et al. 2009; Laue et al. 2014). The past use of substrate concentrations ranging 

from 1 to 10 μM (Han et al. 2007; Cowan-Ellsberry et al. 2008; Johanning et al. 2012) 

may have saturated biotransformation enzymes, resulting in underestimates of kMET and 

overestimates of the BCF. In the present study, BCFs calculated from both kdep,Cà0 and 

the kdep measured at initial concentrations of 0.05 μM were up to 2-fold and 7-fold lower 

than those generated from reaction rates measured at 1 μM and 10 μM, respectively. 

Differences in the estimated ϕS9 values resulted in different BCFs for a fixed level 

of in vitro activity; but the extent of these differences depended on the rate of 

biotransformation. For example, all but one of the BCFs for 4-MBC (Figure 2.6A) fell 

below the BCF criterion of 2000 L kg-1. This is due to 4-MBC’s rapid in vitro 

biotransformation. Moreover, kdep values measured at concentrations ≤ 1 μM resulted in 

BCFs that differed less than 2-fold under all binding scenarios. The similarity of these 

modeled BCFs can be attributed to the behavior of the well-stirred liver model (Equation 

2.3). When intrinsic clearance rates are high, hepatic clearance becomes rate-limited by 

blood flow to the liver, resulting in modeled hepatic clearance that is relatively insensitive 

to changes in fU (Laue et al. 2014). When intrinsic clearance rates are slower, competing 

binding assumptions can result in substantial differences in calculated hepatic clearance 

rates, and by extension modeled BCFs (Nichols et al. 2013b). The BCFs calculated for 

EHMC and OCT were much more sensitive to differences in fU across all tested 

concentrations, including those well below KM. Measured CLin vitro,int rates for EHMC and 

OCT were approximately one order of magnitude lower than that determined for 4-MBC 

(Table 2.2). 

Using the ϕS9;Han algorithm, the kdep measured at an initial concentrations of 1 μM, 

resulted in modeled BCFs of approximately 2400 L kg-1 and 2500 L kg-1 for EHMC and 

OCT, respectively, exceeding the REACH criterion for bioaccumulative substances 

(Figure 2.6B and C). At the same tested concentrations, the ϕS9;Nichols and ϕS9;Lee 

algorithms resulted in BCFs well below 2000 L kg-1. Using the kdep,Cà0, all modeled BCFs 

fell below the REACH criterion, ranging from 324 to 1578 L kg-1 for EHMC and from 177 

to 1914 L kg-1 for OCT. When interpreted in the context of chemical concentrations likely 

to exist in fish under field conditions, these findings suggest that bioaccumulation (BCF ≥ 

2000 L kg-1) of EHMC and OCT is unlikely. The empirical BCF data for these chemicals, 
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determined in in vivo laboratory experiments using several fish species, are consistent 

with this suggestion (Figure 2.6). 

The present study highlights the need for further refinement of the fU calculation. 

Uncertainty in the determination of ϕS9 greatly impacts the extrapolation of in vitro 

biotransformation rates to generate modeled BCFs (Figure 2.6). Although the available 

binding algorithms may be appropriate for screening-level assessments, high quality 

estimates of fU will require additional empirical ϕS9 and ϕP data for a range of chemicals, 

representing different chemical classes. In addition, the present investigation assumed 

that ϕP estimates were correct, yet this assumption may itself be incorrect. Several of the 

fU values calculated in this study approached or exceeded 1.0 (Table 2.3). The lipid and 

protein content of trout plasma (1.84 and 4.12 %, respectively [Escher et al. 2011]) is 

substantially higher than that of liver S9 fractions (measured here (Table B2) and 

elsewhere [Escher et al. 2011]). Absent specific binding, it would be reasonable to 

expect that ϕP would be substantially lower than ϕS9, producing fU estimates of less than 

1.0. Using the same PDMS depletion method, Escher et al. 2011 obtained ϕS9 and ϕP 

data for several hydrophobic chemicals (log KOW 4.5 to 5.1). The resulting fU values 

ranged from 0.0042 to 0.023, indicating that ϕP is up to 240 times lower than ϕS9. These 

findings may have been impacted, however, by heat-treatment of the S9 sample to 

eliminate metabolic activity. Others have found that binding measurements may be 

made using S9 samples inactivated by time and the absence of cofactors (Nichols et al. 

2018a). 

Finally, there is some reason to question whether the steady-state assumption 

represented by use of the fU binding term is appropriate. In the present study, setting 

fU=1.0 resulted in BCFs that fell within or slightly below the range of empirical values for 

most of the modeled conditions. Several authors have reported that BCFs calculated 

using in vitro biotransformation data exhibited improved agreement with empirical data 

when fU was set to 1.0 (Escher et al. 2011; Laue et al. 2014). One explanation for these 

findings is that bound chemicals rapidly dissociate from molecular binding sites in 

plasma, making them available for metabolism in the time available for this activity to 

occur (i.e., the residence time of blood in the liver (Escher et al. 2011; Nichols et al. 

2013b)). This or a similar kinetic process may also help explain the observed trend 

toward overestimation of measured BCFs by current IVIVE methods (i.e., when fU = 
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ϕP/ϕS9), and would require development of a more sophisticated model to estimate 

hepatic clearance rates from measured kdep values. 

2.5. Summary and Conclusions 

The present study is consistent with earlier research showing that incorporation 

of in vitro biotransformation rates improves modeled BCF predictions for chemicals 

subject to biotransformation. The study highlights the importance of recognizing the 

concentration dependence of biotransformation reactions, and suggests that selection of 

appropriate in vitro test concentrations can be expected to improve modeled BCFs. 

Predicted BCFs are also highly dependent on the binding term (fU) used to correct for 

chemical bioavailability in S9 and in blood, under-scoring the need to better understand 

binding effects on chemical biotransformation. The results suggest that 4-MBC, EHMC, 

and OCT can be biotransformed by trout at rates high enough to reduce 

bioconcentration below existing regulatory criteria. The present study shows that 

measured BCFs of 4-MBC, EHMC, and OCT in fish are substantially lower than BCFs 

predicted in the absence of biotransformation, suggesting that other fish species may 

transform these chemicals at rates comparable to those extrapolated from trout S9 

fractions. 
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3.1. Summary 

This study investigated the dietary bioaccumulation and biotransformation of 

hydrophobic organic sunscreen agents, 2-ethylhexyl-4-methoxycinnamate (EHMC) and 

octocrylene (OCT), in rainbow trout using a modified OECD 305 dietary bioaccumulation 

test that incorporated non-biotransformed reference chemicals. Trout were exposed to 

three dietary concentrations of each chemical to investigate the relationship between 

dietary exposure concentration and observed accumulation and depuration. EHMC and 

OCT were significantly biotransformed, resulting in mean in vivo biotransformation rate 

constants (kMET) of 0.54 ± 0.06 and 0.09 ± 0.01 d-1, respectively. The kMET values 

generated for both chemicals did not differ between dietary exposure concentrations, 

indicating that chemical concentrations in the fish were not high enough to saturate 

biotransformation enzymes. Both somatic and luminal biotransformation substantially 

reduce EHMC and OCT bioaccumulation potential in trout. Biomagnification factors 

(BMF) and bioconcentration factors (BCF) of EHMC averaged 0.0035 kg lipid kg lipid-1 

and 396 L kg-1, respectively, while those of OCT averaged 0.0084 kg lipid kg lipid-1 and 

1267 L kg-1. These values are one to two orders of magnitude lower than the BMFs and 

BCFs generated for reference chemicals of similar log KOW. Additionally, for both 

chemicals, derived BMFs and BCFs fell below established bioaccumulation criteria (1.0 

kg lipid kg lipid-1 and 2000 L kg-1, respectively), suggesting that EHMC and OCT are 

unlikely to pose a bioaccumulation hazard in rainbow trout. 
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3.2. Introduction 

Organic ultraviolet filters (UVFs) are used in personal care products, including 

sunscreens and cosmetics, to protect the skin from negative effects of UV exposure. In 

addition, UVFs are used in paints, plastics, and textiles to prevent UV-induced 

degradation (Tang et al. 2019). Depending on their usage, individual UVFs can enter the 

aquatic environment via wastewater treatment plant effluents or by loss from skin during 

swimming and other recreational activities. Measurable concentrations of UVFs have 

been reported in surface waters, sediments, sewage sludge, and aquatic biota 

(Nagtegaal et al. 1997; Balmer et al. 2005; Buser et al. 2006; Zenker et al. 2008; Fent et 

al. 2010; Bachelot et al. 2012; Gago-Ferrero et al. 2012; Gago-Ferrero et al. 2013; Picot 

Groz et al. 2014). Some UVFs are hydrophobic (log KOW > 4), which has lead to concern 

that they may bioaccumulate in aquatic organisms (Balmer et al. 2005). 

2-Ethylhexyl-4-methoxycinnamate (EHMC) and octocrylene (OCT), two of the 

most widely used UVFs, enter the environment primarily via their application in cosmetic 

products (Christen et al. 2011; Blüthgen et al. 2014). Both chemicals are very 

hydrophobic (log KOW of 5.80 and 6.88 for EHMC and OCT, respectively), and both have 

been detected in piscivorous birds (Fent et al. 2010) and marine mammals (Gago-

Ferrero et al. 2013; Alonso et al. 2015). Field-derived biomagnification factors (BMF) for 

EHMC, obtained by comparing measured concentrations in freshwater fish and their 

invertebrate prey, ranged from 0.6 to 1.5 kg lipid kg lipid-1 (Fent et al. 2010). A BMF of 

1.1 kg lipid kg lipid-1 was reported for OCT, based on the ratio of measured 

concentrations in two species of field-collected marine fish and a smaller prey fish 

species (Peng et al. 2017). In contrast, Pawlowski et al. (2019) reported a laboratory-

derived BMFL of 0.034 kg lipid kg lipid-1 for OCT (Pawlowski et al. 2019). Presently, there 

are no established regulatory criteria for chemical BMFs in fish; however, a BMF ≥ 1.0 is 

generally interpreted as evidence of probable bioaccumulation potential (Gobas et al. 

2009). 

Although several field studies have reported concentrations of EHMC and OCT in 

fish and other higher trophic level organisms, empirical bioconcentration factors (BCF) 

(US National Library of Medicine 2006; Blüthgen et al. 2014; Sigma-Aldrich 2014; 

Pawlowski et al. 2019), bioaccumulation factors (BAF) (Fent et al. 2010), and biota-

sediment accumulation factors (BSAF) (Gago-Ferrero et al. 2015; Tang et al. 2019) in 
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fish tend to fall well below established bioaccumulation criteria (Table 3.1). These 

findings suggest that some fish species have the capacity to biotransform EHMC and 

OCT. Specifically, ester groups present on both chemicals (Figure 3.1) may provide a 

target for esterases and/or cytochrome P450 (CYP) enzymes. EHMC and OCT were 

shown to be metabolized in vitro by rainbow trout liver S9 fractions (Saunders et al. 

2019). Incubations performed with and without added NADPH (a reduced form of 

nicotinamide adenine dinucleotide phosphate) suggested that hydrolysis by 

carboxylesterases and CYP-mediated biotransformation are important metabolic routes 

for both chemicals (Saunders et al. 2019). 

 
Figure 3.1.  Structures, names, abbreviations, and chemical abstract service 

(CAS) registry numbers of 2-ethylhexyl-4-methoxycinnamate (EHMC), and 

octocrylene (OCT). 

The rate of biotransformation is a key parameter in computational models used to 

predict chemical bioaccumulation in fish (Arnot and Gobas 2003; Arnot and Gobas 

2004). Presently, information on UVF biotransformation in fish is limited. In vivo 

biotransformation rates for EHMC and OCT, expressed as apparent whole-body 

biotransformation rate constants (kMET; d-1), can be estimated by in vitro-in vivo 

extrapolation (IVIVE) of measured in vitro activity (Saunders et al. 2019). Alternatively, 

these rates may be predicted using existing quantitative structure activity relationship 

(QSAR) models (EPISuite; US Environmental Protection Agency 2012). In vivo data are 

needed, however, to evaluate the accuracy of biotransformation rates predicted using 

either approach. 
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Table 3.1.  Bioaccumulation metrics reported for 2-ethylhexyl-4-

methoxycinnamate (EHMC), and octocrylene (OCT). 

B metric EHMC OCT Bioaccumulation 
Criteria 

Regulatory 
Program 

log KOW 5.80a 6.88a ≥ 4.50 REACH 

BCF 175–433b 41–972c,d,e ≥ 2000 ‘B’ 
≥ 5000 ‘Very B’ REACH 

BAF 12–970f,g 16–125f ≥ 5000 CEPA 

Lab-derived BMF N/A 0.034e ≥ 1.0 NL 

Field-derived BMF 0.6–1.5g 1.1h   

BSAF 0.04–0.3i 0.04–0.3i ≥ 1.0 NL 
aGago-Ferrero et al. 2012; bUS National Library of Medicine 2006; cBlüthgen et al. 2014; dSigma-Aldrich 2014; 
ePawlowski et al. 2019;  fTang et al. 2019; gFent et al. 2010; hPeng et al. 2017; iGago-Ferrero et al. 2015 
Log KOW = Logarithmic octanol water partition coefficient; BCF = Bioconcentration Factor (L kg-1); B = Bioaccumulative; 
BAF = Bioaccumulation Factor (L kg-1); BMF = Biomagnification Factor (kg lipid kg lipid-1); BSAF = Biota-Sediment 
Accumulation Factor (kg organic carbon kg lipid-1); CEPA = Canadian Environmental Protection Act; REACH = 
European Union Registration, Evaluation, Authorization, and Restriction of Chemicals;  N/A = not available; NL = 
indicates that the B metric is not listed under a regulatory program 

This study investigated the in vivo biotransformation and bioaccumulation of 

EHMC and OCT in rainbow trout using a modified OECD 305 dietary bioaccumulation 

test that incorporates non-biotransformed reference chemicals (Lo et al. 2015a). The 

main objective of the study was to generate whole-body biotransformation rate constants 

for EHMC and OCT at three different dosing levels. Three dosing levels were selected to 

evaluate the potential concentration dependence of in vivo biotransformation, as the 

concentration dependence of in vitro biotransformation for these two chemicals was 

recently demonstrated (Saunders et al. 2019). Measured BMFs for EHMC and OCT 

were obtained directly from the resulting datasets. A model-based approach was then 

employed to estimate BCFs (Gobas and Lo 2016) and rates of biotransformation in the 

lumen of the gastrointestinal tract (Lo et al. 2015a). 
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3.3. Materials and Methods 

3.3.1. Fish  

Rainbow trout (Oncorhynchus mykiss, Erwin strain) were obtained as eggs from 

the US Geological Survey Upper Midwest Environmental Sciences Center in LaCrosse, 

WI, and reared to desired size (~35 g) at the US EPA laboratory in Duluth, MN. The 

study was performed in 40 gal fiberglass tanks (Dura-Tech Industrial and Marine) 

supplied with 0.5 L min-1 Lake Superior water (single-pass, sand-filtered, and ultraviolet 

treated). Fish were fed commercial fish chow (3.0 mm Skretting sinking chow) at a target 

rate of 1.3% body weight per day. Mean (± SD) water characteristics were: temperature 

11 ± 0.5 °C; pH 7.4 ± 0.02; total organic carbon 1.60 ± 0.29 mg L-1; total ammonia 0.07 ± 

0.01 mg L-1; dissolved oxygen 90 ± 0.02% of saturation. The study was performed under 

a 12:12 h light:dark schedule. Fish were acclimatized for 2 weeks to the experimental 

conditions before initiating chemical exposures. 

3.3.2. Chemicals 

The test chemicals 2-ethylhexyl-4-methoxycinnamate (EHMC; CAS No. 5466-77-

3) and octocrylene (OCT; CAS No. 6197-30-4) were purchased from Sigma-Aldrich. 

1,3,5-Trichlorobenzene (3TCBz), 1,2,4,5-tetrachlorobenzene (4TCBz), 

pentachlorobenzene (PCBz), hexachlorobenzene (HCBz), d8-naphthalene, and d12-

chrysene were obtained from Sigma-Aldrich. 2,2',5,5'-Tetrachlorobiphenyl (PCB 52), 

2,3,4,4’,6-pentachlorobiphenyl (PCB 115), and 2,2',4,4',6,6'-hexachlorobiphenyl (PCB 

155) were purchased from AccuStandard. 13C-Hexachlorobenzene (13C-HCBz) was 

obtained from MSD Isotopes (now Cambridge Isotopes). Solvents were purchased from 

Fisher Chemical. Bondesil-C18 and PSA silica bulk sorbents were purchased from 

Agilent Technologies. All chemicals were reagent-grade or higher in quality, with purities 

> 97%. 

3.3.3. Study design 

Fish were fed a control diet or a contaminated diet containing EHMC or OCT and 

6 reference chemicals (i.e., 3TCBz, 4TCBz, PCBz, HCBz, PCB 52, PCB 155) at a target 

daily feeding rate of 1.3% bodyweight per day. Dietary concentrations of EHMC and 
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OCT were varied by approximately two orders of magnitude to represent low, medium, 

and high treatment levels. Measured concentrations of EHMC averaged 0.004  

mmol kg-1, 0.038 mmol kg-1, and 0.318 mmol kg-1 for the low, medium, and high 

treatment levels, respectively, while those of OCT averaged 0.003 mmol kg-1, 0.086 

mmol kg-1, and 1.05 mmol kg-1 (Appendix C, Table C1). These dietary concentrations 

were selected based on chronic toxicity thresholds (no and lowest observed effect 

levels) available through ECOTOX (US Environmental Protection Agency 2018). 

Measured concentrations of reference chemicals in food ranged from approximately 0.01 

mmol kg-1 to 0.35 mmol kg-1 (Table C1). 

Dietary exposures were conducted in 7 tanks (6 test and 1 control), each of 

which contained 21 fish to start. Fish in treatment tanks were exposed to a contaminated 

diet for 14 d, followed by a 14 d depuration period when fish were fed the control diet. All 

fish were fed daily at 3 PM. On sampling days, fish were collected by 9 AM. Three fish 

were collected from each treatment tank on days 7, 14, 15, 17, 19, 22, and 28 of the 

experiment, and analyzed independently. Four or 5 fish from the control tank were 

collected on days 7, 14, 17, 22, 28, and analyzed independently to test for sample 

background contamination and toxicity. 

Fish were euthanized with an overdose of buffered ethyl 3-aminobenzoate 

methanesulfonate (Finquel, Argent Laboratories). Sampled fish were separated into liver, 

gastrointestinal tract (minus the pyloric ceca, stomach, and gut contents), and carcass. 

The anterior intestine was combined with the carcass samples for analysis. Samples 

were frozen at –80 °C until processing and extraction. 

3.3.4. Food preparation 

Test and reference chemicals were dissolved in 15 mL acetone containing 0.875 

g corn oil. This spiking solution was slowly added to 175 g of fish food and left to 

mechanically stir in an open system overnight. The spiked diets were then stored at  

–20°C in sealed containers. The control diet was prepared in a similar manner, but 

without test or reference chemicals. All fish received the control diet during a 2-week 

acclimation period prior to the experiment. Measured concentrations of EHMC, OCT, 

and reference chemicals in the control diet were below their MDL (Appendix C,  

Table C2). 
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3.3.5. Sample preparation and extraction  

Samples were extracted using a modified QuEChERS method. These 

procedures were based on those used to extract UVFs in marine mussels (Picot Groz et 

al. 2014) and are similar to methods for extracting PCBs from fish tissues (Chamkasem 

et al. 2016). All extractions were performed under low light conditions to limit 

photodegradation of EHMC and OCT. Whole liver (283 to 966 mg) samples were 

processed in their entirety. Carcass samples (35.98 to 56.57 g) were homogenized with 

two volumes of MQ water and extracted in 6 g batches. Fish food was sub-sampled on 

days 0, 7, and 14 of the exposure and was extracted in 1 g batches. Each sample was 

placed in a 50 mL polypropylene centrifuge tube and spiked with 50 μL of a 10 ppm 

internal standard solution (Appendix C) prepared in acetone. A volume of MQ water was 

added followed by 30 s of vortexing. Acetonitrile was added and the tube was vigorously 

shaken by hand for 2 min. A salt mixture containing 8 parts anhydrous Na2SO4, 2 parts 

NaCl, 2 parts sodium citrate dihydrate, and 1 part sodium citrate dibasic sesquihydrate 

was added. The tube was then shaken by hand for 1 min and centrifuged at 3500 g for 5 

min. Following centrifugation, the upper ACN layer was transferred to a 15 mL 

polypropylene tube containing 1 g of bulk sorbents (3 parts Na2SO4, 1 part Bondesil-C18 

and 1 part PSA silica) for dispersive solid-phase extraction (d-SPE). Formic acid was 

added, followed by 1 min of vortexing and 5 min centrifugation at 5000 g. The exact 

amounts of added water, ACN, salts, sorbents, and formic acid were adjusted to each 

type of sample and are given in Table C3. 

Following d-SPE, the ACN supernatant was transferred to a 4 mL amber glass 

vial, placed under a gentle stream of N2, and evaporated to ~ 0.5 mL at 35 °C. N-hexane 

(0.5 mL) was added to the vial and the sample was vortexed for 1 min to extract analytes 

and internal standards. The combined hexane-ACN extract was transferred 

quantitatively to a second 2 mL amber vial (2 rinses with 250 μL n-hexane). The vial was 

then centrifuged at 7000 g for 10 min. Finally, the extract was filtered through a Pasteur 

pipette containing 0.25 g of hexane-washed d-SPE sorbents to eliminate sample lipids. 

Filtered extracts that were below the method detection limit (MDL) were pooled and re-

analyzed. Extraction recoveries and MDLs of UVFs and reference chemicals in fish 

tissues and food are presented in Appendix C, Table C2. 
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3.3.6. Gas chromatography mass spectrometry analysis  

Sample extracts were analyzed using an Agilent 6890N gas chromatograph 

coupled to an Agilent 5975C mass spectrometer. Separations were performed on a DB-

1HT 15 m x 320 μm, 0.25 μm film column (Agilent). The oven temperature was 45 °C for 

1.5 min, increasing to 150 °C at 15 °C min-1, and finally increasing 10 °C min-1 to 285 °C, 

and held for 5 min. The injection port and ion source temperatures were 45 °C and 230 

°C, respectively. The carrier gas was helium flowing at 1 mL min-1. The MS data was 

acquired in the selected ion monitoring mode (136 for d8-naphthalene, 180 for 3TCBz, 

216 for 4TCBz, 240 for d12-chrysene, 250 for PCBz, 284 for HCBz, 290 for 13C-HCBz, 

292 for PCB 52, 326 for PCB 115, and 360 for PCB 155). For EHMC, the quantification 

and identification ions were 178 and 161, respectively. For OCT, the quantification ion 

was 249 and the identification ions were 232 and 204. A 1 μL sample of extract was 

injected into the column using a 5 μL gas-tight glass syringe (Agilent). Peak areas were 

integrated and used to quantify test chemicals using Chemstation software (Hewlett 

Packard). Chemical concentrations were calculated using the relative response factor 

approach. 

3.3.7. Lipid content determination  

Total lipid content was determined for livers from sampled control fish that had 

not been selected for chemical extraction (days 7, 14, 17, 22, 28). Additional 

measurements were made for homogenized carcass samples from all control and 

exposed animals on days 7, 14, 22, and 28. The carcass lipid content averaged across 

these sampling days provided an overall mean value for each tank. Then to determine 

the fractional lipid content of whole fish (ϕBL) from treatment and control tanks, the mean 

mass of lipid in the carcass samples was added to the mean mass of lipid determined for 

livers from control fish, and divided by the combined wet weights of the 2 samples. This 

approach assumes there were no treatment-related effects on the lipid content of the 

liver. Fish food containing 0.5% corn oil was also analyzed for total lipids to determine 

the fractional dietary lipid content (ϕDL). 
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3.3.8. Chemical concentrations in the fish  

Chemical concentrations in the liver (CL) were determined by dividing the 

chemical masses measured in the liver by the wet weights of the liver. Chemical 

concentrations in the fish soma (CB) were determined by summing chemical masses 

measured in liver and carcass samples, and then dividing by the combined wet weight of 

the 2 compartments. 

3.3.9. Whole-body depuration rate constants 

Whole-body depuration rate constants (kBT; d-1) were derived for EHMC, OCT, 

and reference chemicals by linear regression of the natural logarithm of chemical 

concentrations in the fish soma against time during the depuration phase: 

"#$% = "#$X − )XÜ 	× 	/	     (3.1) 

where CB is the chemical concentration (μmol kg-1) at the beginning of the depuration 

period and Ct is the concentration at time t (d). 

3.3.10. Whole-body biotransformation rate constants 

Whole-body depuration rate constants for non-biotransformed reference 

chemicals (kBT,R) were determined by a linear least squares weighted regression of kBT,R 

versus the reciprocal of each chemical’s KOW to give the empirical relationship: 

)XÜ,à =
t
â
	×	 t

:äã
+ å       (3.2) 

where 1/ω and β are regression coefficients in units of d-1 (Gobas and Lo 2016). 

The slope term (1/ω) describes the depuration of hydrophobic organic chemicals to 

water predominantly via the respiratory route (k2; d-1) while the intercept (β) describes 

the contribution of other depuration processes, limited in this instance to the growth 

dilution and fecal egestion. 

Whole-body biotransformation rate constants (kMET; d-1) for EHMC and OCT were 

calculated as the difference between measured whole-body depuration rate constants 
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(kBT) and kBT,R values derived from Equation 3.2 for a chemical of equivalent KOW (Lo et 

al. 2015a): 

)ÖÑÜ = )XÜ − )XÜ,à      (3.3) 

The standard error of kMET (SEkMET) was propagated from the standard errors of 

kBT (SEkBT) and kBT,R (SEkBT,R) using the equation (Gobas and Lo 2016): 

çéè;êë = íìçé	èÅë
s + çé	èÅë,î

sï    (3.4) 

3.3.11. Calculation of dietary uptake efficiency 

Dietary uptake efficiency (ED,M) was determined for the reference chemicals, 

EHMC, and OCT by fitting chemical concentrations measured in the soma to the 

integrated form of the kinetic rate equation for constant dietary exposure (OECD 2012): 

$X = 5Ññ,;	×	ó	×	7ñ
èÅë

< ×	ì1 − òrèÅë%ï    (3.5) 

where I is the feeding rate, CB is the concentration in the fish (soma) at the beginning of 

the depuration period (μmol kg-1), CD is the concentration in the diet (μmol kg-1), and t is 

time (d). 

3.3.12. UVF Bioaccumulation Potential 

Kinetic lipid normalized biomagnification factors (BMFL) were generated for 

EHMC, OCT, and reference chemicals according to: 

ôö|B = 	
Ññ,;	×	ó	×	Lñõ
èÅë	×	LÅõ

      (3.6) 

where ED,M is the dietary uptake efficiency; I is the proportional feeding rate; kBT is the 

somatic depuration rate constant (d-1); ϕDL is the measured fractional dietary lipid content 

(0.079 ± 0.003 [SD] kg lipid kg food-1; this study), and ϕBL is the fractional lipid content of 

the fish (kg lipid kg fish-1). 
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Respiratory uptake rate constants (k1) and BCFs were generated from the dietary 

bioaccumulation tests following Gobas and Lo (2016): 

)t = 5t
â
< 	× 5LÅõ

*õ
<	      (3.7) 

where 1/ω is the slope term derived from Equation 3.2, dL is the density of the fish lipids 

(assumed to be 0.90 kg L-1), and ϕBL is the measured lipid content of fish (kg lipid kg  

fish-1). Equation 3.7 predicts that for chemicals with log KOW ≥ 3, the k1 is approximately 

the same for all chemicals. Bioconcentration factors (L kg-1) expressed on a free 

chemical basis were then determined as:  

ô$| = èú	
èÅë	

	× 	(	1/[1	 + 	$~7 	×	}~7])    (3.8) 

where COC is the measured total concentration of organic carbon in water (1.60 × 10-6 kg 

L-1; this study) and KOC is the octanol-carbon partition coefficient, calculated as log KOC = 

0.97 × log KOW − 1.27 (Burkhard 2000). 

3.3.13. Chemical transformation in the gastrointestinal tract 

The dietary uptake efficiency for a non-biotransformed chemical (ED,R) was 

related to KOW by the relationship (Lo et al. 2015a): 

éü,àrt = † + å}~Y      (3.9) 

where α and β are fitted coefficients determined by a weighted non-linear regression of 

empirical ED observations (ED,M) of the reference chemicals. The parameters α and β 

characterize organic (i.e., octanol or lipid-like) and aqueous phase resistances, 

respectively. 

Intestinal (luminal) biotransformation rate constants (klumen) for EHMC and OCT 

were calculated from ED,M and from ED,R determined for a non-biotransformed reference 

chemical of equivalent KOW (Equation 3.9; Lo et al. 2015a): 

)n°¢+k = ìéü,àrt − éü,Ört ï 	× £
Ññ,î

trÑñ,î
§ ×	(•áÑ/¶á)  (3.10) 

where GGE (kg digesta d-1) is the fecal egestion rate and WG (kg) is the steady-state 
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amount of digesta in the entire intestinal tract (including stomach, pyloric ceca, and 

anterior intestine). The GGE was estimated from the administered food ingestion rate (GI; 

kg food d-1 [or I × WB]) and the food assimilation efficiency (γGI; unitless) as GI × γGI. The 

γGI was estimated from the diet composition and the assimilation efficiencies of the diet 

constituents using values for the assimilation efficiencies of various food constituents 

(Appendix C, Table C6). The γGI was approximately 0.59 and is similar to the value of 

0.52 measured in rainbow trout using chromic oxide (Gobas et al. 1999). The WG was 

estimated as the ratio of GI to δ, where δ is the digesta evacuation rate constant (2.07  

d-1), which is approximated by the 95% digesta evacuation time (tE,95; 1.45 d) as 3/tE,95 

(Lo et al. 2015a). Parameters and equations used in this analysis are provided in 

Appendix C, Table C6. 

3.3.14. Contribution of luminal and somatic biotransformation 

To describe the contribution of somatic (whole-body) and luminal 

biotransformation, the fish is divided into two compartments: the soma (B) and the 

gastrointestinal content or digesta in the lumen (G). A detailed derivation of the model is 

described elsewhere (Lo et al. 2015a; 2016). The relative contributions of somatic 

(Φsoma) and luminal (Φlumen) biotransformation to total chemical biotransformation in fish 

can be calculated as: 

ϕß_®© = )™´ÇMT,≠/()™´ÇMT,≠ + )^Æ®1ØM∞,≠)   (3.11) 

ϕ^Æ®1Ø = )^Æ®1ØM∞,≠	/()™´ÇMT,≠ + )^Æ®1ØM∞,≠)   (3.12) 

where MB and MG are the masses of chemical in the fish soma and lumen, respectively. 

The subscript ‘X’ denotes whether the exposure was through a dietary (D) or aqueous 

(AQ) route. 

For the dietary exposure, the MB,D is the mass of chemical (CB × WB) in the soma 

measured in the present study on day 14, where as the MG,D was estimated as (Lo et al. 

2015a): 

öá,ü =
á±7ñ	9	èÅ≤ÖÅ,ñ

è≤Å	9	è≤ê	9	è≥¥µ∂D
     (3.13) 

where kBG is the rate constant for chemical transfer from fish soma to lumen (d-1), kGB is 
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the rate constant for chemical transfer from lumen to fish soma (d-1), and kGE is the rate 

constant for fecal egestion (d-1). 

Using rate constants generated here for respiratory uptake (k1) and whole-body 

depuration (kBT), the steady-state mass of chemical in the fish soma following an 

aqueous exposure (MB,AQ) can be estimated as: 

öX,∑> =
èú
èÅë

×	$YÜÉ	 ×	¶X     (3.14) 

where CWT is the total concentration of chemical in the water (μmol L-1) and Φ is the 

bioavailable solute fraction (unitless) which is equal to 1/(1+ COC × KOC) (Equation 3.8). 

Using Equation 3.13, the MG,AQ is calculated by replacing MB,D with MB,AQ and 

setting CD equal to 0 μmol kg-1. Parameters and equations used in this analysis are 

provided in Appendix C, Table C6. 

3.3.15. Statistical Analyses 

All statistical analyses were performed in R (Version 3.3.3). An analysis of 

variance (ANOVA) followed by a Tukey’s Honestly Significant Difference (HSD) test was 

used to evaluate differences in the hepatosomatic index (HSI) among the treatment and 

control tanks. A multiple regression model was used to test for differences in the slopes 

(i.e., kBT) of the depuration curves (Equation 3.1) to evaluate whether EHMC or OCT 

depuration rate constants differed with respect to dietary exposure concentration, 

Differences kMET and ED,M with respect to dietary exposure concentration were evaluated 

by linear regression. Standard errors of ED,M, BMFL, k1, BCF, and klumen were propagated 

according to Gobas et al. (In Press). For all analyses, a p-value < 0.05 was considered 

statistically significant. 

3.4. Results and Discussion 

3.4.1. Fish 

Three of 126 fish exposed to UVFs died: one each in the OCT low, EHMC low, 

and EHMC high tanks on days 23, 25, and 28, respectively. No fish died in the control 

population. Growth rate constants (kG; d-1) determined for each tank did not differ 
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statistically from zero, indicating negligible growth throughout the 28-day study period 

(Table 3.2 and Figure C1). The mean hepatosomatic index (HSI; liver mass/body mass × 

100) for each tank (all sampled animals) did not differ among control and treatment tanks 

(Table 3.2; p = 0.4609). The lipid contents of livers sampled from control fish averaged 

3.5 ± 0.2 %. The soma lipid content (ɸBL), determined from the mass of lipid in the liver 

and carcass samples (Table C4), ranged between 3.5% and 4.6% across control and 

treatment tanks (Table 3.2). 

Table 3.2.  General parameters for the treatment and control tanks including 

mean weights of fish (WB; g), mean hepatosomatic indices (HSI; g 

liver g fish-1 × 100), mean lipid content of the fish soma (ɸBL; g lipid g 

fish-1), and growth rate constants (kG; d-1).  

Treatment WBa,b HSIa,b ϕBLb kGc 
Control 36.52 ± 3.10 1.21 ± 0.18 0.035 ± 0.004 0.0099 ± 0.0053 

OCT Low 32.41 ± 0.96 1.18 ± 0.13 0.036 ± 0.007 0.0028 ± 0.0057 
OCT Med 36.16 ± 3.62 1.27 ± 0.19 0.038 ± 0.006 0.0004 ± 0.0063 
OCT High 40.11 ± 9.18 1.21 ± 0.23 0.038 ± 0.006 0.0080 ± 0.0068 

EHMC Low 41.72 ± 3.77 1.17 ± 0.33 0.042 ± 0.006 0.0035 ± 0.0047 
EHMC Med 39.03 ± 5.58 1.23 ± 0.18 0.046 ± 0.007 0.0018 ± 0.0052 
EHMC High 38.90 ± 8.54 1.13 ± 0.22 0.038 ± 0.010 0.0024 ± 0.0073 

aMean value for all sampled animals during the 28 d exposure. 
bError values represent the standard deviation of the mean.  
cError values represent the standard error of the estimate. 

3.4.2. Whole-body depuration rate constants of EHMC, OCT, and 

reference chemicals 

Measured concentrations of EHMC and OCT in fish on day 14 were similar to 

those on day 7, suggesting that the fish were approaching steady state (Figure 3.2). 

After day 14, upon initiation of the depuration phase, concentrations of EHMC and OCT 

in the fish declined in a log-linear manner. Measured concentrations of EHMC and OCT 

in the soma of control fish were below their MDL. The whole-body depuration rate 

constants (kBT; Equation 3.1) calculated for fish exposed to EHMC were (mean ± SE) 

0.473 ± 0.078 d-1 (low), 0.680 ± 0.195 d-1 (medium), and 0.532 ± 0.138 d-1 (high). The kBT 

values for fish exposed to OCT were 0.102 ± 0.023 d-1 (low), 0.134 ± 0.020 d-1 (medium), 

and 0.114 ± 0.035 d-1 (high). These fitted rate constants did not differ significantly among 

treatment groups, indicating that for both chemicals the kinetics of depuration were 

independent of dietary exposure concentration (p = 0.7872 [EHMC] and 0.6700 [OCT]). 
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Figure 3.2.  Natural logarithm transformed concentrations of EHMC (A) and OCT 

(B) in the fish soma throughout the dietary bioaccumulation experiment following 

exposure to “high” (filled squares), “medium” (filled circles), and “low” (filled 

triangles) doses. The vertical dotted line represents the beginning of the 

depuration phase of the experiment. The horizontal dashed line represents the 

method detection limit (MDL; Table C1). 

Measured concentrations of the 6 reference chemicals in fish soma increased 

throughout the 14 d exposure, declining thereafter during the depuration phase (Figure 

C2). For the most hydrophobic reference chemicals (HCBz, PCB52, and PCB155) 

concentrations measured at 14 d were substantially higher than those measured at 7 d, 

suggesting that fish were far from steady state. By comparison, concentrations 

measured at 7 and 14 d for 3TCBz, 4TCBz, and PCBz were relatively similar. Measured 

concentrations of reference chemicals in the soma of control fish were below their MDL. 

Calculated whole-body depuration rate constants (kBT) for the 6 reference chemicals 

exhibited an inverse relationship with chemical log KOW (Table C5). Averaged across all 

6 treatment tanks, the kBT values were (mean ± SE) 0.344 ± 0.019 d-1, 0.181 ± 0.042 d-1, 

0.069 ± 0.022 d-1, 0.026 ± 0.012 d-1, 0.015 ± 0.012 d-1, and 0.0004 ± 0.013 d-1 for 3TCBz 

4TCBz, PCBz, HCBz, PCB 52, and PCB 155, respectively. Measured kBT values for the 

reference chemicals were plotted against the reciprocal of chemical KOW to obtain a set 

of tank-specific linear relationships that describe the KOW-dependence of chemical 

depuration that occurs by all non-metabolic pathways (kBT,R; Figure 3.3). 
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Figure 3.3.  Depuration rate constants for the reference chemicals (filled round 

circles), OCT (red squares), and EHMC (purple triangles) in the fish soma versus 

KOW
-1 (standard error reported in error bars). Data generated for the OCT are 

presented in Panels A (high), C (medium), and E (low) whereas the data generated 

for EHMC are in Panels B (high), D (medium) and F (low). The solid line represents 

the model used to fit the depuration rate constant data for the non-biotransformed 

reference chemicals. The dashed lines represent the 95% confidence intervals for 

the predicted model values. 
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Measured kBT values for EHMC and OCT were greater than their corresponding 

kBT,R values, suggesting a significant contribution of biotransformation to chemical 

depuration from the fish soma (Figure 3.3). The kBT,R values determined for a 

hypothetical reference chemical with a KOW equivalent to that of EHMC were (mean ± 

SE) 0.006 ± 0.009 d-1 (low), 0.027 ± 0.013 d-1 (medium), and 0.030 ± 0.013 d-1 (high). 

Calculated in the same manner, the kBT,R values for OCT were 0.025 ± 0.020 d-1 (low), 

0.030 ± 0.016 d-1 (medium), and 0.017 ± 0.006 d-1 (high). For EHMC, measured kBT 

values were approximately 17 to 80-fold greater than corresponding kBT,R values 

(depending on the tank). The measured kBT values for OCT were approximately 4 to 6-

fold greater than corresponding kBT,R values. 

3.4.3. Whole-body biotransformation rate constants of EHMC  

and OCT 

The whole-body biotransformation rate constants (kMET) for EHMC, calculated as 

the difference between kBT,R and kBT, were (mean ± SE) 0.467 ± 0.078 d-1 (low), 0.653 ± 

0.197 d-1 (medium), and 0.502 ± 0.141 d-1 (high; Figure 4A). For OCT, the calculated 

kMET values were 0.077 ± 0.034 d-1 (low), 0.104 ± 0.036 d-1 (medium), and 0.097 ± 0.039 

d-1 (high; Figure 4B). There was no significant relationship between kMET and dietary 

exposure concentrations of EHMC (p = 0.8429) or OCT (p = 0.7820), suggesting that 

UVF concentrations in the fish were not high enough to saturate biotransformation 

enzymes. Previously, Saunders et al. (2019) determined KM values for EHMC and OCT 

using a trout liver S9 system and expressed these values on a g lipid-1 basis. For EHMC, 

the lipid-normalized KM was 0.69 μmol g lipid-1, while that determined for OCT was 7.41 

μmol g lipid-1. In either case, these lipid-normalized KM values are substantially higher 

than lipid-normalized chemical concentrations measured in the present study in fish 

soma or liver (Figure 3.4C and D). Taken together, these findings suggest that 

biotransformation of EHMC and OCT at all dietary dosing levels was occurring under 

near first-order conditions (i.e., CB or CL << KM). 

The assumption that chemical uptake and elimination processes exhibit first 

order kinetics is thought to be appropriate to describe accumulation of neutral organic 

chemicals in animals exposed to the relatively low concentrations in most field scenarios 

(Kim et al. 2016). The highest dietary concentrations of EHMC and OCT evaluated in the 

present study (95 and 380 mg kg food-1, respectively) are substantially higher than 
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measured concentrations in field-collected aquatic biota (Gago-Ferrero et al. 2012), but 

within the range of spiking concentrations recommended in the OECD 305 protocol (1 to 

1000 mg kg food-1; OECD 2012). For EHMC and OCT, current OECD guidelines appear 

to provide recommended test concentrations that avoid saturation of biotransformation 

enzymes in vivo. 

 
Figure 3.4.  Whole-body biotransformation rate constants (kMET) for EHMC (A) 

and OCT (B) as a function of dietary exposure concentration. Mean (± standard 

deviation) lipid-normalized concentrations of EHMC (C) and OCT (D) that 

accumulated in the fish soma (circles) and liver (diamonds) following dietary 

exposure. The horizontal solid lines represents the Michaelis-Menten constant 

(KM) previously measured in liver S9 fractions by Saunders et al. 2019. 

In other cases, however, saturation of biotransformation enzymes in laboratory 

exposures and field settings remains a possibility. For example, previously reported KM 

values for several polycyclic aromatic hydrocarbons are up to an order of magnitude 
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lower (Lo et al. 2015b; Nichols et al. 2018) than the KM values generated for EHMC and 

OCT (Saunders et al. 2019). Nichols et al. (2018) compared the measured KM for 

pyrene, expressed on a free chemical basis, to aqueous chemical concentrations 

commonly employed in standardized BCF testing efforts (i.e., 1/100th lethal levels). The 

results of this analysis suggested that pyrene concentrations in fish during in vivo testing 

may approach levels associated with enzyme saturation, potentially resulting in 

concentration-dependent accumulation. For such chemicals, it may be necessary to 

perform in vivo exposures at concentrations close to environmental concentrations so 

that the laboratory data can be extrapolated to field scenarios with greater confidence 

(Oliver and Niimi 1985). 

3.4.4. Luminal biotransformation rate constants of EHMC and OCT 

Measured dietary uptake efficiencies for 5 of the 6 reference chemicals were 

used to develop a set of weighted non-linear regressions that relate estimated dietary 

uptake efficiencies for non-biotransformed reference chemicals (ED,R) to chemical log 

KOW (Figure 3.5 and Table C7). The reference chemical 3TCBz was excluded from this 

analysis because the mean (± SE) ED,M for all tanks (19 ± 3.2%; n=6) was substantially 

lower than that determined for the other reference chemicals. This lower-than-expected 

ED,M may have been due to biotransformation of 3TCBz in the intestinal lumen of fish. If 

this was the case, 3TCBz may be a poor reference chemical to include in future 

investigations. The resulting non-linear regressions plateaued at maximal ED,R values 

ranging from approximately 44% to 69% for non-biotransformed reference chemicals 

with log KOW values between 4 and 7 (Figure 3.5). 



89 

 
Figure 3.5.  Dietary uptake efficiencies of the reference chemicals (black data 

points), OCT (red squares), and EHMC (purple triangles) versus log KOW (error 

bars represent the standard error of the estimate). Data generated for the OCT are 

presented in Panels A (high), C (medium), and E (low) whereas the data generated 

for EHMC are in Panels B (high), D (medium) and F (low). The solid line represents 

nonlinear regression fit (Equation 3.9) to the dietary uptake efficiency data for 5 of 

6 reference chemicals (black circles) and excludes 3TCBz (black square). 
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For all of the treatment tanks, the mean ED,R for PCB 155 (log KOW = 7.55) was 

lower than that determined for the other 4 reference chemicals (Figure 3.5). This finding 

is consistent with previous data indicating that ED,R values for fish decline with increasing 

log KOW at log KOW values greater than 7 (Gobas et al. 1988; Lo et al. 2015a; Arnot and 

Mackay 2018). However, the extent of this decline varied among the treatment tanks. It 

is possible that variability in the measurement of CD and CB could contribute to a higher 

estimate of ED,R for PCB 155. Also, the method used here to calculate ED,R requires an 

estimate of kBT (Equation 3.5). For very hydrophobic chemicals such as PCB 155, kBT is 

difficult to estimate because the rate of elimination is very slow. Extending the depuration 

period beyond 14 d would have addressed this issue, but there is a limit to which this 

can be done given the need to simultaneously measure kBT values for lower log KOW 

reference chemicals and for test chemicals that undergo biotransformation. 

The ED,M values generated for EHMC and OCT fell well below the non-linear 

regression fit of ED,R and ranged between 2.7% and 14% for EHMC and between 2.4% 

and 5.2% for OCT (Figure 3.5 and Table 3.3). These low ED,M values may reflect 

significant biotransformation of EHMC and OCT in the lumen of the gastrointestinal tract 

(Lo et al. 2015a; Lo et al. 2016). There was no significant relationship between ED,M and 

dietary exposure concentration for EHMC (p=0.2261) or OCT (p=0.4856). Modeled 

luminal biotransformation rate constants (klumen) ranged between 10 d-1 and 35 d-1 for 

EHMC and between 17 d-1 and 86 d-1 for OCT (Table 3.3). For EHMC and OCT, the 

rates of biotransformation expressed in units of μmol d-1 in the lumen (i.e., klumen × MG) 

were up to 110-fold greater than biotransformation rates determined in the fish soma 

(i.e., kMET × MB; Table C8). Following dietary exposure, the relative contribution of 

luminal biotransformation (Φlumen) to total biotransformation was as high as 97% and 

99% for EHMC and OCT, respectively (Equation 3.12; Table 3.3). One possible 

explanation for this apparent high level of biotransformation in the lumen is that gut 

microflora hydrolyze ester groups present on EHMC and OCT. 
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Table 3.3.  Empirical dietary uptake efficiencies (ED,M; unitless), estimated 

dietary uptake efficiencies of a non-biotransformed chemical of 

equivalent KOW (ED,R; unitless), luminal biotransformation rate 

constants (klumen; d
-1) and proportions of total mass transformed in 

the lumen (Φlumen; unitless), and the fish soma (Φsoma; unitless) for 

EHMC and OCT following dietary exposure to low, medium, and high 

dose treatments. Error values represent the standard error. 

Treatment ED,M ED,R klumen Φlumen Φsoma 
OCT      
   Low 0.052 ± 0.030 0.450 ± 0.057 17 ± 12 0.97 0.02 
   Medium 0.024 ± 0.008 0.633 ± 0.041 86 ± 33 0.99 0.01 
   High 0.016 ± 0.007 0.446 ± 0.049 59 ± 30 0.99 0.01 
EHMC      
   Low 0.027 ± 0.011 0.452 ± 0.072 35 ± 19 0.97 0.03 
   Medium 0.078 ± 0.034 0.489 ± 0.130 13 ± 10 0.91 0.09 
   High 0.143 ± 0.078 0.608 ± 0.052 10 ± 8 0.85 0.15 

 

Chemical biotransformation processes in the lumen and epithelial tissues of the 

gastrointestinal tract of fish have been shown to reduce chemical uptake from the diet 

(Van Veld et al. 1988; Kleinow et al. 1998) and may substantially reduce chemical 

bioaccumulation in fish (Lo et al. 2015a; Lo et al. 2016; Arnot and Mackay 2018). 

Luminal biotransformation rate constants derived here and elsewhere (Lo et al. 2015a; 

Lo et al. 2016) suggest that biotransformation in the gut lumen may contribute more to 

the overall biotransformation of some dietary contaminants than does somatic 

biotransformation. In combination with hepatic in vitro bioassays for estimating whole-

body biotransformation rate constants, the development of in vitro assays for estimating 

intestinal biotransformation rates may provide additional screening tools needed to 

improve chemical bioaccumulation assessments. This could include in vitro assays 

performed using collected gut contents and/or cultured gut microflora, as well as assays 

that employ cultured epithelial cells and/or epithelial subcellular fractions. 

3.4.5. Bioaccumulation potential of EHMC and OCT 

Calculated respiratory uptake rate constants (k1), BCF values, and lipid-

normalized biomagnification factors (BMFL) for the reference chemicals, EHMC, and 

OCT are provided in Appendix C, Table C7. The BMFL values obtained for the 6 

reference chemicals increased with increasing log KOW. A BMFL exceeding 1.0 kg lipid 

kg lipid-1 is indicative of probable bioaccumulation potential (Gobas et al. 2009). The 
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average BMFL for PCB155, calculated across all tanks was (mean ± SE, n = 6) 14 ± 10 

kg lipid kg lipid-1. Calculated BMFL values exceeding 1.0 kg lipid kg lipid-1 were noted for 

HCBz and PCB 52 in at least one of the six treatment tanks. 

The calculated BMFL values for EHMC were (mean ± SE) 0.0013 ± 0.0041 kg 

lipid kg lipid-1 (low), 0.0026 ± 0.040 kg lipid kg lipid-1 (medium), and 0.0067 ± 0.0275 kg 

lipid kg lipid-1 (high), while those determined for OCT were 0.0167 ± 0.004 kg lipid kg 

lipid-1 (low), 0.0048 ± 0.001 kg lipid kg lipid-1 (medium), and 0.0038 ± 0.001 kg lipid kg 

lipid-1 (high). All BMFL values generated for EHMC and OCT were approximately two 

orders of magnitude lower than those obtained for reference chemicals with similar log 

KOW values (Figure 6A), and in each case were far below 1.0. This result illustrates how 

somatic biotransformation and luminal biotransformation can act to prevent 

biomagnification of chemicals taken up from the diet. 

Few experimental BMFL data for EHMC and OCT are available in the literature. 

For OCT, the BMFL values calculated in the present study were consistent with a 

previously reported laboratory-derived BMFL of 0.034 kg lipid kg lipid-1 (Pawlowski et al. 

2019). However, BMFL values calculated in the present study for EHMC and OCT were 

substantially lower than those determined in field-collected fish (BMFL ≥ 1.0; Table 3.1). 

The higher lipid-normalized BMFs determined in field-collected fish may be due to a 

lower biotransformation capacity in the selected fish species. Other factors such as 

inadequate characterization of fish prey items or fish migration patterns can influence 

BMFL values determined in field studies (Kidd et al. 2018). Additionally, spatial and 

temporal heterogeneity of EHMC and OCT concentrations in water could contribute to 

overestimation of true BMFL values if fish were collected from areas where concentration 

gradients and/or seasonal fluctuations exist (Kim et al. 2016; Pawlowski et al. 2019). 

Based on laboratory-collected BMFL data presented here and elsewhere (Pawlowski et 

al. 2019), we conclude that EHMC and OCT have a low potential to biomagnify in fish. 
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Figure 3.6.  Lipid normalized biomagnification factors (BMFL; Panel A) and 

bioconcentration factors (BCF; Panel B) for reference chemicals (black circles), 

EHMC (purple triangles), and OCT (red squares) compared to log KOW. The 

horizontal solid lines represent bioaccumulation criteria of BMF of 1.0 kg lipid kg 

lipid -1 (Panel A) and BCF of 2000 L kg-1 (Panel B). 
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The respiratory uptake constants (k1; Table S7) determined for EHMC were 

(mean ± SE) 231 ± 17 L kg-1 d-1 (low), 240 ± 19 L kg-1 d-1 (medium), and 209 ± 24 L kg-1 

d-1 (high), while those calculated for OCT were 217 ± 45 L kg-1 d-1 (low), 208 ± 29 L kg-1 

d-1 (medium), and 242 ± 14 L kg-1 d-1 (high). 

Bioconcentration factors (BCF) for the reference chemicals increased with 

increasing log KOW (Figure 6B). When the BCFs were averaged across treatment tanks, 

mean BCFs ranged from 641 ± 45 (SE, n=6) for 3TCBz to 37,359 ± 15,965 (SE, n=6) for 

PCB 155. Bioconcentration factors calculated for EHMC were (mean ± SE) 471 ± 77 L 

kg-1 (low), 340 ± 97 L kg-1 (medium), and 379 ± 98 L kg-1 (high), while those determined 

for OCT were 1345 ± 298 L kg-1 (low), 1105 ± 163 L kg-1 (medium), and 1345 ± 298 L kg-1 

(high). In each case, BCFs for EHMC and OCT are approximately one to two orders of 

magnitude lower than the BCFs generated for reference chemicals with similar log KOW 

values. The comparatively lower BCF values generated for EHMC and OCT illustrates 

the influence of somatic biotransformation in reducing bioconcentration. When fish are 

exposed via the respiratory route, somatic contributes up to 99% and 93% of total 

biotransformation for EHMC and OCT, respectively (Equation 3.11; Table C8). The 

results also suggest that whole-body biotransformation rates are sufficient to reduce 

BCFs for EHMC and OCT below the REACH criterion for bioaccumulative substances 

(2000 L kg-1; Figure 3.6B). Bioconcentration factors determined for EHMC were in good 

agreement with the empirical range of 175–433 L kg-1 measured in rainbow trout (Table 

3.1), while those determined for OCT were only marginally higher than the upper range 

of empirical BCFs reported in zebrafish (41–972 L kg-1; Table 3.1). 

3.5. Summary and Conclusions 

The hydrophobic organic ultraviolet filters EHMC and OCT were biotransformed 

by rainbow trout following dietary exposure. Estimated whole-body biotransformation 

rate constants were independent of dietary exposure concentration. Lipid-normalized 

chemical concentrations in fish soma or liver were also much lower than previously 

generated KM values (i.e., CB or CL << KM). Collectively, these observations suggest that 

somatic biotransformation of EHMC and OCT was occurring under near first-order 

conditions. In addition to being biotransformed in the soma, a model-based evaluation of 

dietary uptake data suggested that metabolic activity in the gut lumen contributes 

substantially to biotransformation of EHMC and OCT. Somatic and luminal 
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biotransformation greatly reduce the potential for bioaccumulation of EHMC and OCT in 

trout. Modeled BMFs and BCFs generated for both chemicals were one to two orders of 

magnitude lower than BMFs and BCFs generated for reference chemicals of similar log 

KOW. Additionally, for both chemicals, BMFs and BCFs fell below established 

bioaccumulation criteria (1.0 kg lipid kg lipid -1 and 2000 L kg-1, respectively), suggesting 

that EHMC and OCT are unlikely to pose a bioaccumulation hazard in rainbow trout. 
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4.1. Summary 

Hepatic in vitro biotransformation assays, in combination with in vitro-in vivo 

extrapolation (IVIVE) and bioaccumulation modeling, may be used to support regulatory 

bioaccumulation assessments. In most applications, however, these methods ignore the 

possibility of extrahepatic metabolism. Here we evaluated intestinal biotransformation in 

rainbow trout using S9 fractions prepared from the upper intestinal (GIT) epithelium. 

Measured levels of activity determined using standard substrates for CYP1A, CYP3A, 

UGT, and GST were within 2-fold of activities measured in hepatic S9 fractions. In vitro 

intrinsic clearance rates for 2-ethylhexyl-4-methoxycinnamate (EHMC; an organic 

sunscreen agent) and two polycyclic aromatic hydrocarbons (pyrene [PYR] and 

benzo(a)pyrene [BAP]) were significantly higher in liver S9 fractions than in GIT S9 

fractions. For octocrylene (OCT; a second sunscreen agent), the opposite pattern was 

observed. An existing ‘liver only’ IVIVE model was expanded to consider 

biotransformation in both the liver and GIT. Relevant IVIVE scaling factors were 

developed by morphological, histological, and biochemical evaluation of trout intestines. 

For chemicals biotransformed at higher rates by hepatic S9 fractions (i.e., BAP, PYR, 

EHMC), the ‘liver only’ and ‘liver & GIT’ models yielded whole-body biotransformation 

rate constants (kMET) that did not differ substantially and were within 3.1-fold of empirical 

kMET values. In contrast to these findings, the mean kMET for OCT obtained using the ‘liver 

& GIT’ model was 3.3 times higher than that derived using the ‘liver only’ model. This 
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higher predicted kMET exhibited good agreement with empirical kMET estimates (<10% 

difference). The results of this study suggest that current ‘liver only’ IVIVE approaches 

may underestimate in vivo biotransformation rates for chemicals that undergo substantial 

biotransformation in the GIT. 

4.2. Introduction 

The potential for chemical bioaccumulation in fish and other aquatic species is a 

critical component in the evaluation of commercial chemicals for their risk to the 

environment and human health. Bioaccumulation occurs when the rate of chemical 

uptake exceeds the rate of elimination and may result in concentrations of chemical in an 

organism that greatly exceed those in surrounding water, air, or food. A metric that is 

commonly used to describe a chemical’s potential for bioaccumulation is the 

bioconcentration factor (BCF), which is defined as the steady-state chemical 

concentration in an organism divided by that in water, resulting from an aqueous (water-

only) exposure. A BCF for fish may be determined in standardized laboratory 

experiments (OECD 2012). For most chemicals, however, a measured BCF is 

unavailable, so computational models are used to estimate its value (Arnot and Gobas 

2003; 2004). Absent biotransformation, this predicted BCF largely reflects a fish's lipid 

content and the chemical’s measured or estimated octanol-water partition coefficient 

(KOW). If a chemical undergoes biotransformation, a BCF calculated solely from KOW may 

overestimate the true extent of accumulation, thereby mischaracterizing that chemical’s 

bioaccumulation potential (Nichols et al. 2009; Weisbrod et al. 2009). This makes 

biotransformation in fish a key parameter in predictive bioaccumulation modeling efforts. 

To improve bioaccumulation assessments for fish, methods are needed to 

measure or estimate chemical biotransformation rates and incorporate this information 

into BCF prediction models. One approach involves in vitro–in vivo extrapolation (IVIVE) 

of measured in vitro intrinsic clearance, whereby a chemical biotransformation rate is 

measured using an in vitro system derived from liver tissue (hepatocytes or subcellular 

liver preparations). This information is scaled to the intact liver to estimate in vivo hepatic 

clearance, which is then extrapolated to a whole-body biotransformation rate constant 

(Nichols et al. 2006; Han et al. 2007; Cowan-Ellsberry et al. 2008; Han et al. 2009; Laue 

et al. 2014; Trowell et al. 2018). In vitro biotransformation assays developed for rainbow 

trout have been shown to be highly reliable (Nichols et al. 2018b), leading to recent 
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adoption of these methods by the Organisation for Economic Co-operation and 

Development in test guidelines 319A and 319B (OECD 2018a; 2018b). 

Results to date show that BCFs predicted by incorporating measured in vitro 

biotransformation rates into established one-compartment models are much closer to 

measured values than BCFs generated assuming no biotransformation (Han et al. 2007, 

2009; Cowan-Ellsberry et al. 2008; Dyer et al. 2008; Laue et al. 2014; Fay et al. 2016). 

However, there remains a consistent tendency for these methods to overestimate BCFs 

relative to empirical values (Escher et al. 2011; Nichols et al. 2018a; Saunders et al. 

2019a). The true rate of in vitro intrinsic clearance may be underestimated if the assay is 

performed at inappropriately high substrate concentrations (Lo et al. 2015a; Nichols et 

al. 2018a, Saunders et al. 2019a). In such cases, failure to predict in vivo levels of 

activity may be due to the in vitro data used to perform the extrapolation. Alternatively, 

the well-stirred liver model employed as part of the extrapolation procedure may be 

insufficient to predict hepatic clearance of some highly bound chemicals (Escher et al. 

2011). Finally, current IVIVE methods assume that biotransformation occurs primarily in 

the liver. If substantial biotransformation occurs in other tissues, this approach will tend 

to underestimate the true whole-body biotransformation rate constant (Nichols et al. 

2013b). 

Few attempts have been made to quantitatively relate measured in vitro activity 

for extrahepatic tissues to chemical bioconcentration in fish. Exceptions include studies 

by Gomez et al. (2010) and Stadnicka-Michalak et al. (2018). Biotransformation rates for 

ibuprofen, propranolol, and norethindrone were measured in rainbow trout gill and liver 

S9 fractions (Gomez et al. 2010). These rates were then extrapolated to estimates of 

whole-body clearance and used as inputs to a one-compartment BCF prediction model. 

For ibuprofen and propranolol, BCFs predicted in this manner were significantly lower 

than BCFs estimated using only hepatic biotransformation rate constants (Gomez et al. 

2010). Gill, liver, and intestinal cell lines were shown to metabolize benzo(a)pyrene 

(Stadnicka-Michalak et al. 2018). These data were subsequently incorporated into a 

physiologically based toxicokinetic (PBTK) model for fish, resulting in improved 

agreement between predicted and empirical BCFs. 

Microsomes isolated from intestinal tissues of several fish species were shown to 

exhibit measurable activities toward standard substrates for phase I and phase II 
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biotransformation enzymes (Van Veld et al. 1988; 1990; 1991; James et al. 1997; Lee et 

al. 2001; Lou et al. 2002), suggesting that the intestine is an important site for 

biotransformation. Additional work indicates that biotransformation in the gastrointestinal 

tract may substantially reduce chemical uptake in fish from contaminated food (Van Veld 

et al. 1988). Presently, however, there are no standardized methods for measuring in 

vitro intrinsic intestinal clearance in fish (including all relevant biotransformation 

pathways), and there is limited knowledge of the scaling factors required to extrapolate 

this activity to the intact tissue. Although the impact of hepatic and intestinal 

biotransformation on chemical accumulation in fish may be predicted using a full PBTK 

model (Stadnicka-Michalak et al. 2018), a simple IVIVE approach that could be used to 

inform one-compartment BCF prediction models currently does not exist. 

In the present study, in vitro biotransformation rate constants were measured for 

two organic sunscreen agents (2-ethylhexyl-4-methoxycinnamate [EHMC] and 

octocrylene [OCT]) and two polycyclic aromatic hydrocarbons (pyrene [PYR] and 

benzo(a)pyrene [BAP]), using hepatic and intestinal S9 fractions from rainbow trout. An 

existing IVIVE model (Nichols et al. 2013b) was expanded to consider biotransformation 

in both the intestines and liver. Scaling factors required to support this effort were 

developed by morphological, histological, and biochemical evaluation of trout intestines. 

The expanded IVIVE model was evaluated by comparing estimated whole-body 

biotransformation rate constants to rate constants extrapolated using a ‘liver only’ IVIVE 

model. Additional comparisons were then made to empirical rate constants generated in 

in vivo studies with trout. 

4.3. Materials and Methods 

4.3.1. Chemicals 

Adenosine 3’-phosphate 5’-phosphosulfate (PAPS; 80% pure) was obtained from 

EMD Millipore (Calbiochem). The reduced form of β-nicotinamide adenine dinucleotide 

phosphate (β-NADPH, > 95% pure) was purchased from Oriental Yeast. Solvents were 

obtained from Fisher Chemical. All other chemicals and cofactors were purchased from 

Sigma-Aldrich and were reagent-grade or higher in quality. 
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4.3.2. Fish 

Rainbow trout (Oncorhynchus mykiss, Erwin strain) were obtained as eggs from 

the US Geological Survey Upper Midwest Environmental Sciences Center in LaCrosse, 

WI, and reared to the desired size (~400-700 g; Table 4.1) at the USEPA laboratory in 

Duluth, MN. The gonadosomatic index (GSI; gonad mass/body mass × 100) was 

determined for each test animal. Measured values ranged from 0.03 to 0.06 for males 

and 0.24 to 0.56 for females (Appendix D, Table D1), demonstrating that fish were 

sexually immature at the time of use (Nichols et al. 2018a). Fish were fed Silver Cup 

trout chow (Nelson and Sons) and were maintained on a natural photo-period at 11 ± 1 

°C. Water for fish holding was obtained directly from Lake Superior (single-pass, sand-

filtered, and ultraviolet treated). All fish were fasted for at least 24 h prior to use. 

4.3.3. Homogenates and S9 fractions  

Three groups of 3 trout were processed individually to obtain paired pools of liver 

and intestinal S9 fractions (3 sample pairs in total). Details pertaining to the preparation 

liver S9 fractions are given elsewhere (Johanning et al. 2012). Briefly, fish were 

euthanized with ethyl-3-aminobenzoate methanesulfonate (MS 222, 300 mg L-1) buffered 

with 900 mg L-1 NaHCO3. The hepatic vein was severed and 10 to 20 mL of ice-cold 

clearing buffer (Hank’s balanced salt solution with 10 mM N-2-hydroxyethylpiperazine-

N’-2-ethane-sulfonic acid and 3 mM ethylenediamine tetraacetic acid [EDTA], pH 7.8) 

was perfused through the hepatic portal vein. Livers were then excised, rinsed with 

clearing buffer, minced in 2 volumes of homogenization buffer (50 mM Tris, 2 mM EDTA, 

1 mM dithiothreitol [DTT], 150 mM KCl, and 250 mM sucrose; pH 7.8), and homogenized 

using a Potter-Elvehjem mortar and pestle. 

Procedures used to prepare intestinal S9 fractions were adapted from methods 

used to obtain intestinal microsomes (James et al. 1997; Kleinow et al. 1998; McElroy 

and Kleinow 1992). Briefly, the anterior intestine (upper intestine minus the pyloric ceca; 

Figure D1) was excised and rinsed with ice-cold 0.9% NaCl solution to remove luminal 

contents and expose the mucosal (epithelial) cell layer. The tissue was transferred to an 

ice-cold glass plate with the mucosal side facing upward. Epithelial cells were then 

removed by gentle scraping with the edge of a glass microscope slide, pooled, and 

placed in 10 mL of ice-cold homogenization buffer (phenylmethyl sulfonyl fluoride-free; 
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see Appendix D, Preliminary studies with PMSF, and Table D2). In these preparations, 

the epithelial cell types were not identified but it was assumed that collected enterocytes 

in the mucosal cells provided the majority of the metabolic activity. The cells were 

sedimented at 2000 g, weighed, and homogenized in 4 volumes of homogenization 

buffer using a Potter-Elvehjem mortar and pestle. Portions of the liver and intestinal cell 

homogenates were retained on ice while the remaining portions were centrifuged at 

13,000 g for 20 min (4 °C) to obtain S9 fractions. Crude homogenates and S9 fractions 

were flash-frozen in liquid N2 and stored at −80 °C until use. 

The protein concentration of pooled S9 samples was measured by Peterson’s 

modification of the Lowry method (Sigma-Aldrich 2003) using bovine serum albumin 

(fraction V) as the standard. The measured protein content of liver and intestinal S9 

fractions averaged 25 and 11 mg mL-1, respectively (Table D3). This difference in protein 

content was largely due to different dilution factors (2-fold and 4-fold, respectively) 

employed during tissue homogenization. The total CYP content of S9 samples and 

crude tissue homogenates was determined using a dithionite difference spectroscopy 

method (Matsubara et al. 1976) modified for use with fish (Nichols et al. 2013b). The 

number of sample replicates for each assay is given in Table D3. 

4.3.4. Characterization assays  

The metabolic activities of liver and intestinal S9 fractions were evaluated by 

performing a set of assays using model substrates for cytochrome P450 1A (CYP1A), 

cytochrome P450 3A (CYP3A), UDP-glucuronosyltransferase (UGT), and glutathione-S-

transferase (GST). CYP1A activity was characterized by measuring the rate of 7-

ethoxyresorufin-O-dealkylation (EROD assay; Burke and Mayer 1974). UGT activity was 

characterized by measuring glucuronidation of p-nitrophenol (Ladd et al. 2016). GST 

activity was assessed by measuring glutathione conjugation of 1-chloro-2,4-

dinitrobenzene (Habig et al. 1974). Details pertaining to these assays are given 

elsewhere (Nichols et al. 2013a). 

CYP3A activity was characterized by measuring the hydroxylation of testosterone 

to 6β-hydroxy-testosterone (T6BH; Han et al. 2009). Reaction mixtures (700 μL) were 

incubated for 30 min and consisted of 1 mg mL-1 S9 protein, 2 mM NADPH, and 130 μM 

testosterone in 100 mM potassium phosphate buffer containing 1 mM MgCl2. T6BH was 
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quantified by pipetting 200 μL of the reaction mixture into 800 μL MeOH containing  

250 ng mL-1 of 11-ketoandrostenedione as the internal standard. The samples were held 

at 4 °C overnight to precipitate S9 protein, re-mixed, and centrifuged at 3000 g for 10 

min (4 °C). Subsamples of the supernatant were then diluted 20-fold with MeOH:MQ 

water (4:1; v/v) and analyzed by LC-MS. All characterization assays were performed 

using saturating substrate concentrations at the physiological temperature (11 °C) and 

pH (7.8) for trout. The number of sample replicates for each assay is given in Table D3. 

4.3.5. In vitro biotransformation assay 

Substrate depletion experiments were conducted at 11 ± 1 °C in a 1 mL reaction 

vessel containing 100 mM potassium phosphate buffer (pH 7.8) and the cofactors β-

NADPH, uridine 5’-diphosphoglucuronic acid (UDPGA), adenosine 3’-phosphate 5-

phosphosulfate (PAPs), and reduced glutathione (GSH) at final concentrations of 2 mM, 

2 mM, 0.1 mM, and 5 mM, respectively. Buffer, S9 fractions (1 mg mL-1 S9 protein), and 

25 mg mL-1 alamethicin were mixed and pre-incubated on ice for 15 min. It is assumed 

that alamethicin does not reduce the activities of biotransformation enzymes (i.e., CYP) 

in the S9 fractions (Fisher et al. 2000). Reactions were then initiated by adding the test 

chemicals in acetone carrier (0.5% [v/v] final concentration). Initial concentrations of test 

chemicals in the incubation media averaged 0.056, 0.013, 0.10, and 0.47 μM for PYR, 

BAP, EHMC, and OCT, respectively. These concentrations are well below previously 

reported apparent Michaelis-Menten constants (KM) for each reaction (Nichols et al. 

2018a; Saunders et al. 2019a). All depletion experiments were performed in duplicate for 

each chemical and S9 pool. Matrix blanks and heat-inactivated S9 controls were run with 

each assay to evaluate chemical extraction efficiency and characterize potential non-

enzymatic chemical losses. All incubations were performed in the dark to limit 

photodegradation of EHMC and OCT. Reactions were terminated by transferring 100 μL 

aliquots of the incubation media into 300 μL of ice-cold acetonitrile. Up to 9 aliquots were 

removed from each reaction vial. Incubation periods were adjusted to account for 

chemical-specific difference in the rate of biotransformation, and did not exceed 75 min. 

Samples containing PYR and BAP were vortexed and centrifuged at 3000 g for 6 

min (4 °C). Supernatants were then analyzed by high-performance liquid 

chromatography (HPLC). For samples containing EHMC and OCT, internal standard 

(d12-chrysene; 5 μL of 0.5 μM) was added to each vial and mixed using a vortex mixer 
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for 10 s. N-hexane (1.0 mL) was added to each vial and the vials were shaken on a 

vortex mixer for 5 min to extract each chemical and internal standard. Following 

extraction, the vials were centrifuged at 3000 g for 10 min (4 °C). The hexane 

supernatants were then transferred to 2 mL amber glass vials for gas chromatography-

mass spectrometry (GC-MS) analysis. 

4.3.6. Instrumental Analyses 

Samples containing T6BH were analyzed on an Agilent HPLC/Triple Quadrupole 

6410 tandem mass spectrometer. A 10 μL sample of the extract was injected into a 

Zorbax Rapid Resolution HD SB-C18 column (1.8 μm; 2.1 × 50mm; Agilent) at 30 °C. 

Mobile phase A consisted of 100% water and mobile phase B was 100% methanol. The 

mass spectrometer was operated in positive ion mode, with electrospray ionization 

source capillary voltage set at +6.0 kV and desolvation temperature set at 350 °C. 

Nitrogen was used as the collision gas. Data were collected in multiple reaction 

monitoring (MRM) scanning mode (T6BH m/z 305 → 269 and 11-ketoandrostenedione 

m/z 301 → 121). The 9.1 min gradient timetable was as follows: An initial mobile phase 

composition of 78% A and 22% B at a flow rate of 0.4 mL min-1 was ramped during the 

interval 0 to 7 min to 35% A and 65% B, then to 0% A and 100% B from 7.1 to 9.1 min. 

At 9.1 min the composition returned to the initial conditions. LC eluent was monitored 

from 0 to 7 min; the rest of the time the stream was diverted to waste. Retention times 

for T6BH and 11-ketoandrostenedione were 5.4 min and 5.9 min, respectively. 

Samples containing PYR and BAP were analyzed using an Agilent 1260 HPLC 

system with a fluorescence detector. Chromatography was performed with a reverse-

phase Hypersil Green PAH column (3 μm, 100 x 2.1 mm; Thermo Fisher Scientific). 

Solvent A consisted of 90% MQ water and 10% ACN and Solvent B consisted of 5% 

water and 95% ACN. The solvents were run isocratically at a flow rate of 0.7 mL min-1, 

but the proportions of solvents A and B were changed for each PAH to optimize run time 

and peak symmetry. The excitation/emission wavelengths (nm) were 237/390 and 

255/420 for PYR and BAP, respectively (Nichols et al. 2018a). 

Samples containing EHMC and OCT were analyzed using an Agilent 6890N gas 

chromatograph attached to an Agilent 5975C mass spectrometer. A 1 μL sample of the 

extract was injected into a 15 m x 320 μm 0.25 μm DB-1HT 100% dimethylpolysiloxane-

coated column (Agilent). The oven was held at an initial temperature of 45 °C for 1.5 
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min, and then increased at 15 °C min-1 to 150 °C, followed by an increase at 10 °C min-1, 

to a final temperature of 285 °C (5 min). The injection port and ion source temperatures 

were 45 °C and 230 °C, respectively. The carrier gas was helium at 1 mL min-1 flow rate. 

The selected ions at m/z were 178, 161 (EHMC), 249, 232 (OCT), 240 (d12-chrysene). 

Peak areas were integrated and used to quantify the test chemicals using Chemstation 

software (Hewlett Packard). The calibration curves exhibited strong linearity (R2 ≥ 0.99) 

with constant relative response factors obtained over the range of chemical 

concentrations. 

4.3.7. Calculation of in vitro intrinsic clearance 

An in vitro-in vivo extrapolation (IVIVE) model was developed to estimate whole-

body rates of biotransformation from measured rates of in vitro intrinsic clearance in liver 

(CLINT,LIVS9) and intestinal (CLINT,GITS9) S9 fractions (Figure 4.1). Measured chemical 

concentrations from substrate depletion experiments were transformed to their natural 

logarithms and regressed against time (t). First-order depletion rate constants (kDEP; h-1) 

were determined from the slope of the fitted linear relationship:  

"#$% = "#$' − )üÑ� 	× 	/	     (4.1)  

where C0 and Ct are the concentrations of the test chemical (μM) in the incubation 

medium at time 0 and time t (h). The kDEP values obtained using liver (kDEP,L) and 

intestinal (kDEP,G) S9 fractions were then divided by the measured concentration of S9 

protein (CS9,L or CS9,G; 1 mg mL-1) to calculate CLINT,LIVS9 and CLINT,GITS9 with units of mL  

h-1 mg protein-1. 
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Figure 4.1.  In vitro-in vivo extrapolation (IVIVE) model for estimating whole-

body biotransformation rate constants from in vitro depletion rate constants 

measured in hepatic and intestinal S9 fractions. 

4.3.8. Calculation of hepatic clearance 

Multiplying CLINT,LIVS9 by the S9 content of liver tissue (LS9; mg S9 protein g liver-1) 

and liver weight as a fraction of total body weight (LFBW; g liver g fish-1) yields the in vivo 

hepatic intrinsic clearance (CLINT,LIV; mL h-1 g fish-1). Further multiplication by 24 h d-1 

provides units of mL d-1 g fish-1 (equal to L d-1 kg fish-1). The LFBW (0.0092; Table 4.1) 

was determined in a separate pool of rainbow trout (n = 7; Table D4), and is within the 

range previously reported values (0.7−2.9%; Cowan-Ellsberry et al. 2008). The LS9 was 

estimated using a ratio method analogous to that used to estimate the microsomal 

protein content of liver tissue (Nichols et al. 2013b): 
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"gh =
,¢on	7∏�	xk	nxπ+∫	zo¢op+kj%+	p	%x{{°+ªú

,¢on	7∏�	xk	nxπ+∫	gh	@∫jy%xok	¢p	gh	,∫o%+xkªú
    (4.2) 

where pmol CYP refers to the total CYP content of crude homogenates and S9 fractions. 

Application of this ratio method assumes that any loss of S9 protein during the 

processing of liver samples is proportional to the loss of microsomal protein. 

Hepatic clearance (CLH; L d-1 kg fish-1) was calculated using a well-stirred liver 

model that accounts for possible rate limitations imposed by liver blood flow (QL; L d-1 kg 

fish-1) (Wilkinson and Shand 1975): 

$"= =
>õ	×	@A	×	7B±ºë,õ±Ω	
(>õ	9	@A	×	7B±ºë,õ±Ω)

     (4.3) 

The QL was set equal to 25.9% of cardiac output (QC; L d-1 kg fish-1; Nichols et al. 1990). 

The QC for trout was estimated using an empirical equation that accounts for differences 

in fish acclimation temperature (T; °C) and body weight (WB, IN VIVO; g) (Erickson and 

McKim 1990): 

æ7 = ø(0.023	¬ − 0.78) × 5YÅ,±º	Ω±Ωä
u''

<
r'.t

ƒ × 	24  (4.4) 

The well-stirred model includes a parameter, fU, that corrects for potential binding 

effects on CLH. The value of fU was calculated as the ratio of the unbound (or free) 

chemical fractions in blood plasma (ϕP; unitless) and the S9 incubation medium (ϕS9; 

unitless) (Nichols et al. 2013a): 

JK =
LM
LNO

       (4.5) 

The ϕP was calculated as: 

ϕQ 	= 	RSTU	/WXY	      (4.6) 

where vWBL is the fractional water content of blood (0.84) and PBW is the equilibrium 

blood-water partition coefficient, calculated according to Fitzsimmons et al. (2001):  

WTS =	 ((10'.\]	^_`	a_b 	× 	0.16) 	+ 	0.84)   (4.7) 
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It was shown previously that Equation 4.7 provides reasonable estimates of ϕP when 

compared to blood binding data for chemicals covering a range in log KOW from 1 to 8 

(Nichols et al. 2013b). 

Several authors have developed algorithms to estimate chemical binding in trout 

S9 fractions (Ham et al. 2009; Lee et al. 2017; Nichols et al. 2018a). An empirical 

relationship given by Han et al. (2009) was originally developed using binding data for 

rat liver microsomes: 

ϕgh;	=jk = 1	/	($gh 	× 	10'.lhm	nop	:oqrs.tuv + 1.0)   (4.8)  

More recently Nichols et al. (20178a) measured unbound fractions for 3 

polycyclic aromatic hydrocarbons (PAH) across a range of S9 protein concentrations and 

derived the relationship: 

 ϕgh;	wxyzon{ = 1	/	($gh 	× 	10t.]]	nop:oqrm.l + 1.0)   (4.9) 

The tissue-composition based algorithm given by Lee et al. (2017) estimates ϕS9 

based on fractional amounts of lipid and protein in the incubation medium:  

 ϕgh;	B++ = |Y,gh	/	(|B,gh}~Y + |�,ghÄ}~Y + |Y,gh	)   (4.10) 

where FW,S9, FL,S9, and FP,S9 are the fractions of water, lipid, and protein (v/v; unitless), 

respectively (Table D5). The proportionality constant (θ) reflects the sorptive capacity of 

protein relative to that of octanol and was assumed to be 0.05 (deBruyn and Gobas 

2007). 

Unbound fractions determined using Equations 4.8−4.10 were used in Equation 

4.5 to calculate different binding correction factors (fU). Changes in fU can have a large 

impact on extrapolated whole-body biotransformation rate constants (Laue et al. 2014; 

Nichols et al. 2013a; Saunders et al. 2019a). Therefore, a separate evaluation was 

performed to determine which S9 binding algorithm provided the best estimate of in vivo 

biotransformation rate constants, as described below (see Evaluation of chemical 

binding effects). 
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4.3.9. Calculation of intestinal clearance 

In vivo intestinal intrinsic clearance (CLINT,GIT; L d-1 kg fish-1) was estimated by 

multiplying CLINT,GITS9 by the fractional mucosal cell weight (MCFBW; g mucosal cells g 

fish-1), the S9 content of mucosal cells (MCS9; mg S9 g tissue-1), and the units conversion 

factor 24 h d-1. The MCS9 was calculated using the ratio method described in Equation 

4.2. For this exercise, however, we used measured CYP content values for mucosal cell 

homogenates and S9 fractions. The MCFBW accounts for differences in total mass of 

epithelial cells that line the pyloric ceca (ΦMC,PC) and anterior intestine (ΦMC,AG), 

expressed as fractions of tissue weight. Estimates of ΦMC,PC and ΦMC,AG (Table 4.1) were 

obtained from stained transverse sections of pyloric ceca and anterior intestine (Figure 

D2, Table D6, and accompanying text in Appendix D). These values were then multiplied 

by the weights of the pyloric ceca (WPC; g) and anterior intestine (WAG; g) to estimate the 

total mucosal cell weight (WMC; g):  

¶Ö7 = (ΦÖ7,�7 ×¶�7) + (ΦÖ7,∑á ×¶∑á)   (4.11) 

The WAG was set equal to the measured weight of the anterior intestine, determined in 

this study (0.99 g; Table 4.1). An estimate of WPC was obtained by subtracting WAG from 

the estimated total weight of the upper intestine (WUI; g, including both pyloric ceca and 

anterior intestine), determined using data from a separate pool of rainbow trout (n = 7; 

Table D4). Expressed as a fraction of body weight, this total tissue weight (0.99%) is in 

good agreement with previously reported values for trout (0.8−1.2%; Barron et al. 1987; 

Nichols et al. 2004). Finally, the WMC was divided by mean fish body weight (Table 4.1) 

to generate MCFBW (0.0074 g mucosal cells g fish-1). 
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Table 4.1.  Mean (SD) fish and tissue weights, and liver and intestinal (GIT) scaling factors determined in rainbow trout. 

Parameter Value Equation 

Fish and tissue weightsa 
  

Fish body weight (WB; g) 534 (121) 
 

Anterior intestine weight (WAG; g) 0.99 (0.23) 
 

Liver scaling factors 
  

Fractional liver weight (LFBW; g g-1)b 0.0092 (0.0017) 
 

GIT scaling factors 
  

Fractional upper intestine weight (GFBW; g g-1)b 0.0099 (0.0013) 
 

Estimated upper intestine weight (WUI; g) 5.29 GFBW × WB 
Estimated pyloric ceca weight (WPC; g) 4.30 WUI − WAG 
Fraction of mucosal cells covering pyloric ceca (ΦMC,PC)c 0.76 (0.025) 

 

Fraction of mucosal cells covering anterior intestine (ΦMC,AG)c 0.67 (0.003) 
 

Total mucosal cell weight (WMC; g) 3.93 ΦMC,PC × WPC + ΦMC,AG × WAG 
Fractional mucosal cell weight (MCFBW; g g-1) 0.0074 WMC / WB 
a Mean (n=9) values determined from the fish selected for S9 preparation (Table D1). 
b Mean (n=7) values determined from a separate pool of trout (Table D4). 
c Values determined from the quantification of mucosal cell areas of the upper intestinal tract (Equation D1; Table D6). 
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Calculation of intestinal clearance (CLG; L d-1 kg fish-1) was also performed using 

a well-stirred model: 

!"# =
%&	×	)*	×	+,-./,1-/	
(%&	3	)*	×	+,-./,1-/)

     (4.12) 

Most of the blood that perfuses the liver originates as venous blood draining the 

intestines. Blood flow to the intestines was therefore set equal to that flowing to the liver. 

Expressed as a percent of QC (25.9%), this value is within the range of reported 

intestinal blood flows in fish (10−40% of QC; Seth et al. 2011). The measured amount of 

protein in both the intestinal and liver S9 assays was the same (1 mg mL-1). The binding 

term fU used to calculate CLG was therefore set equal to that used to calculate CLH. 

4.3.10. Calculation of total clearance  

The independently calculated hepatic and intestinal clearance terms were used 

to calculate total clearances (CLTOT; L d-1 kg fish-1) for the selected test chemicals. This 

required that consideration be given to the series arrangement of the tissues. That is, the 

amount of chemical cleared by the liver depends on that remaining in blood following 

intestinal biotransformation (Nichols et al. 2007). Assuming as indicated above that most 

of the blood flowing to the liver originates from the intestines, this total clearance may be 

calculated as (Gillette 1982): 

!"565 = !"# + 8!"9 ×
%&:+,1
%&

;     (4.13) 

4.3.11. Calculation of whole-body biotransformation rate 
constants 

In vivo biotransformation rate constants (kMET; d-1) were calculated by dividing 

CLH or CLTOT by each chemical’s apparent volume of distribution (VD; L kg-1): 

<=>5 =
+,?	@A	+,/B/

CD
      (4.14) 

where the VD relates the sorptive capacity of the fish to that of blood at steady state. To 

our knowledge, measured VD values are unavailable for the 4 test chemicals and were 

not determined as part of this study. Therefore the VD for each chemical was calculated 
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as: vLWB KOW/PBW, where vLWB is the fractional lipid content of the organism (Nichols et al. 

2013b). The vLWB was set to an assumed value of 0.05 for BAP and PYR, or to the mean 

measured value determined in previous studies with EHMC and OCT (0.042 and 0.037, 

respectively; Table 4.2). All parameters and equations contained within the IVIVE model 

are provided in Appendix D, Table D5. 

4.3.12. Empirical biotransformation rate constants 

Empirical in vivo biotransformation rate constants (kMET; Table 4.2) for EHMC and 

OCT were reported previously by Saunders et al. (2019b). Importantly, these values 

were obtained using the same strain of rainbow trout employed in the present study, 

held under identical experimental conditions. Empirical kMET values for BAP and PYR in 

trout were available from multiple studies (Arnot et al. 2008; Lo et al. 2015b; 2016). To 

improve comparisons between the different studies, all rate constants for BAP and PYR 

were normalized to a 10 g fish at 11°C using the relationship (Arnot et al. 2008): 

<=>5,E = <=>5,F(
GH,.

GH,I
):J.LMexp[0.01(TE − TF)]   (4.15) 

where kMET,N is the normalized rate constant, kMET,i is the study-specific rate constant, 

WB,N is the normalized mass of the organism (10 g), WB,i is the original study-specific 

mass of the organism (g), TN is the normalized water temperature (11°C), and Ti is the 

original study-specific water temperature (°C). Study-specific information used to 

calculate the normalized kMET values is provided in Table D7. 
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Table 4.2.  Mean fish weight (WB, IN VIVO; g), fractional whole-body lipid content 
(vLWB)and somatic in vivo biotransformation rate constants 
(kMET; d-1) of the four test chemicals.  

Chemical WB, IN VIVO vLWB kMET Source 
EHMC 42 0.042 0.467 Saunders et al. 2019b 

 39 0.046 0.653  
 39 0.038 0.502  

OCT 32 0.036 0.077 Saunders et al. 2019b 
 36 0.038 0.104  
 40 0.038 0.097  

BAPa 10 0.050 1.05 Arnot et al. 2008 
 10 0.050 0.33 Arnot et al. 2008 
 10 0.050 0.14 Lo et al. 2015b 
 10 0.050 0.32 Lo et al. 2016 
 10 0.050 0.62 Lo et al. 2016 

PYRa 10 0.050 0.44 Arnot et al. 2008 
 10 0.050 0.45 Lo et al. 2016 

aValues for vLWB are assumed and the kMET is adjusted to a 10 g fish at 11 °C (Equation 4.15) 

4.3.13. Evaluation of chemical binding effects  

Binding correction factors (fU) used to extrapolate in vitro data to the intact tissue 

can have large impacts on estimated biotransformation rates and represent a major 

source of uncertainty in current IVIVE models (Laue et al. 2014; Nichols et al. 2013b; 

Saunders et al. 2019a). In the present study, therefore, ‘apparent’ fU values (fU,apparent; 

unitless) were calculated from estimated rates of in vivo clearance (CLINT,LIV) and 

empirical kMET values for chemicals predominantly transformed in the liver (i.e., for which 

CLINT,LIV > CLINT,GIT). Empirical kMET values were converted to CLH values by 

rearrangement of Equation 4.14: 

!"9 = 	<=>5WX       (4.16) 

Apparent fU values were then obtained by rearrangement of Equation 4.3: 

YZ,[\\[A]^_ =
%&

`%&	×
a&-./,&-b

a&?
c:+,-./,&-b

    (4.17) 

Finally, fU,apparent values calculated using Equation 4.17 were compared to binding 

correction factors (fU = ϕP/ϕS9; Equation 4.5) generated using the available S9 binding 

algorithms (Equations 4.8−4.10) to determine which of these algorithms best predicts 

fU,apparent. 
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4.3.14. IVIVE model evaluation 

In vitro depletion rate constants for each chemical were extrapolated to estimate 

kMET using an existing (‘liver only’) IVIVE model (Nichols et al. 2013b) and the expanded 

(‘liver & GIT’) IVIVE model presented here (Figure 4.1). For this exercise, fU values were 

set equal to those calculated using the most predictive S9 binding algorithm, as 

determined above. The expanded IVIVE model was evaluated by comparing predicted 

whole-body biotransformation rate constants to rate constants predicted using the ‘liver 

only’ IVIVE model. Additional comparisons were then made to empirical rate constants 

generated in in vivo studies with trout (Table 4.2). 

4.3.15. Statistical Analyses 

A Welch’s t test was used to evaluate differences in mean enzyme activities 

between the liver and intestinal S9 fractions, differences in total CYP content between 

liver and intestinal S9 fractions and homogenates, and differences in test chemical 

depletion rate constants between liver and intestinal S9 fractions. All statistical analyses 

were performed in R (Version 3.3.3). A p-value < 0.05 was considered statistically 

significant. 

4.4. Results and Discussion 

4.4.1. Characterization of trout liver and intestinal S9 fractions 

The mean (± SE) total CYP content of liver (10,721 ± 1,233 pmol CYP g tissue-1) 

and intestinal (11,035 ± 1,062 pmol CYP g tissue-1) homogenates did not differ 

significantly (p = 0.8567; Table 4.3). However, the CYP content of intestinal S9 fractions 

(48.09 ± 2.86) was approximately 2-fold lower than that of liver S9 fractions (80.52 ± 

4.09; p = 0.0042). This difference in CYP recovery is accounted for in the IVIVE model 

by calculating the S9 protein content of liver tissue (LS9) and mucosal epithelial cells 

(MCS9) (Equation 4.2). The calculated values for LS9 and MCS9 were 133.4 ± 14.4 g 

tissue-1 and 228.5 ± 9.34 mg S9 g tissue-1, respectively (Table 4.3). To our knowledge, 

the MCS9 has never been measured in fish. The LS9 determined here is within the range 

of values reported previously for trout (79−170 mg S9 g tissue-1; Cowan-Ellsberry et al. 

2008; Nichols et al. 2013b). 
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Table 4.3.  Calculated S9 protein content of trout liver and gastrointestinal tract 
(GIT) mucosal cells determined from based on cytochrome P450 
(CYP) content of S9 fractions and crude tissue homogenatesa. 

CYP Measurements Liver GIT 

CYP content of homogenates (pmol CYP g tissue-1) 10,721 ± 1,233 11,035 ± 1,062 
Protein normalized CYP content of S9 fractions (pmol CYP mg 
S9 protein-1) 80.52 ± 4.09 48.09 ± 2.86 
Calculated S9 protein content (LS9 or MCS9; mg S9 protein g 
tissue-1) 133.4 ± 14.4 228.5 ± 9.34 

aAll values are reported as the mean ± SE, n=3. 

A possible reason for the lower CYP content of the intestinal S9 fractions is that 

intestinal mucous impacts the separation of intact cells, cell debris, and microsomal 

protein during the centrifugation of tissue homogenates. Treatment with diothiotreitol 

(DTT) was shown to increase yields of isolated epithelial cells from Rhesus Macaques 

intestinal tissue (Pan et al. 2012). DTT decreases mucous viscosity by reducing disulfide 

bonds, thereby dissociating mucin fibers into monomeric subunits. In the present study, 

DTT was added to the homogenization buffers at concentrations comparable to other 

enterocyte isolation procedures (Goodyear et al. 2014; Pan et al. 2012; Salinas et al. 

2007). By adding DTT to intestinal washing buffers it may be possible to ‘break down’ 

mucous and improve CYP recovery in intestinal S9 fractions; however, this would have 

to be determined. 

Measured EROD, T6BH, UGT, and GST activities in liver S9 fractions ranged 

from 3.5–4.4 pmol min-1 mg protein-1, 32–53 pmol min-1 mg protein-1, 711–1281 pmol 

min-1 mg protein-1 and 614–824 nmol min-1 mg protein-1, respectively (Table D3). Similar 

values have been reported previously for trout liver S9 fractions (Han et al. 2009; Nichols 

et al. 2018a). Measured EROD and GST activities in intestinal S9 fractions were 

approximately 2-fold lower than those determined in liver S9 fractions (Figure 4.2, 

Panels A and D; p < 0.05). The UGT activities of intestinal and liver S9 fractions did not 

differ statistically (Figure 4.2C; p = 0.5057). Previous authors have reported that EROD 

activities in liver microsomes prepared from different species of un-induced fish are 

between 4- and 27-fold higher than activities in intestinal microsomes (Van Veld et al. 

1988; 1990; 1991; James et al. 1997). Other studies have shown modest (≤ 2-fold) 

differences in GST and UGT activities between liver and intestinal subcellular fractions 

(Lindström-Seppä et al. 1981; Van Veld et al. 1991). 
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Measured T6BH activities in intestinal S9 fractions were 1.5-fold higher than 

those in liver S9 fractions (Figure 4.2B; p = 0.0352). This difference is comparable to 

reported differences in T6BH activity in liver and intestinal microsomes from channel 

catfish and rainbow trout (Lee et al. 2001; Lou et al. 2002). Immunohistochemical and 

mRNA analyses of CYP3A subfamily genes have demonstrated strong responses in the 

intestine and liver of fish (Cok et al. 1998). In particular, the subfamily isoforms 

CYP3A27 (Lee et al. 2001) and CYP3A45 (Lee and Buhler 2003) are expressed 

abundantly in the rainbow trout intestine. These findings suggest that CYP3A isoforms 

are involved in the first-pass clearance of xenobiotics (Hegelund and Celander 2003). 

Collectively, the results of this and previous studies indicate that the intestinal epithelium 

in fish possesses a robust capacity to biotransform chemical contaminants. 

  
Figure 4.2.  Mean activities of 7-ethoxyresorufin-O-dealkylation (EROD; A), 
testosterone-6β-hydroxylation (T6BH; B), glucuronidation of p-nitrophenol (UGT; 
C) and glutathione conjugation of 1-chloro-2,4-dinitrobenzene (GST; D) in liver and 
intestinal (GIT) S9 fractions. Error bars represent the standard error of the mean 
(n=3). The p-values are the results from a Welch’s t test used to compare activities 
of the standard substrates between liver and GIT S9 fractions (p < 0.05). 
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Total CYP content, EROD activity, and aryl hydrocarbon hydroxylase (AHH) 

activity in the pyloric ceca of spot (Leiostomus xanthurus) were approximately 2-fold 

higher than values measured in the anterior intestine (Van Veld et al. 1988). Similarly, 

the total CYP content in the pyloric ceca of scup (Stenotomus versicolor) was 

approximately 2-fold higher than in the hindgut (Stegeman et al. 1979). Higher 

enzymatic activities in the proximal portion of the intestine in spot and scup may reflect 

the fact that this region is the first line of defense against dietary xenobiotics. In the 

present study, intestinal S9 fractions were obtained from the anterior portion of the upper 

intestine, distal to the pyloric ceca (Figure D1). If, as in spot and scup, the concentration 

of biotransformation enzymes in the trout intestine is higher in the pyloric ceca than in 

other regions, then in vivo intrinsic clearance rates calculated here for the entire upper 

intestine may underestimate true levels of activity. 

4.4.2. In vitro biotransformation rates 

All test chemicals exhibited a significant log-linear decrease in chemical 

concentration over time in liver and intestinal S9 fractions (negative slope ≠ zero, p < 

0.05; Figure D3). Liver and intestinal in vitro clearance rates are provided in Table D8. 

Mean intrinsic clearance rate determined for the three liver S9 pools averaged 18 ± 1.1 

mL h-1 mg protein-1, 39 ± 2.0 mL h-1 mg protein-1, 3.6 ± 0.23 mL h-1 mg protein-1, and 0.88 

± 0.018 mL h-1 mg protein-1, for PYR, BAP, EHMC, and OCT, respectively. Mean 

intestinal in vitro clearance rates determined for PYR, BAP, EHMC, and OCT, BAP, 

averaged 4.2 ± 0.39 mL h-1 mg protein-1, 10 ± 0.15 mL h-1 mg protein-1, 1.5 ± 0.012 mL h-

1 mg protein-1, and 1.6 ± 0.089 mL h-1 mg protein-1, respectively (Figure 4.3). For PYR, 

BAP, and EHMC the mean CLINT,S9 measured using liver S9 fractions was significantly 

higher than that determined using intestinal S9 fractions (p < 0.05 for each). For OCT, 

the mean CLINT,S9 measured in intestinal S9 fractions was approximately 1.5-fold higher 

than that in liver S9 fractions (p = 0.0349). 

The primary pathway for PAH biotransformation in fish involves hydroxylation of 

one or more aromatic rings, followed by sulfation and glucuronidation of hydroxylated 

products (Varanasi et al. 1989). These hydroxylation reactions are catalyzed 

predominantly by CYP1A, although other CYP enzymes may contribute (Schlenk et al. 

2008). Observed differences in biotransformation of PYR and BAP in liver and intestinal 

S9 fractions (liver > intestine) were similar to tissue-specific differences in EROD activity 
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shown here (Figure 4.2A) and in previous studies (James et al. 1997; Van Veld et al. 

1988; 1990; 1991). This finding is also consistent with relative differences in measured in 

vitro intrinsic clearance of BAP determined in liver and intestinal cells lines (Stadnicka-

Michalak et al. 2018). 

 
Figure 4.3.  Mean in vitro intrinsic clearance rates (CLINT,S9) for (A) 0.056 μM 
pyrene (PYR), (B) 0.013 μM benzo(a)pyrene (BAP), (C) 0.10 μM 2-ethylhexyl-4-
methoxycinnamate (EHMC), and (D) 0.47 μM octocrylene (OCT) measured using 
liver and intestinal (GIT) S9 fractions. Error bars represent the standard error of 
the mean (n=3). The p-values are the results from a Welch’s t test used to compare 
activities of the standard substrates between liver and GIT S9 fractions (α = 0.05). 

Previous studies with trout liver S9 fractions have shown that hydrolysis by 

carboxylesterases and CYP-mediated biotransformation are important metabolic routes 

for EHMC and OCT (Saunders et al. 2019a). It is possible, therefore, that tissue-specific 

differences in distribution of carboxylesterases and/or CYP enzymes in the intestines 

and liver could explain the differences in clearance rates observed for EHMC and OCT. 

To our knowledge, the CYP isoforms involved in biotransformation of EHMC and OCT in 

fish have not yet been identified. It is interesting to note, however, that relative 

differences in OCT clearance rates (Figure 4.3B) and mean T6BH activities (Figure 
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4.2B) in liver and intestinal S9 fractions were similar. The existence of higher T6BH 

activity in the intestinal S9 fraction suggests an enrichment of CYP3A in the intestinal 

epithelium of rainbow trout, as compared to the liver. It is possible, therefore, that OCT is 

a substrate for CYP3A while EHMC is a substrate for other CYPs. Previous authors have 

noted the localization of CYP3A enzymes in the fish intestine (Husøy et al. 1994; Cok et 

al. 1998; Lee et al. 2001; Lee and Buhler 2003; Hegelund and Celander 2003; McArthur 

et al. 2003). The prototypical human CYP3A4 substrates diltiazem and carbamazepine 

were not significantly biotransformed in trout liver S9 fractions (Connors et al. 2013). It 

would be of interest to determine if these substrates are biotransformed by intestinal S9 

fractions. 

4.4.3. Evaluation of chemical binding effects 

The estimated CLINT,LIV values for BAP, PYR, and EHMC were substantially 

higher than corresponding CLINT,GIT values, suggesting that these chemicals are 

biotransformed primarily in the liver. Apparent binding correction factors (fU,apparent) were 

therefore calculated for each chemical using estimated CLINT,LIV values and previously 

reported estimates of kMET (Equation 4.17).  

The calculated fU,apparent values for BAP and PYR (0.010 and 0.006, respectively; 

Figure 4.4) are approximately 2- to 4-fold lower than fU values estimated using the ϕS9;Han 

algorithm (Equation 4.8) and 6- to 65-fold lower than fU values estimated using the 

ϕS9;Nichols and ϕS9;Lee algorithms (Equations 4.9 and 4.10). For EHMC, the calculated 

fU,apparent value (0.069) was in good agreement with the fU estimated using the ϕS9;Lee 

(0.068) algorithm. The ϕS9;Nichols algorithm yielded an fU value that is approximately 7-fold 

greater (0.40) whereas the ϕS9;Han algorithm was approximately 3-fold lower (0.023). 

For 2 of 3 test chemicals, the ϕS9;Han algorithm provided the best agreement 

between predicted and apparent fU. Therefore, the ϕS9;Han algorithm was selected for use 

in the IVIVE model. These results are somewhat variable between chemicals and also 

highlight differences that exist in the algorithms used to estimate ϕS9 which impacts the 

calculation of fU. Uncertainty in the determination of ϕS9 greatly impacts the extrapolation 

of in vitro biotransformation rates (Saunders et al. 2019a). To date, however, there are 

no studies in which ϕP and ϕS9 have been measured for the same set of chemicals using 

the same method. Competing methods have also not been evaluated simultaneously 
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which prohibits an evaluation of the methods themselves. Several studies have 

highlighted uncertainty in the calculation of fU, which represents a priority research need 

(Escher et al. 2011; Laue et al. 2014; Saunders et al. 2019a). 

 
Figure 4.4.  Comparison of apparent (fU,apparent) and estimated binding correction 
factors (fU) for benzo(a)pyrene (BAP), pyrene (PYR), and 2-ethylhexyl-4-
methoxycinnamate (EHMC). Calculated fU,apparent values generated using Equation 
4.17 (purple bars) were compared to fU values estimated using available S9 
binding algorithms given by Han et al. 2009 (white bars), Lee et al. 2017 (blue 
bars), and Nichols et al. 2018a (grey bars). 

4.4.4. Extrapolated whole-body biotransformation rate constants 

Whole-body biotransformation rate constants (kMET) predicted for PYR, BAP, 

EHMC, and OCT by the ‘liver only’ model were (mean ± SE) 1.13 ± 0.06 d-1, 0.72 ± 0.02 

d-1, 0.23 ± 0.02 d-1, and 0.031 ± 0.001 d-1, respectively. The kMET values predicted by the 

‘liver & GIT’ model for the same four chemicals were (mean ± SE) 1.42 ± 0.04 d-1, 0.88 ± 

0.02 d-1, 0.34 ± 0.02 d-1, and 0.10 ± 0.01 d-1, respectively. For PYR, BAP, and EHMC the 

kMET values obtained using the ‘liver only’ model were approximately 1.2- to 1.5-fold 

higher than those predicted by the ‘liver & GIT’ model (Figures 4.5A−C). For each of 

these chemicals, estimated hepatic clearance rates were significantly higher (≥ 2-fold) 

than estimated intestinal clearance rates. This finding suggests that for chemicals that 
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have significantly higher rates of hepatic clearance relative to intestinal clearance, 

hepatic in vitro biotransformation assays may used to estimate whole-body 

biotransformation rate constants. 

 
Figure 4.5.  Box plots of whole-body biotransformation rate constants (kMET) for 
PYR (A), BAP (B), EHMC (C), and OCT (D) extrapolated from in vitro hepatic 
activities (‘liver only’) and from in vitro hepatic and intestinal activities (‘liver & 
GIT’). Empirical in vivo rate constants (Table 4.2) are also provided. The data 
points represent the raw data. 

Empirical kMET values for BAP and PYR were obtained from multiple studies 

performed with rainbow trout (Arnot et al. 2008; Lo et al. 2015b; Lo et al. 2016). Both of 

the extrapolated kMET values for BAP (‘liver only’ and ‘liver & GIT’) fell within the upper 

range of empirical kMET data (Figure 4.5B), while the extrapolated kMET values for PYR 

were 2.5- (‘liver only’) and 3.1-fold higher (‘liver & GIT’) than the mean empirical kMET 



125 

(Figure 4.5A). Some of the available empirical kMET values for BAP and PYR are from 

studies that involved simultaneous exposure to several aromatic hydrocarbons (Lo et al. 

2015b; Lo et al. 2016). Competitive inhibition among these chemicals could have 

resulted in biotransformation rates that are lower than those expected in single chemical 

exposures (Lee et al. 2014). Additionally, all empirical rate constants for BAP and PYR 

were normalized to a 10 g fish at 11 °C using Equation 4.15. This normalization was 

required to permit direct comparisons to kMET values predicted by the IVIVE models. 

However, the parameters in Equation 4.15 reflect assumptions regarding the weight- and 

temperature-dependence of biotransformation rates in fish that are largely untested.  

Unlike PYR and BAP, in vitro and in vivo biotransformation rate constants for 

EHMC and OCT were obtained from the same population of trout held under identical 

conditions. The kMET for EHMC, obtained by extrapolating measured rates of hepatic in 

vitro clearance to the whole animal (‘liver only’ model), was approximately 2.3-fold lower 

than the mean empirical kMET of 0.54 d-1 (Figure 4.5C). When intestinal biotransformation 

was incorporated into this extrapolation, the kMET for EHMC marginally increased from 

0.23 to 0.32 d-1. For OCT, the inclusion of measured intestinal activity into the 

extrapolation (‘liver & GIT’ model) increased the estimated kMET by 3.3-fold from 0.031 to 

0.102 d-1 (Figure 4.5B). This latter value is in good agreement (i.e., <10% difference) 

with the empirical kMET (0.093 d-1) determined previously by Saunders et al. (2019b). 

These modeled results suggest that biotransformation in the intestinal epithelial may 

have a large impact on whole-body clearance of OCT in rainbow trout. Moreover, these 

findings indicate that for chemicals that undergo substantial biotransformation in 

intestinal epithelium, incorporating this activity into current IVIVE approaches could lead 

to improved estimates of whole-body biotransformation rate constants. 

4.5. Summary and Conclusions 

The results of the present study show that S9 fractions prepared from the 

intestinal epithelium in rainbow trout biotransform a variety of chemical substances. 

Basal-level metabolic activities toward standard substrates for phase I and phase II 

biotransformation enzymes were within 2-fold of activities measured in hepatic S9 

fractions. Measured rates of testosterone hydroxylation were significantly higher in 

intestinal S9 fractions than in hepatic S9 fractions, suggesting that the intestinal 

epithelium is an important site for biotransformation of CYP3A substrates in fish.  
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Observed differences in biotransformation of PYR and BAP by liver and intestinal 

S9 fractions (liver > intestine) were comparable to measured differences in EROD 

activity. This finding is consistent with previous work which indicates that hydroxylation of 

PAHs is catalyzed predominantly by CYP1A. EHMC depletion rate constants were also 

comparatively higher in liver S9 fractions, whereas OCT depletion rate constants were 

higher in intestinal S9 fractions. These differences may indicate that biotransformation of 

EHMC and OCT are mediated by different CYP isoforms. For chemicals biotransformed 

at higher rates by hepatic S9 fractions (i.e., BAP, PYR, EHMC), the ‘liver only’ IVIVE 

model may be sufficient to estimate whole-body biotransformation rate constants (kMET), 

as the extrapolated rate constants do not differ substantially (i.e., ≤ 1.5-fold difference) 

from those obtained using a ‘liver & GIT’ model. In contrast, the kMET value predicted for 

OCT using the ‘liver & GIT’ model was 3.3-fold higher than that obtained using the ‘liver 

only’ model and exhibited much better agreement with empirical values. This finding 

suggests that current ‘liver only’ IVIVE approaches may underestimate whole-body in 

vivo biotransformation rates for chemicals that are subject to significant intestinal 

biotransformation. 
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Chapter 5.  
 
Summary and Conclusions 

As one of the three major hazard properties assessed in chemical evaluations, 

the potential for chemical bioaccumulation in fish and other aquatic species is a critical 

component in the assessment of commercial chemicals for their risk to the environment 

and human health. Due to the lack of empirical BCF data for most chemicals, 

bioaccumulation models are widely used in chemical bioaccumulation assessments. 

Biotransformation is a major determinant of chemical bioaccumulation potential. It is 

important, therefore, to develop rapid, cost-effective, and standardized methods to 

determine chemical biotransformation rate constants to use as inputs to established 

bioaccumulation models. In vitro biotransformation assays, in combination with in vitro-in 

vivo extrapolation (IVIVE), represent one initiative to generate chemical 

biotransformation rate data for use in predictive modeling efforts. The overall objective of 

this thesis was to evaluate and, as necessary, modify an existing IVIVE approach, with 

the goal of supporting future bioaccumulation assessments for hydrophobic chemicals 

that undergo biotransformation. The organic sunscreen agents 4-MBC, EHMC, and OCT 

were selected as model substances to evaluate the IVIVE approach. The data collected 

can be used to evaluate the potential for these chemicals to accumulate in fish. 

5.1. Summary of Major Findings 

5.1.1. In vitro biotransformation of UVFs 

The first objective of this thesis was to evaluate the concentration dependence of 

in vitro biotransformation rate constants for 4-MBC, EHMC, and OCT in rainbow trout 

liver S9 fractions (Chapter 2). Each UVF was biotransformed by liver S9 fractions, and 

incubations performed with and without added cofactors showed complete (4-MBC) or 

partial (EHMC and OCT) dependence of biotransformation on addition of NADPH. These 

findings suggested the involvement of one or more CYPs in the biotransformation of all 

three chemicals and that hydrolysis of EHMC and OCT by NADPH-independent 

enzymes (e.g., carboxylesterases) is also an important metabolic route. In vitro rate 
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constants were highly dependent on the initial substrate concentration. The resulting 

datasets were fitted to a rewritten form of the Michaelis–Menten equation as a means of 

estimating apparent KM values for each chemical. These experiments showed that 3 of 5 

KM values were < 1 μM and is consistent with previous work which suggests that 

substrate concentrations commonly used in in vitro biotransformation studies (typically ≥ 

1 μM) may exceed the KM value for some hydrophobic chemicals (Lo et al. 2015; Nichols 

et al. 2018). Selection of an inappropriately high in vitro test concentration will tend to 

result in underestimation of a chemical’s true in vivo biotransformation rate. Modeled 

BCFs derived using in vitro activities measured at initial test concentrations well below 

KM were closer to empirical BCFs than those calculated using activities measured at 

higher test concentrations. In addition to the selected initial substrate concentration, 

predicted BCFs were highly dependent on the binding term (fU) used to correct for 

chemical bioavailability in liver S9 fractions and blood. These observations underscore 

the need to better understand binding effects on chemical biotransformation. 

5.1.2. In vivo bioaccumulation and biotransformation of UVFs 

The second objective of this thesis was to measure in vivo biotransformation rate 

constants of EHMC and OCT in rainbow trout (Chapter 3). The larger goal of this effort 

was to provide well-matched in vitro and in vivo data to evaluate the expanded IVIVE 

model presented in Chapter 4. Three dosing levels were selected to evaluate the 

potential concentration dependence of in vivo biotransformation, as previous work 

(Chapter 2) had shown that in vitro biotransformation of EHMC and OCT was highly 

concentration dependent. EHMC and OCT were biotransformed in vivo; however, there 

was no significant relationship between fitted whole-body biotransformation rate 

constants and selected dietary exposure concentrations. This finding suggested that the 

concentrations in the fish were not high enough to saturate biotransformation enzymes. 

Further support for this conclusion was obtained by comparing the concentrations of 

EHMC and OCT in fish soma and liver to KM values determined in Chapter 2. Lipid-

normalized KM values were substantially higher than lipid-normalized chemical 

concentrations measured in either tissue sample. Taken together, these findings suggest 

that biotransformation of EHMC and OCT at all dietary three dosing levels was occurring 

under near first-order conditions. These observations highlight the need to test for and 

maintain first-order reaction conditions (i.e., C0 << KM) when performing in vitro 
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biotransformation assays, as these conditions are likely to exist in vivo in most 

environmental exposures. 

In addition to being biotransformed in the fish soma, a model-based evaluation of 

dietary uptake data indicated that EHMC and OCT are extensively biotransformed in the 

lumen of the gastrointestinal tract. The relative contribution of luminal biotransformation 

to total biotransformation following the dietary exposure was as high as 97% and 99% 

for EHMC and OCT, respectively. One possible explanation for this high level of 

biotransformation in the lumen is that gut microflora hydrolyze ester groups present on 

both chemicals. The influence of somatic and luminal biotransformation was 

demonstrated by deriving bioaccumulation metrics for EHMC and OCT. BMFs and BCFs 

derived for the two chemicals were one to two orders of magnitude lower than BMFs and 

BCFs generated for reference chemicals of similar log KOW. Additionally, derived BMFs 

and BCFs for EHMC and OCT fell below established bioaccumulation criteria (1.0 kg 

lipid kg lipid -1 and 2000 L kg-1, respectively), suggesting that both chemicals are unlikely 

to pose a bioaccumulation hazard in fish. 

5.1.3. Extrapolation of intestinal biotransformation rates 

The third thesis objective was to develop an expanded IVIVE model for rainbow 

trout as means of extrapolating in vitro depletion rate constants measured in hepatic and 

intestinal S9 fractions to the whole organism (Chapter 4). Basal-level metabolic activities 

toward four standard substrates for phase I and phase II biotransformation enzymes 

measured in intestinal S9 fractions were within 2-fold of activities measured in hepatic 

S9 fractions. One reaction, testosterone hydroxylation, which is a marker of CYP3A 

activity, proceeded more rapidly (1.5-fold faster) in intestinal S9 fractions than in hepatic 

S9 fractions, suggesting that intestinal biotransformation may greatly influence the 

whole-body clearance of CYP3A substrates in fish. Previous authors have noted a 

localization of CYP3A enzymes in the fish intestine (Husøy et al. 1994; Hegelund and 

Celander 2003; McArthur et al. 2003). 

Observed differences in EROD activity and the biotransformation of PYR and 

BAP in liver and intestinal S9 fractions (liver > intestine) indicate that activities of CYP1A 

substrates may be higher in the liver compared to the intestinal epithelia. EHMC 

depletion rate constants were also comparatively higher in liver S9 fractions, whereas 
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OCT depletion rate constants were higher in intestinal S9 fractions. While the CYP 

isoforms involved in biotransformation of EHMC and OCT in fish have not yet been 

identified, differences in EHMC and OCT biotransformation between liver and intestinal 

S9 fractions suggest that different CYP isoforms mediate the biotransformation of these 

two chemicals. 

The contribution of intestinal biotransformation to whole-body clearance of 

chemicals was evaluated by expanding an existing ‘liver only’ IVIVE model (Nichols et al. 

2013) to consider biotransformation in both the liver and the intestines. For chemicals 

that were biotransformed at higher rates by hepatic S9 fractions (i.e., BAP, PYR, 

EHMC), estimated kMET values obtained using the ‘liver only’ model were approximately 

1.2- to 1.5-fold higher than those predicted by the expanded ‘liver & GIT’ model. In each 

case, these predicted kMET values were within a factor of 3.1 of empirical kMET estimates 

obtained from the literature (BAP, PYR) or determined in this effort (Chapter 3). These 

findings suggest that for chemicals that have significantly higher rates of hepatic 

clearance (relative to intestinal clearance), hepatic in vitro biotransformation assays may 

be sufficient to estimate kMET. In contrast, the mean kMET value predicted for OCT using 

the ‘liver & GIT’ model was 3.3-fold higher than that obtained using the ‘liver only’ model 

and exhibited good agreement with empirical values (Chapter 3). This result suggests 

that for chemicals that undergo substantial biotransformation in intestinal epithelium, 

incorporating this activity into IVIVE approaches may lead to improved estimates of 

whole-body biotransformation rate constants. 

5.1.4. Bioaccumulation potential of UVFs 

Modeled results informed by measured rates of in vitro biotransformation 

(Chapter 2) indicate that 4-MBC, EHMC, and OCT are biotransformed by rainbow trout 

at rates high enough to reduce bioaccumulation below existing regulatory criteria (i.e., 

REACH, BCF > 2000 L kg-1). Further support for this conclusion was obtained in dietary 

exposures with trout (Chapter 3) which showed that in vivo rates of biotransformation are 

were sufficiently high to reduce BMFs and BCFs below existing criteria. In this study, 

generated BMFs and BCFs for EHMC and OCT were approximately one to two orders of 

magnitude lower than values generated for the non-biotransformed reference chemicals 

of similar log KOW. The in vitro studies performed in Chapters 2 and 4 revealed that 

biotransformation of EHMC and OCT in both the liver and the intestinal epithelia 
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contributes to the somatic biotransformation of these chemicals in trout. In addition, 

biotransformation in the lumen of the gastrointestinal tract (Chapter 3) appears to 

mitigate significant dietary accumulation of EHMC and OCT. Collectively these 

biotransformation processes reduce the bioaccumulation potential of these selected 

UVFs in rainbow trout. These results are consistent with previous studies which show 

that BCFs (US National Library of Medicine 2006; Blüthgen et al. 2014; Sigma-Aldrich 

2014; Li et al. 2016; Pawlowski et al. 2019), BAFs (Fent et al. 2010; Tang et al. 2019), 

and BSAFs (Gago-Ferrero et al. 2015) measured in fish tend to fall well below 

established bioaccumulation criteria. 

5.2. Future Work  

The present study addressed several factors that may influence the extrapolation 

of hepatic in vitro biotransformation rate constants to the intact animal including the 

substrate concentration dependence of the in vitro assay (Chapter 2), chemical 

bioavailability in vitro and in vivo (Chapter 2), and the possibility of substantial extra-

hepatic metabolism (Chapter 4). Previous efforts in testing the IVIVE approach have 

focused on comparisons of IVIVE-estimated BCFs to empirical BCFs. In this study, the 

IVIVE approach was evaluated by directly comparing extrapolated and empirical 

biotransformation rate constants, which avoided the potential influence of confounding 

factors associated with chemical uptake and elimination by routes other than 

biotransformation. Importantly, for EHMC and OCT both the in vitro (Chapters 2 and 4) 

and in vivo (Chapter 3) biotransformation rate constants were collected using the same 

strain and culture of rainbow trout providing a well-matched dataset to evaluate the 

IVIVE models presented here. 

To further evaluate the expanded IVIVE model (Chapter 4), future in vitro assays 

could be conducted using intestinal S9 fractions to evaluate the comparative 

biotransformation potential of chemical substances between liver and intestinal tissues. 

Future work could focus on CYP3A substrates as the findings in Chapter 4 suggest that 

CYP3A substrates may be subject to higher rates of biotransformation in intestinal 

tissues compared to the liver, due to the localization of CYP3A enzymes in the intestinal 

epithelia (Husøy et al. 1994; Hegelund and Celander 2003; McArthur et al. 2003). For 

chemicals that are subject to higher rates of biotransformation in intestinal S9 fractions, 
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additional in vivo studies are needed to refine and test scaling parameters included 

within the expanded IVIVE model. 

In addition to biotransformation in epithelial tissues, the model-based evaluation 

employed in Chapter 3 showed a substantial contribution of biotransformation in the gut 

lumen in reducing the dietary accumulation of EHMC and OCT. This finding is consistent 

with previous research that suggests that luminal biotransformation may contribute more 

to the overall biotransformation of chemicals exposed through the diet than 

biotransformation in liver or intestinal tissues (Lo et al. 2015; Lo et al. 2016). Additional 

research is needed to evaluate the contribution of luminal biotransformation in mitigating 

dietary accumulation of chemicals. For example, in vitro assays using collected gut 

contents and/or cultured gut microflora could be developed to estimate luminal 

biotransformation rates and may provide additional screening tools to support in vitro 

initiatives for use in bioaccumulation assessments. In vivo experiments with antibiotic-

treated and untreated fish could also be performed to test if luminal biotransformation is 

mediated by gut microorganisms. If degradation by gut microorganisms substantially 

reduces biomagnification, the dietary assimilation efficiencies for test chemicals would 

be expected to be higher in antibiotic-treated fish. These studies could inform additional 

extrapolation approaches and toxicokinetic models and provide further insight on the 

rates of reaction in the intestinal lumen relative to those in the intestinal epithelia and 

liver. 

This thesis highlights the need for additional characterization of unbound 

chemical fractions in S9 incubation media (ϕS9) and blood plasma (ϕP) to further refine 

the calculation of binding correction factors (fU) used in IVIVE models. Specifically, 

uncertainty in the determination of ϕS9 greatly impacts the extrapolation of in vitro 

biotransformation rates to generate whole-body biotransformation rate constants and 

modeled BCFs (Saunders et al. 2019). In the present study, different S9 binding models 

employed in Chapters 2 and 4 resulted in large differences in agreement between IVIVE-

estimated and empirical kMET values and measured or estimated BCFs. Available 

empirical ϕS9 data for trout vary substantially which may be attributed in part to the use of 

different measurement methods (Saunders et al. 2019). To date, ϕP and ϕS9 have not 

been measured for the same set of chemicals using the same method, nor have 

competing methods been evaluated simultaneously, prohibiting an evaluation of the 

methods themselves. Since the binding correction factors used to extrapolate in vitro 
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data to the intact tissue can have large impacts on extrapolated biotransformation rate 

constants (Nichols et al. 2013; Laue et al. 2014), more data are needed to evaluate 

which binding models and assumptions are appropriate for use in current IVIVE models.  

Finally, this thesis highlights the need to use well-matched in vitro and in vivo 

biotransformation rate constants when evaluating the IVIVE approach. To date, studies 

comparing extrapolated and empirical BCFs have lacked well-matched data which limits 

the interpretation and possible corroboration of existing IVIVE approaches. It can be 

expected that in vitro biotransformation assays will continue to be used in 

bioaccumulation assessments, particularly since the development of the OECD test 

guidelines 319A and 319B (OECD 2018a; 2018b). Therefore, future studies need to be 

performed using well-matched data to allow for direct comparisons of extrapolated and 

empirical biotransformation rate constants so that both the in vitro assays and the IVIVE 

models can be rigorously evaluated. 

5.3. Conclusion 

Overall this study is consistent with earlier research showing that the 

incorporation of in vitro biotransformation rates improves modeled predictions of 

bioaccumulation for chemicals subject to biotransformation. The study highlights the 

importance of recognizing the concentration dependence of biotransformation reactions 

and suggests that selection of appropriate in vitro test concentrations can be expected to 

improve modeled BCF predictions. Use of the IVIVE method to inform bioaccumulation 

models depends on the existence of first-order reaction conditions in fish under 

laboratory and field conditions. The present study showed that during standardized in 

vivo laboratory conditions, measured chemical concentrations in the fish were well below 

corresponding Michaelis-Menten affinity constants (KM). This finding further 

demonstrates that biotransformation pathways in fish operate under first-order conditions 

and that working at an appropriate concentration range in in vitro assays (i.e., C0 << KM) 

may improve estimates of in vivo biotransformation potential. This study further 

demonstrates that biotransformation in both the intestinal tract lumen and the intestinal 

epithelial cells can contribute to biotransformation in fish. Collectively these findings 

suggest that the future use of quantitative IVIVE methods for bioaccumulation 

assessment require greater consideration of extrahepatic biotransformation.  
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Appendix A. Supporting Information for Chapter 1 

Table A1.  Activities toward standard substrates of phase I and phase II biotransformation reactions in intestinal 
microsomal (M) and cytosolic (C) fractions collected from different species of fish. Values presented are the 
mean ± standard deviation 

Record Species System Activity Comments Source 
Total cytochrome P450 (CYP; pmol mg protein-1)  

1 Spot; L xanthurus M 188 ± 17 Entire intestine homogenized with polytron [1] 
2 Spot; L xanthurus M 430 ± 50 Entire intestine homogenized with polytron [2] 
3 Scup; S versicolor M 153 ± 48 Sample includes only pyloric ceca [3]  

Scup; S versicolor M 81 ± 40 Sample includes only the hindgut 
 

4 Vendace; C albula M 8.2 
 

[4]  
Perch; P fluviatilis M 6.3 

 
[4]  

Roach; R rutulis M 21 
 

[4]  
Rainbow trout; O mykiss M 31 

 
[4] 

5 Rainbow trout; O mykiss M 70 
 

[5] 
6 Rainbow trout; O mykiss M 304 

 
[6] 

Arylhydrocarbon hydroxylase (AHH; pmol min-1 mg protein-1) 
1 Spot; L xanthurus M 42 ± 5 Entire intestine homogenized with polytron [1] 
2 Scup; S versicolor M 1.0 ± 0.5 Sample includes only pyloric ceca [3] 
 Scup; S versicolor M 6.0 ± 4.0 Sample includes only the hindgut [3] 
3 Vendace; C albula M 0.4  [4] 
 Perch; P fluviatilis M 1.03  [4] 
 Roach; R rutulis M 1.2  [4] 
 Rainbow trout; O mykiss M 2.6  [4] 
 Rainbow trout; O mykiss M 2.23  [5] 
4 Black drum; P cromix M 0.03 ± 0.07  [7] 
 Sheepshead; A probatocephalus M 0.23 ± 0.21  [7] 
5 Channel catfish; I punctatus M 3.77  [8] 
6 Winter Flounder; P americanus M 160 ± 60  [9] 
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Record Species System Activity Comments Source 
7-Ethoxyresorufin-O-dealkylation (EROD; pmol min-1 mg protein-1) 

1 Spot; L xanthurus M 56 ± 7 Entire intestine homogenized with polytron [1] 
2 Spot; L xanthurus M 47 ± 20 Entire intestine homogenized with polytron [2] 
3 Mummichog; F heteroclitus M 65 ± 34  [10] 
4 Channel catfish; I punctatus M 1.2 ± 1.2 Fish were fed a purified diet [8] 
 Channel catfish; I punctatus M 3.6 ± 2.3 Fish were fed commercial chow [8] 

1-Chloro-2,4-dinitrobenzene–glutathione conjugation (GST; nmol min-1 mg protein-1) 
1 Mummichog; F heteroclitus C 870 ± 260 Female [10] 
 Mummichog; F heteroclitus C 1340 ± 300 Male [10] 
 Mummichog; F heteroclitus C 1220 ± 440 Mixed sex [10] 
2 Channel catfish; I punctatus NP* 5800  [11] 

p-Nitrophenol-glucuronidation (UGT; pmol min-1 mg protein-1) 
1 Vendace; C albula M 93.7  [4] 
 Perch; P fluviatilis M 67.6  [4] 
 Roach; R rutulis M 75.1  [4] 
 Rainbow trout; O mykiss M 246  [4] 

Testosterone-6β-hydroxylation (T6BH; pmol min-1 mg protein-1) 
1 Channel catfish; I punctatus M 263 ± 80 Fish were fed commercial chow [12] 
 Channel catfish; I punctatus M 89 ± 16 Fish were fed commercial chow [12] 
 Channel catfish; I punctatus M 158 ± 33 Fish fed a purified diet [12] 
 Channel catfish; I punctatus M 104 ± 38 Fish fed a purified diet [12] 
2 Channel catfish; I punctatus M 299 ± 34 Sample includes proximal Intestine [13] 
 Channel catfish; I punctatus M 141 ± 96 Sample includes distal Intestine [13] 
3 Rainbow trout; O mykiss M 190  [6] 

*in vitro system used was not provided (NP). 
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Appendix B. Supporting Information for Chapter 2 

Table B1.  Holding conditions of the rainbow trout used for preparation of liver S9 fraction pools A and B. Procedures 
used in the preparation of S9 fraction pools A and B are also provided. The error values displayed are the 
standard deviations of the mean.  

   Pool A  Pool B  
 Holding Conditions      
 Fish Hatchery  Miracle Springs  

(Mission, BC, Canada) 
 USGS Upper Midwest Environmental  

Sciences Center (Lacrosse, WI, USA) 
 

 
Water source  De-chlorinated tap water  

from Burnaby, BC 

 
Lake Superior water;  

sand filtered and UV treated 
 

 Mean water temperature (°C)  13 ± 1 
 

11 ± 1  
 Light:dark cycle (hours)  16:8 

 
16:8  

 Fish feed  EWOS Pacific Chow 
 

Skretting Classic Trout Chow  
 Fish Conditions  

   
 

 Sample size 
 

10 
 

6  
 Sex  Mixed  Mixed  
 Mean weight at time  

of euthanasia (g) 
 572 ± 160 

 
448 ± 48  

 Mean liver weights (g) 
 

5.77 ± 2.3 
 

4.50 ± 0.62  
 Mean Hepatosomatic Index (%) 

 
1.00 ± 0.07 

 
1.00 ± 0.29  

 S9 Preparation Conditions  
   

 

 
Homogenization buffer 

 
100 mM PO4 buffer (pH 7.8)  

with 150 mM KCl 

 
100 mM PO4 buffer (pH 7.8) with 150 mM KCl,  

50 mM Tris, 1 mM DTT, 2 mM EDTA,  
250 mM sucrose 

 

 Homogenate:buffer dilution  1:2  1:2  
 Centrifugation conditions 

 
10,000 g for 20 min at 4 °C 

 
13,000 g for 20 min at 4 °C  
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Table B2.  Parameters used to calculate 4-MBC, EHMC, and OCT solubility in the S9 incubation medium. 

Parameter  4-MBC  EHMC  OCT  Description 
Molecular weight (g mol-1)  254  290  361  

 

Estimated water solubility (WS; µM)  0.774  0.535  0.011  Generated in EPISuite 4.11 [1] 
Log KOW (unitless)  4.95  5.80  6.88  

 

Fraction protein (FP,S9)  0.0043  0.0043  0.0010  Measureda 
Fraction lipid (FL,S9)  0.0020  0.0020  0.0003  Measuredb 

Fraction water (FW,S9)  0.9947  0.9947  0.9987  FW,S9= 1 − (FP,S9 + FL,S9) 
Solubility in lipid (SL; µM)  141  688  25  FL,S9 × KOW × WS 
Solubility in protein (SP; µM)  15  73  4  FP,S9 × 0.05 × KOW × WSc 
Solubility in water (SW; µM)  0.769  0.531  0.011  FW,S9 × WS 
Solubility in incubation medium (SI; µM)  156  761  29  SL + SP + SW 

aThe protein concentration of S9 pool A (4-MBC and EHMC) was determined by the Bradford assay [2], while that of S9 pool B (OCT) was measured by Peterson’s modification of 
the Lowry method [3] using bovine serum albumin (Fraction V) as the standard. 
bTotal lipids were determined in the S9 pools using the Bligh and Dyer method [4]. 
cCalculation assumes the sorptive capacity of animal protein is 5% that of lipid [5].  
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Table B3.  Parameters and equations contained within the in vitro-in vivo extrapolation model [7]. 
Parameter Equation Value Units Source 

Organism weight (W) 0.448 or 0.572  kg Measured 
Fish acclimation temperature (T) 11 or 13 °C Measured 
Logarithmic octanol-water partition coefficient (log KOW)  Unitless [6] 
Substrate depletion rate constant (kdep) LnCt = LnC0 – kdep × t  min-1 Measured 
S9 protein concentration (CS9) 1.0 or 4.3 mg mL-1 Measured 
in vitro intrinsic clearance (CLin vitro,int) kdep / CS9  mL min-1 mg protein-1 [7] 
Liver S9 protein content (LS9) 163 mg g liver-1 [7] 
Liver weight as a fraction of whole-body weight (LFBW) 0.015 g g-1 [8] 
in vivo intrinsic clearance (CLin vivo,int) CLin vitro,int × LS9 × LFBW × 60 × 24  L d-1 kg fish-1 [7] 
Fraction protein (FP,S9)  0.0010 or 0.0043 Unitless Measured 
Fraction lipid (FL,S9)  0.0003 or 0.0020 Unitless Measured 
Fraction water (FW,S9) 1 − (FP,S9 + FL,S9)  Unitless Calculated 
Unbound fraction in S9 system (ϕS9)   

Unitless 

 
Han et al. binding algorithm (ϕS9; Han) 1 / (CS9 × 100.694 × log Kow – 2.158 + 1.0)  [9] 
Nichols et al. binding algorithm (ϕS9; Nichols) 
Lee et al. binding algorithm (ϕS9; Lee) 

1/(CS9 × 101.33 × log Kow – 4.6 + 1.0) 
FW, S9 / FL,S9KOW + FP,S9 × 0.05 × KOW + FW,S9  [10] 

[11] 
Fractional water content of blood (vWBL) 0.84 Unitless [12] 
Blood:water partition coefficient (PBW) (100.73 log Kow × 0.16) + vWBL)  Unitless [13] 
Unbound fraction in plasma (ϕP) vWBL / PBW  Unitless [7] 
Hepatic clearance binding correction term (fU) ϕP / ϕS9  Unitless [7] 
Temperature adjusted cardiac output (QC) (((0.23 × T) − 0.78) × (W / 500)-0.1) × 24 78.43 or 62.11 L d-1 kg fish-1 [14] 
Liver blood flow as a fraction of cardiac output (QHFRAC) 0.259 Unitless [15] 
Hepatic blood flow (QH) QC QHFRAC 16.09 or 20.31 L d-1 kg fish-1 [15] 
Hepatic clearance (CLH) QH fU CLin vivo,int / (QH + fU CLin vivo,int)  L d-1 kg fish-1 [16] 
Fractional whole-body lipid content (vLWB) 0.05 Unitless Assumed 
Partition-based BCF (BCFP) BCFP = vLWB KOW  L kg-1 [17] 
Apparent volume of distribution (VD) BCFP / PBW  L kg-1 [15] 
In vivo biotransformation rate constant (kMET) CLH / VD  d-1 [18] 
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Table B4.  Parameters and equations contained within the fish bioaccumulation model [17]. 

Parameter Equation Value Units Source 
Modeled bodyweight of fish (W)  0.01 kg [7,17] 
Gill uptake rate constant (k1) 1 / ((0.01 + KOW-1) × W0.4  L kg-1 d-1 [7,19] 
Gill elimination rate constant (k2) k1 / BCFP  d-1 [19] 
Fraction of freely dissolved chemical in the 
water (Φ) 1 / (1 + CPOC × αPOC × KOW + CDOC × αDOC × KOW)   [19] 

Total aqueous chemical concentration (CWT) 1.0 mg L-1 Assumed 
Concentration of particulate organic carbon (CPOC)  kg L-1 [19] 
Particulate organic carbon binding constant (αPOC)  Unitless [19,20] 
Concentration of dissolved organic carbon (CDOC)  kg L-1 [19,20] 
Dissolved organic carbon affinity constant (αDOC)  Unitless [19,21] 
Chemical concentration dissolved in water 
(CWF) CWT × Φ  mg L-1 Calculated 

Fecal elimination rate constant (kE) 0.125 × (0.02 × W−0.15 × e(0.06 − T)) /(5.1×10-8 × KOW + 2)  d-1 [19] 
Growth rate constant (kG) 0.000502 × W−0.2  d-1 [19] 
Concentration in fish (CF)  (k1 × CW,FD) / (k2 + kMET + kG + kE)  mg kg-1 [19] 
Bioconcentration factor (BCF) BCF = CF / CWT  L kg-1 [19] 
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Table B5.  Measured concentrations of 4-MBC, EHMC, and OCT (μM) used in in vitro depletion assays with and without 
NADPH. Assay results are presented in Figure 2.3 of the main text.  

4-MBC  EHMC  OCT 
NADPH  
present 

 NADPH 
present 

NADPH  
absent 

 NADPH 
 present 

NADPH 
absent 

9.79  9.72 10.72  12.47 12.62 
5.03  4.41 4.75  5.51 6.49 
2.13  2.37 2.36  2.43 3.38 
0.79  1.17 1.16  1.05 1.35 
0.44  0.53 0.53  0.43 0.41 
0.25  0.29 0.27  0.13 0.15 
0.09  0.13 0.13  0.05 0.05 

   0.07 0.07      
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Table B6.  Modelled BCFs for 4-MBC, EHMC, and OCT, obtained using different measured kdep values (min-1) and 
different assumptions with respect to chemical binding in liver S9 fractions. The asterisks (*) represent BCFs 
calculated using the in vitro depletion rate constant at an infinitesimally low substrate concentration (kdep,Cà0).  

 Concentration (µM) kdep BCF (ϕS9; Han) BCF (ϕS9; Lee) BCF (ϕS9; Nichols) BCF (fU=1.0) 
4-MBC 

 * 0.469 277 227 206 198 
 0.09 0.345 307 240 213 201 
 0.25 0.269 340 255 219 205 
 0.45 0.165 429 296 239 216 
 0.79 0.153 446 304 242 218 
 2.13 0.043 979 574 376 293 
 5.03 0.027 1299 761 475 349 
 9.79 0.007 2606 1810 1156 781 

EHMC 
 * 0.042 1578 572 324 385 
 0.06 0.040 1633 586 328 392 
 0.13 0.034 1849 644 343 417 
 0.29 0.034 1867 648 344 419 
 0.53 0.025 2402 797 382 485 
 1.17 0.017 3257 1051 448 600 
 2.37 0.011 4471 1454 557 786 
 4.41 0.004 8578 3352 1129 1736 
 9.72 0.002 11302 5398 1887 2927 

OCT 
 * 0.015 1914 424 159 177 
 0.05 0.017 1733 392 156 172 
 0.13 0.016 1863 415 158 176 
 0.43 0.009 3042 638 177 208 
 1.05 0.011 2491 530 168 192 
 2.43 0.004 5316 1169 222 288 
 5.51 0.004 5316 1169 222 288 
 12.47 0.002 9026 2503 351 512 
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Appendix C. Supporting Information for Chapter 3 

Table C1.  Mean (± SD) concentrations of reference chemicals, EHMC, and OCT in the diet (CD; mmol kg-1) (n=3). 

Chemical OCT High OCT Medium OCT Low EHMC High EHMC Medium EHMC Low 
3TCBz 0.194 ± 0.032 0.156 ± 0.029 0.252 ± 0.044 0.336 ± 0.016 0.310 ± 0.046 0.295 ± 0.013 
4TCBz 0.034 ± 0.003 0.023 ± 0.003 0.037 ± 0.002 0.043 ± 0.0004 0.040 ± 0.005 0.040 ± 0.003 
PCBz 0.126 ± 0.027 0.077 ± 0.004 0.119 ± 0.014 0.095 ± 0.020 0.114 ± 0.021 0.111 ± 0.018 
HCBz 0.062 ± 0.020 0.031 ± 0.001 0.048 ± 0.006 0.043 ± 0.008 0.044 ± 0.007 0.055 ± 0.012 

PCB 52 0.014 ± 0.002 0.009 ± 0.001 0.012 ± 0.001 0.009 ± 0.001 0.012 ± 0.002 0.009 ± 0.001 
PCB 155 0.024 ± 0.002 0.012 ± 0.002 0.018 ± 0.002 0.018 ± 0.002 0.016 ± 0.002 0.018 ± 0.0001 

OCT 1.052 ± 0.382 0.086 ± 0.015 0.003 ± 0.002     
EHMC       0.318 ± 0.037 0.038 ± 0.005 0.004 ± 0.0002 

3TCBz = 1,3,5-trichlorobenzene; 4TCBz = 1,2,4,5-tetrachlorobenzene; PCBz = pentachlorobenzene; HCBz = hexachlorobenzene; PCB 52 = 2,2',5,5'- pentachlorobiphenyl; PCB 
155 = 2,2',4,4',6,6'- pentachlorobiphenyl; OCT = octocrylene; EHMC = 2-ethylhexyl-4-methoxycinnamate 
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Table C2.  Mean (± SD) extraction efficiencies (EE; %) and method detection limits (MDL; nmol kg tissue-1) of target 

analytes in fish tissues and food (n=4). 

Analyte Internal Standard Carcass Liver Food 
EE MDL EE MDL EE MDL 

3-TCBz d8-naphthalene 27.5 ± 4.7 0.0442 14.0 ± 5.0 0.838 45.0 ± 8.4 2.160 
4-TCBz d8-naphthalene 68.9 ± 8.3 0.0629 72.6 ± 20.7 0.579 63.0 ± 5.9 5.511 
PCBz 13C-HCBz 109.1 ± 12.0 0.0092 76.5 ± 16.2 0.127 104.0 ± 1.2 0.769 
HCBz 13C-HCBz 93.6 ± 2.0 0.0235 91.3 ± 11.2 0.234 87.0 ± 7.0 2.024 

PCB 52 PCB 115 113.2 ± 11.3 0.0066 95.4 ± 11.9 0.076 88.0 ± 16.7 0.681 
PCB 155 PCB 115 65.9 ± 7.7 0.0053 80.7 ± 7.5 0.042 43.0 ± 3.3 0.646 

OCT d12-chrysene 107.7 ± 1.9 0.0322 81.4 ± 10.7 0.412 81.0 ± 7.6 3.420 
EHMC d12-chrysene 74.7 ± 23.5 0.0202 62.8 ± 4.1 0.233 65.0 ± 9.2 1.857 

3TCBz = 1,3,5-trichlorobenzene; 4TCBz = 1,2,4,5-tetrachlorobenzene; PCBz = pentachlorobenzene; HCBz = hexachlorobenzene; PCB 52 = 2,2',5,5'- pentachlorobiphenyl; 
2,3,4,4’,6-pentachlorobiphenyl; PCB 155 = 2,2',4,4',6,6'- pentachlorobiphenyl; OCT = octocrylene; EHMC = 2-ethylhexyl-4-methoxycinnamate 
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Table C3.  Sample weights and amounts of solvent, salts, and sorbents used in the Quechers extraction of trout liver, 

carcass homogenate, and food samples. 

 Liver Carcass Homogenate  Food 
(2 g tissue + 4 mL water) 

Mean sample weight (g) 0.516 6.2 1.1 
Maximum sample weight (g) 0.966 6.4 1.2 
Minimum sample weight (g) 0.283 6.0 1.0 
Volume of MQ water added to sample (mL) 4.0 6.0 5.0 
Volume of ACN added to sample (mL) 4.0 10 5.0 
Volume of formic acid added to sample (µL) 12 50 50 
Mass of salt mixture added to sample (g) 2.6 6.5 3.3 
Volume of sample added to sorbents (mL) 4.0 10 2.5 
Mass of sorbents added to sample (g) 1.0 1.0 1.0 
Volume of sample blown down with N2 (mL) 4.0 10 1.5 
Hexane extract eluted through micro-column  
  to remove residual lipids? 

Yes Yes No 

 

Table C4. Mean lipid content of the fish carcass (g lipid g fish-1) on days 7, 14, 22, and 28 of the exposure period. The 

carcass lipid content averaged across the 4 sampling days is also provided. Error values represent the 

standard deviation of the mean. 

Day Control OCT Low OCT Med OCT High EHMC Low EHMC Med EHMC High 
7 0.033 ± 0.009 0.036 ± 0.009 0.033 ± 0.008 0.036 ± 0.007 0.049 ± 0.003 0.037 ± 0.015 0.025 ± 0.003 
14 0.031 ± 0.004 0.032 ± 0.004 0.033 ± 0.010 0.044 ± 0.017 0.036 ± 0.001 0.042 ± 0.013 0.038 ± 0.012 
22 0.041 ± 0.002 0.030 ± 0.003 0.045 ± 0.002 0.030 ± 0.004 0.037 ± 0.001 0.052 ± 0.011 0.040 ± 0.003 
28 0.034 ± 0.008 0.045 ± 0.003 0.042 ± 0.005 0.041 ± 0.010 0.046 ± 0.001 0.051 ± 0.005 0.049 ± 0.002 

Overall mean 0.035 ± 0.004 0.036 ± 0.007 0.038 ± 0.006 0.038 ± 0.006 0.042 ± 0.006 0.045 ± 0.007 0.038 ± 0.010 
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Table C5.  Mean (± SE) concentrations of chemicals in fish at the beginning of 
the depuration phase (CB; μmol kg-1), whole-body depuration rate 
constant (kBT; d-1) and calculated whole-body depuration rate 
constants for a non-biotransformed chemical of equivalent KOW 
(kBT,R; d-1). 

Test Chemical CB kBT kBT,R 
 3TCBz 2.22 ± 0.39 0.373 ± 0.027 0.379 ± 0.027 
 4TCBz 1.83 ± 0.38 0.162 ± 0.043 0.134 ± 0.013 
 PCBz 7.71 ± 0.97 0.047 ± 0.027 0.051 ± 0.008 

OCT High HCBz 4.38 ± 0.35 0.037 ± 0.008 0.026 ± 0.007 
 PCB 52 1.01 ± 0.10 0.004 ± 0.015 0.021 ± 0.007 
 PCB 155 1.39 ± 0.12 0.012 ± 0.008 0.017 ± 0.006 
 OCT 1.55 ± 0.24 0.114 ± 0.035 0.017 ± 0.006 
 3TCBz 1.13 ± 0.12 0.356 ± 0.021 0.378 ± 0.079 
 4TCBz 0.97 ± 0.08 0.225 ± 0.030 0.142 ± 0.037 
 PCBz 5.71 ± 0.19 0.088 ± 0.015 0.062 ± 0.022 

OCT Med HCBz 3.40 ± 0.17 0.037 ± 0.010 0.038 ± 0.018 
 PCB 52 0.77 ± 0.03 0.026 ± 0.011 0.033 ± 0.017 
 PCB 155 1.07 ± 0.07 0.0002 ± 0.011 0.029 ± 0.016 
 OCT 0.17 ± 0.04 0.134 ± 0.020 0.030 ± 0.016 
 3TCBz 1.68 ± 0.38 0.323 ± 0.031 0.366 ± 0.090 
 4TCBz 1.66 ± 0.16 0.237 ± 0.028 0.135 ± 0.043 
 PCBz 6.73 ± 0.30 0.091 ± 0.014 0.057 ± 0.027 

OCT Low HCBz 4.15 ± 0.15 0.033 ± 0.011 0.034 ± 0.022 
 PCB 52 0.93 ± 0.03 0.012 ± 0.008 0.029 ± 0.021 
 PCB 155 1.25 ± 0.08 0.002 ± 0.009 0.025 ± 0.020 
 OCT 0.018 ± 0.003 0.102 ± 0.023 0.025 ± 0.020 
 3TCBz 2.12 ± 0.46 0.351 ± 0.039 0.372 ± 0.049 
 4TCBz 1.64 ± 0.34 0.181 ± 0.032 0.135 ± 0.024 
 PCBz 7.30 ± 1.20 0.077 ± 0.019 0.056 ± 0.016 

EHMC High HCBz 3.98 ± 0.34 0.018 ± 0.014 0.031 ± 0.013 
 PCB 52 0.59 ± 0.08 0.034 ± 0.027 0.026 ± 0.013 
 PCB 155 1.47 ± 0.03 0.001 ± 0.016 0.022 ± 0.012 
 EHMC 1.03 ± 0.39 0.532 ± 0.138 0.030 ± 0.013 
 3TCBz 1.86 ± 0.55 0.328 ± 0.086 0.351 ± 0.051 
 4TCBz 1.60 ± 0.43 0.145 ± 0.035 0.127 ± 0.024 
 PCBz 9.90 ± 2.19 0.077 ± 0.020 0.051 ± 0.016 

EHMC Med HCBz 5.24 ± 0.95 0.017 ± 0.014 0.028 ± 0.013 
 PCB 52 0.50 ± 0.10 0.009 ± 0.032 0.023 ± 0.012 
 PCB 155 1.32 ± 0.24 0.009 ± 0.031 0.019 ± 0.012 
 EHMC 0.06 ± 0.02 0.680 ± 0.195 0.027 ± 0.013 
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Test Chemical CB kBT kBT,R 
 3TCBz 0.95 ± 0.11 0.335 ± 0.041 0.348 ± 0.045 
 4TCBz 1.38 ± 0.17 0.133 ± 0.026 0.111 ± 0.02 
 PCBz 5.57 ± 0.31 0.038 ± 0.013 0.031 ± 0.012 

EHMC Low HCBz 4.70 ± 0.14 0.011 ± 0.011 0.007 ± 0.009 
 PCB 52 0.70 ± 0.23 0.005 ± 0.031 0.002 ± 0.009 

 PCB 155 1.31 ± 0.12 -0.024 ± 0.015 -0.002 ± 0.008 
 EHMC 0.003 ± 0.001 0.473 ± 0.078 0.006 ± 0.009 

3TCBz = 1,3,5-trichlorobenzene; 4TCBz = 1,2,4,5-tetrachlorobenzene; PCBz = pentachlorobenzene; HCBz = 
hexachlorobenzene; PCB 52 = 2,2',5,5'- pentachlorobiphenyl; PCB 155 = 2,2',4,4',6,6'- pentachlorobiphenyl; OCT = 
octocrylene; EHMC = 2-ethylhexyl-4-methoxycinnamate 
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Table C6.  Variable inputs used to estimate luminal biotransformation rate constants (klumen) for EHMC and OCT rainbow 
trout and the proportional contributions of somatic and luminal biotransformation following dietary and 
aqueous exposure. 

Parameter Value Equations used/Additional comments Source 
Logarithm of octanol-water partition coefficient (log KOW; unitless)     [1] 
Lipid content of diet (fDL; unitless) 0.08 Measured [2] 
Protein content of diet (fDP; unitless) 0.40   [3] 
Water content of diet (fDW; unitless) 0.07 Measured [4] 
Non-digestible matter content of diet (fDN; unitless) 0.45 1−(fDL + fDP + fDW)   
Dietary assimilation efficiency of lipid (εL; unitless) 0.92   [5] 
Dietary assimilation efficiency of protein (εP; unitless) 0.75   [5] 
Dietary assimilation efficiency of non-digestible organic matter (εN; unitless) 0.00   [5] 
Dietary assimilation efficiency of water (εW; unitless) 0.50   [5] 
Food assimilation efficiency (γGI; unitless) 0.594  [(1−εL)fDL+(1−εP)fDP+(1−εN)fDN+(1−εW)fDW]   
Density of fish soma (dB; kg L-1) 1.0 Assumed [4] 
Density of digesta (dG; kg L-1) 1.0 Assumed [4] 
Density of lipid (dL; kg L-1) 0.9 Assumed [4] 
Density of protein (dP; kg L-1) 1.2 Assumed [4] 
Density of non-digestible organic matter (dN; kg L-1) 1.2 Assumed [4] 
Density of water (dW; kg L-1) 1.0 Assumed [4] 
Sorptive capacity to protein or non-digestible organic matter relative to 
octanol (θ; unitless) 0.05   [6] 

Fraction of lipid of gastrointestinal tract contents (ɸGL; kg kg digesta-1) 0.011 [(1−εL)fDL]/[(1−εL)fDL+(1−εP)f DP+(1−εN)fDN+(1−εW)fDW] [7] 
Fraction of protein of gastrointestinal tract contents (ɸGP; kg kg digesta-1) 0.168 [(1−εP)fDP]/[(1−εL)fDL+(1−εP)f DP+(1−εN)fDN+(1−εW)fDW] [7] 
Fraction of non-digestible organic matter of gastrointestinal tract contents 
(ɸGN; kg kg digesta-1) 0.766 [(1−εN)fDN]/[(1−εL)fDL+(1−εP)fDP+(1−εN)fDN+(1−εW)fDW] [7] 

Fraction of water of gastrointestinal tract contents (ɸGW; kg kg digesta-1) 0.056 [(1−εW)fDW]/[(1−εL)fDL+(1−εP)fDP+(1−εN)fDN+(1−εW)fDW] [7] 
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Parameter Value Equations used/Additional comments Source 

Fractional lipid content of fish soma (fBL; unitless) 0.031 Measured; tank-specific information provided in Table 
C8   

Fractional water content of fish soma (fBW; unitless) 0.839 Assumed [8] 
Fractional protein content of fish soma (fBP; unitless) 0.13 1−(fBL+fBW)   

Mean fish body weight (WB; kg) 0.038 Measured; tank-specific information provided in Table 
C8   

Chemical concentration in the fish (CB; µmol kg fish-1)   Measured; tank-specific information provided in Table 
C8   

Chemical concentration in the diet (CD; µmol kg fish-1)   Measured; tank-specific information provided in Table 
C8   

Proportional feeding rate (I; kg food kg fish-1) 0.013 Measured; tank-specific information provided in Table 
C8   

95% digestive emptying time (tE,95; d) 1.45   [9] 
Digesta evacuation rate constant (δ; d-1) 2.069 3/tE,95 [4] 
Measured dietary chemical uptake efficiency (ED,M;unitless)   -CB × kBT/[CD × I × (1−ekBT × t)] (Equation 3.5 in main text) [4] 
Estimated dietary chemical uptake efficiency of a non-biotransformed 
reference chemical (ED,R; unitless)   α + βKOW-1 (Equation 3.9 in main text) [4] 

Food ingestion rate (GI; kg food d-1)   I × WB [4] 
Fecal egestion rate (GGE; kg digesta d-1)   γGI × GI [4] 
Amount of digesta (WG; kg)   GI/δ [4] 
Whole-body biotransformation rate constant (kMET; d1)   kBT−kBT,R [4] 
Rate constant for chemical transfer from gastrointestinal tract contents to fish 
body (kGB; d1)   [ED,R/(1−ED,R)] × [GGE/WG] [4] 

Luminal biotransformation rate constant (klumen; d1)   (1/ED,M−1/ED,R)·kGB [4] 

Lumen-fish soma partition coefficient (KGB; unitless)   {dG[fGL/dL+fGP×θ/dP+fGN×θ/dN+fGW/(KOW × dW)]} / 
{dB[fBL/dL+fBP×θ/dP+fBW/(KOW × dW)]} [4] 

Rate constant for chemical transfer from fish body to gastrointestinal tract 
contents (kBG; d1)   KGB × kGB × (WG/WB) × (dB/dG) [4] 

Rate constant for fecal egestion (kGE; d1)   GGE/WG [4] 
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Parameter Value Equations used/Additional comments Source 
Mass of chemical in fish body following dietary exposure (MB,D; µmol)   CB × WB [4] 
Respiratory uptake rate constant (k1; d1)  (1/ω) × (fBL/dL) (Equation 3.7 in main text)  
Total water concentration for an aqueous exposure (CWT; µmol L1)       
Bioavailable solute fraction (f; unitless)   (1/ (1 + COC × KOC)   
Mass of chemical in fish body following aqueous exposure (MB,AQ; µmol)   (kI / kBT) × CWTf × WB   
Mass of chemical in gastrointestinal tract contents following dietary exposure 
(MG,D; µmol)   (GI × CD + kBG × MB,D) / (kGB + kGE + klumen) [4] 

Mass of chemical in gastrointestinal tract contents following aqueous 
exposure (MG,AQ; µmol)   (GI × 0 + kBG × MB,AQ) / (kGB + kGE + klumen) [4] 

Proportional contribution of somatic biotransformation (fsoma; unitless)   kMET × MB,X/(kMET × MB,X + klumen × MG,X) [4] 
Proportional contribution of luminal biotransformation (flumen; unitless)   klumen × MG,X/(kMET × MB,X + klumen × MG,X) [4] 
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Table C7.  Measured dietary uptake efficiencies of test and reference chemicals (ED,M; unitless), estimated dietary  
uptake efficiencies of non-biotransformed chemical of equivalent KOW (ED,R; unitless), lipid-normalized 
biomagnification factors (BMFL; kg lipid kg lipid-1), estimated respiratory uptake rate constant (k1; L water kg 
fish-1 d-1), and bioavailability-corrected modelled bioconcentration factors (BCF; L kg-1) associated with each 
tank. Error values represent the standard error.  

Test Chemical ED,M ED,R BMFL k1 BCF 
  3TCBz 0.331 ± 0.074 0.487 ± 0.062 0.024 ± 0.001 242 ± 14 667 ± 75 
  4TCBz 0.738 ± 0.221 0.487 ± 0.062 0.123 ± 0.005 242 ± 14 1432 ± 459 
  PCBz 0.460 ± 0.118 0.486 ± 0.061 0.265 ± 0.054 242 ± 14 1791 ± 456 

OCT High HCBz 0.494 ± 0.109 0.484 ± 0.060 0.361 ± 0.043 242 ± 14 2570 ± 381 
  PCB 52 0.399 ± 0.076 0.480 ± 0.058 2.69 ± 4.73 242 ± 14 32890 ± 84511 
  PCB 155 0.342 ± 0.048 0.339 ± 0.078 0.77 ± 0.228 242 ± 14 6193 ± 4691 
  OCT 0.016 ± 0.007 0.446 ± 0.049 0.004 ± 0.001 242 ± 14 1350 ± 419 
  3TCBz 0.199 ± 0.044 0.697 ± 0.046 0.015 ± 0.001 208 ± 29 723 ± 149 
  4TCBz 0.761 ± 0.167 0.696 ± 0.046 0.091 ± 0.003 208 ± 29 1283 ± 295 
  PCBz 0.706 ± 0.128 0.695 ± 0.046 0.217 ± 0.010 208 ± 29 2086 ± 765 

OCT Med HCBz 0.762 ± 0.133 0.692 ± 0.045 0.557 ± 0.056 208 ± 29 3940 ± 2577 
  PCB 52 0.572 ± 0.108 0.685 ± 0.043 0.595 ± 0.103 208 ± 29 17132 ± 59635 
  PCB 155 0.479 ± 0.100 0.473 ± 0.078 64.7 ± 1710 208 ± 29 82990 ± 966643 
  OCT 0.024 ± 0.008 0.633 ± 0.041 0.005 ± 0.001 208 ± 29 1105 ± 163 
  3TCBz 0.184 ± 0.060 0.501 ± 0.066 0.019 ± 0.001 217 ± 45 789 ± 69 
  4TCBz 0.730 ± 0.181 0.501 ± 0.066 0.101 ± 0.002 217 ± 45 1029 ± 127 
  PCBz 0.475 ± 0.109 0.500 ± 0.065 0.172 ± 0.008 217 ± 45 1816 ± 697 

OCT Low HCBz 0.510 ± 0.116 0.497 ± 0.064 0.509 ± 0.063 217 ± 45 2755 ± 444 
  PCB 52 0.388 ± 0.084 0.492 ± 0.061 1.05 ± 0.293 217 ± 45 17524 ± 11578 
  PCB 155 0.334 ± 0.075 0.327 ± 0.103 5.24 ± 10.1 217 ± 45 87374 ± 764949 
  OCT 0.052 ± 0.030 0.450 ± 0.057 0.017 ± 0.004 217 ± 45 1345 ± 298 
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Test Chemical ED,M ED,R BMFL k1 BCF 
  3TCBz 0.186 ± 0.055 0.611 ± 0.054 0.013 ± 0.05 209 ± 24 518 ± 137 
 4TCBz 0.620 ± 0.186 0.594 ± 0.043 0.085 ± 1.88 209 ± 24 1108 ± 432 
 PCBz 0.749 ± 0.214 0.594 ± 0.043 0.244 ± 1.70 209 ± 24 1410 ± 382 

EHMC High HCBz 0.630 ± 0.149 0.593 ± 0.043 0.858 ± 6.13 209 ± 24 2559 ± 987 
 PCB 52 0.486 ± 0.134 0.591 ± 0.041 0.358 ± 17.4 209 ± 24 4259 ± 5488 
 PCB 155 0.477 ± 0.101 0.500 ± 0.081 12.3 ± 204 209 ± 24 37555 ± 1063081 
 EHMC 0.143 ± 0.078 0.608 ± 0.052 0.007 ± 0.03 209 ± 24 379 ± 98 
 3TCBz 0.153 ± 0.062 0.490 ± 0.133 0.010 ± 0.03 240 ± 19 643 ± 214 
 4TCBz 0.514 ± 0.170 0.463 ± 0.124 0.079 ± 1.41 240 ± 19 1510 ± 1051 
 PCBz 0.777 ± 0.218 0.463 ± 0.124 0.226 ± 1.02 240 ± 19 4241 ± 8744 

EHMC Med HCBz 0.742 ± 0.176 0.463 ± 0.122 0.992 ± 8.46 240 ± 19 14325 ± 104814 
 PCB 52 0.250 ± 0.080 0.463 ± 0.120 0.592 ± 19.5 240 ± 19 28091 ± 468035 
 PCB 155 0.477 ± 0.143 0.465 ± 0.256 1.18 ± 21.9 240 ± 19 5006 ± 17115 
 EHMC 0.078 ± 0.034 0.489 ± 0.130 0.003 ± 0.04 240 ± 19 340 ± 97 
 3TCBz 0.090 ± 0.021 0.454 ± 0.037 0.006 ± 0.001 231 ± 17 508 ± 239 
 4TCBz 0.450 ± 0.111 0.448 ± 0.035 0.076 ± 0.002 231 ± 17 1114 ± 592 
 PCBz 0.385 ± 0.083 0.448 ± 0.035 0.229 ± 0.008 231 ± 17 1720 ± 1252 

EHMC Low HCBz 0.551 ± 0.122 0.447 ± 0.035 1.13 ± 0.063 231 ± 17 2638 ± 3647 
  PCB 52 0.460 ± 0.197 0.445 ± 0.034 2.08 ± 0.293 231 ± 17 3674 ± 3906 
  PCB 155 0.373 ± 0.082 0.373 ± 0.057 0.351 ± 10.1 231 ± 17 5034 ± 20910 
  EHMC 0.027 ± 0.011 0.452 ± 0.036 0.001 ± 0.004 231 ± 17 471 ± 77 

3TCBz = 1,3,5-trichlorobenzene; 4TCBz = 1,2,4,5-tetrachlorobenzene; PCBz = pentachlorobenzene; HCBz = hexachlorobenzene; PCB 52 = 2,2',5,5'- pentachlorobiphenyl; PCB 
155 = 2,2',4,4',6,6'- pentachlorobiphenyl; OCT = octocrylene; EHMC = 2-ethylhexyl-4-methoxycinnamate 
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Table C8. Tank-specific parameters used to calculate luminal biotransformation rate constants (klumen) and the 
proportional contributions of somatic and luminal biotransformation following dietary and aqueous exposure 
for EHMC and OCT.  

Parameter EHMC OCT 
High Med Low High Med Low 

Parameters used to calculate luminal biotransformation rate constants  
Logarithm of octanol-water partition coefficient (log KOW; unitless) 5.80 5.80 5.80 6.88 6.88 6.88 
Empirical dietary chemical uptake efficiency (ED,M; unitless) 0.143 0.078 0.027 0.016 0.024 0.052 
Dietary uptake efficiency of a non-biotransformed chemical of equivalent 
KOW (ED,R; unitless) 0.608 0.489 0.452 0.446 0.633 0.450 

Mean fish body weight (WB; kg) 0.039 0.039 0.042 0.040 0.036 0.032 
Chemical concentration in the fish (CB; µmol chemical kg fish-1) 1.03 0.06 0.003 1.55 0.17 0.018 
Chemical concentration in the diet (CD; µmol chemical kg food-1) 318 38 4.5 1310 108 4 
Tank specific proportional feeding rate (I; kg food kg fish-1) 0.012 0.013 0.012 0.013 0.013 0.015 
Food ingestion rate (GI; kg food d-1) 0.0005 0.0005 0.0005 0.0005 0.0005 0.0005 
Fecal egestion rate (GGE; kg digesta d-1) 0.0003 0.0003 0.0003 0.0003 0.0003 0.0003 
Amount of digesta (WG; kg) 0.0002 0.0002 0.0002 0.0003 0.0002 0.0002 
Whole-body biotransformation rate constant (kMET; d-1) 0.502 0.653 0.467 0.097 0.104 0.077 
Rate constant for chemical transfer from gastrointestinal tract contents to 
fish body (kGB; d-1) 1.90 1.18 1.01 0.99 2.12 1.01 

Luminal biotransformation rate constant (klumen; d-1) 10.19 12.73 35.19 58.81 86.10 17.24 
Parameters used to estimate the proportional contributions of somatic and luminal biotransformation 
Fractional lipid content of fish soma (fBL; unitless) 0.038 0.046 0.042 0.038 0.038 0.036 
Fractional protein content of fish soma (fBP; unitless) 0.839 0.839 0.839 0.839 0.839 0.839 
Fractional water content of fish soma (fBW; unitless) 0.123 0.115 0.119 0.123 0.123 0.125 
Lumen-fish soma partition coefficient (KGB; unitless) 1.06 0.90 0.97 1.06 1.06 1.11 
Rate constant for chemical transfer from fish body to gastrointestinal tract 
contents (kBG; d-1) 0.0117 0.0066 0.0057 0.0066 0.0141 0.0081 

Rate constant for fecal egestion (kGE; d-1) 1.23 1.23 1.23 1.23 1.23 1.23 
Dietary exposure scenario             
Measured mass of chemical in fish body (MB,D; nmol) 40.1 2.34 0.13 62.2 6.15 0.58 
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Parameter EHMC OCT 
High Med Low High Med Low 

Estimated mass of chemical in gastrointestinal tract contents (MG,D; nmol) 11.2 1.28 0.06 11.2 0.57 0.10 
Somatic botransformation rate (MB,D × kMET; nmol d-1) 20.11 1.53 0.06 6.03 0.64 0.04 
Luminal botransformation rate (MG,D × klumen; nmol d-1) 114 16.2 2.12 659 48.95 1.73 
Proportional contribution of somatic biotransformation (fsoma; unitless) 0.15 0.09 0.03 0.01 0.01 0.03 
Proportional contribution of luminal biotransformation (flumen; unitless) 0.85 0.91 0.97 0.99 0.99 0.97 
Aqueous exposure scenario             
Respiratory uptake rate constant (k1; L kg d-1) 209 240 231 242 208 217 
Whole-body depuration rate constant (kBT; d-1) 0.532 0.68 0.473 0.114 0.134 0.102 
Total chemical concentration in the water (CWT; µmol L-1) 1.0 1.0 1.0 1.0 1.0 1.0 
Bioavailable solute fraction (f) 0.96 0.96 0.96 0.71 0.71 0.71 
Estimated mass of chemical in fish body (MB,AQ; µmol) 14.7 13.3 19.7 60.6 39.9 49.1 
Estimated mass of chemical in gastrointestinal tract contents (MG,AQ; µmol) 0.047 0.029 0.041 0.172 0.163 0.172 
Somatic botransformation rate (MB,AQ × kMET; µmol d-1) 7.40 8.68 9.19 5.87 4.16 3.76 
Luminal botransformation rate (MG,AQ × klumen; µmol d-1) 0.48 0.37 1.46 10.13 14.05 2.96 
Proportional contribution of somatic biotransformation following aqueous 
exposure (fsoma; unitless) 0.94 0.96 0.86 0.37 0.23 0.56 

Proportional contribution of luminal biotransformation following aqueous 
exposure (flumen; unitless) 0.06 0.04 0.14 0.63 0.77 0.44 
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Figure C1. Growth rate constants (kG) calculated as the slope of the natural 
logarithm of weight-1 (g) versus time (day) for exposed and control fish.
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Figure C2.  Natural logarithm of measured concentrations of reference chemicals 3TCBz (A), 4TCBz (B), PCBz (C), HCBz 
(D), PCB 52 (E) and PCB 52 (F) in the fish soma throughout the uptake and depuration phase of the dietary bioaccumulation 
experiment in the EHMC (purple) and OCT (red) treatment tanks. Data from the “high” (filled squared), “medium” (filled 
circles), and “low” (filled triangles) doses are provided. The vertical dotted line represents the initiation of the depuration 
phase of the experiment on day 14. 
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Appendix D. Supporting Information for Chapter 4 

Table D1.  Conditions of the rainbow trout used for preparation of liver and 
intestinal S9 fractions pools 1 to 3. The error values represent the 
standard deviations of the mean.  

Condition Pool 1 Pool 2 Pool 3 
Fish number 1M, 2F 1M, 2F 0M, 3F 

Fish body weight (WB, IN VITRO; g) 499 ± 189 523 ± 24 581 ± 131 
Liver weight (WL; g) 5.34 ± 1.01 5.50 ± 1.20 5.21 ± 0.56 

Anterior intestine weight (WAG; g) 0.87 ± 0.31 0.98 ± 0.12 1.13 ± 0.22 
Collected Mucosal cell weight (g) 0.48 ± 0.19 0.49 ± 0.07 0.49 ± 0.16 

Hepatosomatic Index (HSI;%) 1.12 ± 0.22 1.05 ± 0.20 0.92 ± 0.14 
Male Gonadosomatic Index (GSI; %) 0.034 0.059 NA 

Female Gonadosomatic Index (GSI; %) 0.36 ± 0.08 0.26 ± 0.03 0.43 ± 0.15 
M = male; F = female; HSI = (liver mass/body mass × 100); GSI = (gonad mass/body mass × 100) 
 

 

Figure D1. Upper intestine collected from rainbow trout which includes the 
pyloric ceca (A) and the anterior intestine (B). The anterior intestine is the portion 
that was sampled to prepare intestinal S9 fractions.  
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Preliminary studies with PMSF 

Previous authors have added the protease inhibitor phenylmethylsulfonyl fluoride 

(PMSF) to buffers used to prepare intestinal microsomal fractions, to minimize the 

degradation of CYPs by proteolytic enzymes and/or bile salts [1-6]. In the present study, 

preliminary work showed that there were negligible differences in total CYP recovery, 

measured UGT, GST, and EROD activities, and pyrene depletion rate constants 

between intestinal S9 fractions prepared with and without PMSF (0.25 mM, added to the 

homogenization buffer; Table D2). Addition of PMSF did, however, reduce measured 

EHMC depletion rate constants by approximately 50%, possibly due to inhibition of 

intestinal carboxylesterases [7]. Because carboxylesterases are involved in the 

biotransformation of EHMC and OCT [8], PMSF was excluded from the homogenization 

buffer used to prepare both liver and intestinal S9 fractions. 

Table D2.  Characterization of pooled trout intestinal S9 fractions created in 
preliminary studies with and without added 0.25 mM 
phenylmethylsulfonyl fluoride (PMSF)a. 

Characterization Assay With PMSF Without PMSF 
Total CYP (% Recovery)b 34 ± 7.9 27 ± 9.5 

UGT (pmol min-1 mg protein-1) 1183 ± 85 914 ± 72 
GST (nmol min-1 mg protein-1) 331 ± 22 318 ± 41 

EROD (pmol min-1 mg protein-1) 2.2 ± 0.3 2.2 ± 0.1 
Pyrene kdep (min-1)c 0.131 ± 0.002 0.124 ± 0.004 
EHMC kdep (min-1)c 0.021 ± 0.009 0.040 ± 0.010 

aEach pool of intestinal S9 fractions was obtained by processing 3 fish. All values are given as the mean ± SD (n = 3) 
bCYP percent recovery = CYP content of S9 fractions / CYP content of homogenates × 100 [9] 
cDetermined using substrate depletion methods, as described in the text 
CYP = cytochrome P450; UGT = UDP-glucuronosyltransferase; GST = glutathione-S-transferase; EROD = 7-
ethoxyresorufin-O-deethylase; kdep = in vitro depletion rate constant  
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Table D3.  Mean (± SD) S9 protein concentration, total cytochrome P450 (CYP) 
content, and enzymatic activities toward standard substrates in 
different pools (1, 2, 3) of liver and intestinal (GIT) S9 fractions and 
tissue homogenates. The number of replicate determinations (n) in 
each pool is also provided.  

Assay Tissue Pool n Mean ± SD 
Protein Content Liver S9 1 4 25.6 ± 0.61 
Protein Content Liver S9 2 4 23.0 ± 0.57 
Protein Content Liver S9 3 4 26.6 ± 0.64 
Protein Content GIT S9 1 4 10.4 ± 0.13 
Protein Content GIT S9 2 4 10.6 ± 0.21 
Protein Content GIT S9 3 4 11.0 ± 0.07 

Total CYP Liver homogenate 1 3 8588 ± 278 
Total CYP Liver homogenate 2 3 10718 ± 149 
Total CYP Liver homogenate 3 3 12858 ± 259 
Total CYP GIT homogenate 1 3 9008 ± 2473 
Total CYP GIT homogenate 2 3 11500 ± 986 
Total CYP GIT homogenate 3 3 12597 ± 1203 
Total CYP Liver S9 1 3 82.1 ± 5.3 
Total CYP Liver S9 2 3 72.8 ± 3.1 
Total CYP Liver S9 3 3 86.7 ± 4.8 
Total CYP GIT S9 1 2 42.9 ± 13.3 
Total CYP GIT S9 2 2 48.5 ± 8.5 
Total CYP GIT S9 3 2 52.8 ± 0.11 

GST Liver S9 1 4 653 ± 26 
GST Liver S9 2 4 778 ± 47 
GST Liver S9 3 4 744 ± 21 
GST GIT S9 1 4 400 ± 7 
GST GIT S9 2 4 415 ± 11 
GST GIT S9 3 4 329 ± 26 

EROD Liver S9 1 2 3.64 ± 0.15 
EROD Liver S9 2 2 3.94 ± 0.12 
EROD Liver S9 3 2 4.08 ± 0.47 
EROD GIT S9 1 2 1.78 ± 0.24 
EROD GIT S9 2 2 1.35 ± 0.06 
EROD GIT S9 3 2 1.88 ± 0.01 
UGT Liver S9 1 4 1038 ± 44 
UGT Liver S9 2 4 772 ± 53 
UGT Liver S9 3 4 1232 ± 36 
UGT GIT S9 1 2 878 ± 24 
UGT GIT S9 2 2 775 ± 57 
UGT GIT S9 3 3 1044 ± 41 
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Assay Tissue Pool n Mean ± SD 
T6BH Liver S9 1 5 44 ± 3.3 
T6BH Liver S9 2 5 41 ± 7.1 
T6BH Liver S9 3 5 37 ± 4.2 
T6BH GIT S9 1 5 74 ± 2.5 
T6BH GIT S9 2 5 55 ± 3.2 
T6BH GIT S9 3 5 66 ± 3.8 

CYP = Cytochrome P450 (pmol CYP g tissue-1 for homogenate samples; pmol CYP mg S9 protein-1 for S9 samples) 
UGT = UDP-glucuronosyltransferase (pmol min-1 mg protein-1) 
GST = Glutathione-S-transferase (nmol min-1 mg protein-1) 
EROD = 7-Ethoxyresorufin-O-deethylase (pmol min-1 mg protein-1) 
T6BH = Testosterone-6β-hydroxylase (pmol min-1 mg protein-1) 

Table D4.  Rainbow trout body weights (WB; g), liver weights (WL; g), fractional 
liver weights (LFBW; g liver g fish-1), upper intestine weights (WUI; g), 
and fractional upper intestine weights (GFBW; g upper intestine g  
fish-1) 

Individual WB Sex WL LFBW WUI GFBW 
1 840 NR 9.58 0.011 8.37 0.010 
2 757 F 5.70 0.008 6.49 0.009 
3 437 M 3.08 0.007 4.07 0.009 
4 503 M 5.16 0.010 5.52 0.011 
5 267 F 2.41 0.009 3.10 0.012 
6 374 F 4.08 0.011 3.04 0.008 
7 549 F 4.39 0.008 5.86 0.011 

Mean 532  4.91 0.009 5.21 0.009 
SD 205  2.35 0.002 1.94 0.001 

M = male; F = female; NR = not recorded 
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Table D5.  Parameters and equations used for in vitro-in vivo extrapolation of hepatic and intestinal biotransformation 
rates.  

Parameter BAP PYR EHMC OCT Equation Source 
Logarithmic octanol-water partition coefficient (log KOW; 
unitless) 6.09 4.88 5.8 6.88    

Mean body weight of S9 donor fish (WB; g) 534 534 534 534   Measured 
Hepatic substrate depletion rate constant (kDEP,L; min-1) 0.665 0.300 0.06 0.015 LnCt = LnC0 – kDEP,L× t Measured 
Hepatic S9 protein concentration (CS9,L; mg mL-1) 1.0 1.0 1.0 1.0   Measured 
In vitro hepatic intrinsic clearance (CLINT,LIVS9;  
mL h-1 mg protein-1) 39.9 18 3.6 0.9 kDEP,L / CS9,L × 60  

Liver S9 protein content (LS9; mg g liver-1) 133 133 133 133   Measured 
Fractional liver weight (LFBW; g g-1) 0.0092 0.0092 0.0092 0.0092   Measured 
In vivo hepatic intrinsic clearance (CLINT,LIV;  
L d-1 kg fish-1) 1172 529 106 26 CLINT,LIVS9 × LS9 × LFBW × 24 [9] 

Intestinal substrate depletion rate constant (kDEP,G; min-1) 0.172 0.070 0.025 0.027 LnCt = LnC0 − kDEP,G× t  
Intestinal S9 protein concentration (CS9,G; mg mL-1) 1.0 1.0 1.0 1.0    
In vitro intestinal intrinsic clearance (CLINT,GITS9;  
mL h-1 mg protein-1) 10.32 4.20 1.50 1.62  kDEP,G / CS9,G × 60  

Mucosal S9 protein content (MCS9; mg g mucosal cell-1) 228.5 228.5 228.5 228.5   Measured 
Fractional mucosal cell weight (MCFBW; g g-1) 0.0074 0.0074 0.0074 0.0074   Measured 
In vivo intestinal intrinsic clearance (CL INT,GIT; L d-1 kg 
fish-1) 419 170 61 66 CLINT,GITS9 × MCFBW × MCS9 × 24  

Fish acclimation temperature (T; °C) 11 11 11 11   Measured 

Body weight of extrapolated fish (WB, IN VIVO; g) 10 10 39 36   
Assumed 

or 
Measured 

Temperature adjusted cardiac output (QC; L d-1 kg fish-1) 62.1 62.1 54.2 54.6 (((0.23×T)−0.78) × (WB, IN VIVO /500)-0.1)×24 [10] 
Fractional tissue blood flow (QFRAC; unitless) 0.259 0.259 0.259 0.259   [9] 
Tissue blood flow (QL; L d-1 kg fish-1) 16.09 16.09 14.04 14.15 QC × QFRAC  
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Parameter BAP PYR EHMC OCT Equation Source 
Fractional protein content of S9 (FP,S9; unitless) 0.0010 0.0010 0.0010 0.0010   Measured 
Fractional lipid content of S9 (FL,S9; unitless) 0.0003 0.0003 0.0003 0.0003   [8] 
Fractional water content of S9 (FW,S9; unitless) 0.9987 0.9987 0.9987 0.9987 1 − (FP,S9 + FL,S9) Calculated 
Unbound fraction in S9 (ϕS9; Han) 0.00847 0.05576 0.01340 0.00241 1 / (CS9 × 100.694 × log Kow – 2.158 + 1.0) [11] 
Unbound fraction in S9 (ϕS9; Nichols) 0.00032 0.01271 0.00077 0.00003 1 /(CS9 × 101.33 × log Kow – 4.6 + 1.0) [12] 

Unbound fraction in S9 (ϕS9; Lee) 0.00231 0.03625 0.00450 0.00038 FW, S9 / (FL,S9 × KOW + FP,S9 × 0.05 × KOW + 
FW,S9) [13] 

Fractional water content of blood (vWBL; unitless) 0.84 0.84 0.84 0.84   [14] 
Blood:water partition coefficient (PBW; unitless) 4466 585 2743 16848 (100.73 log Kow × 0.16) + vWBL) [15] 
Unbound fraction in plasma (ϕP; unitless) 0.00019 0.00144 0.00031 0.00005 vWBL/PBW [9] 
Binding correction factor (fU; unitless) 0.022 0.026 0.023 0.021 ϕP / ϕS9; Han (see text for details) [9] 
Hepatic clearance (CLH; L d-1 kg fish-1) 9.94 7.37 2.06 0.53 QL × fU × CLINT,LIV / (QL + [fU × CLINT,LIV]) [16] 
Intestinal clearance (CLG; L d-1 kg fish-1) 5.89 3.45 1.27 1.24 QL × fU × CLINT,GIT / (QL + [fU × CLINT,GIT])  

Fractional whole-body lipid content (vLWB; unitless) 0.050 0.050 0.042 0.037   
Assumed 

or 
Measured 

Partition-based BCF (BCFP; L kg-1) 61513 3793 26500 280674 vLWB × KOW [17] 
Apparent volume of distribution (VD; L kg-1) 13.77 6.48 9.66 16.66 BCFP / PBW [9] 
Total clearance (CLTOT; L d-1 kg fish-1) 12.19 9.24 3.14 1.71 CLG + (CLH× ([QL − CLG] / QL))  
In vivo biotransformation rate constant (kMET; d-1) 
estimated from CLH 

0.722 1.137 0.213 0.031 CLH / VD  [9] 

In vivo biotransformation rate constant (kMET; d-1) 
estimated from CLTOT 

0.885 1.425 0.325 0.103 CLTOT / VD   
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Mucosal cell area as a fraction of gastrointestinal tissue area 

Mucosal cell area as a fraction of gastrointestinal tissue area was quantified in 

one male (490 g) and one female (290 g) rainbow trout. Fish were fasted for 72 hours 

before euthanizing with an overdose of ethyl-3-aminobenzoate methanesulfonate (MS 

222; 300 mg L-1) buffered with 900 mg L-1 NaHCO3. The anterior portion of the 

gastrointestinal tract (GIT) and pyloric ceca were excised and perfused with MQ water to 

purge any remaining digesta. Each anterior GIT sample was sub-divided into five 

sections, while the pyloric ceca were collected as two sub-sections. Bouin’s fixative was 

perfused through the tissues, followed by immersion into fixative solution for 48 h. 

Samples were then washed twice with 65% ethanol saturated with lithium carbonate 

solution and stored in 65% ethanol until automated tissue processing. Tissues were 

processed to paraffin infiltration using a Sakura VIP 5 Tissue Processor (Sakura Finetek 

USA) with a standard tissue-processing schedule of 30 min per processing station. Each 

bisected anterior GIT piece was embedded with the bisected sides down for transverse 

sectioning, which provided 2 “donut” shaped tubes for evaluation. The tissues containing 

the pyloric ceca were also embedded with the trimmed sides down, which provided 3 or 

4 pyloric cecum per tissue sample. Paraffin blocks containing the GIT tissues were 

trimmed on a microtome to reveal complete layers of the GIT. Three 4-micron sections 

were collected for each tissue block and mounted on glass slides. The slides were 

stained using an Alcian blue and Hematoxylin–Eosin staining protocol performed by an 

automated slide stainer and coverslipped with glass. 

Each GIT tube was digitally imaged using a Zeiss Axiovert inverted microscope 

attached to a Diagnostic Spot digital scanner using Image-pro image analysis software. 

Anterior GIT pieces required stitching together of several 5x objective images, while the 

pyloric cecum required a single 5x objective image. Digital images of GIT tubes were 

calibrated to size and embedded with scale bars. Polygons were then drawn onto each 

image for quantification of the mucosal layer of the GIT. This layer contains the 

absorptive and secretory epithelium, along with the lamina propria. The fraction of total 

cross-sectional tissue area comprised of mucosal cells (ϕMC) was calculated as:  

!"# = 	&'()'*'+)'*
,	      (D1) 

where M1 is the total area (all tissues plus the lumen), M2 is the area of mucosal cells 
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plus the lumen, and M3 is the area of the lumen. Values for M1, M2, and M3 are provided 

in Table D6. In the two fish, the overall mean (± SD) fraction of mucosal cells comprising 

the pyloric ceca (ΦMC,PC) was 0.76 ± 0.026 while the fraction of mucosal cells comprising 

the anterior intestine (ΦMC,AG) was 0.67 ± 0.003 (Table D6). 

 
Figure D2. Staining for Alcian blue and Hematoxylin–Eosin of the pyloric ceca 
(Panel A) and the anterior intestine (Panel B). The M1 represents the total area of 
the intestine, M2 represents the total area of mucosa; and M3 represents the lumen 
area of mucosa. 
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Table D6.  Fraction of mucosal cells comprising the anterior gastrointestinal 
tract (ΦMC,AG) and pyloric ceca (ΦMC,PC) in rainbow trout, calculated 
using Equation D1.  

Anterior gastrointestinal tract M1 M2 M3 ΦMC,AG  
Fish 1 Section 1-1 12.96 8.43 0.49 0.637 
 Section 1-2 12.65 8.50 0.53 0.658 
 Section 2-1 11.97 7.79 0.77 0.627 
 Section 2-2 11.55 7.02 0.32 0.600 
 Section 3-1 12.71 8.86 0.72 0.679 
 Section 3-2 12.75 8.91 0.93 0.675 
 Section 4-1 12.71 8.90 0.79 0.680 
 Section 4-2 14.00 10.20 1.40 0.698 
 Section 5-1 16.58 12.09 0.51 0.721 
 Section 5-2 17.07 13.08 0.29 0.762 
Mean ± SD     0.673 ± 0.048 
Fish 2 Section 1-1 7.00 4.88 0.65 0.666 
 Section 1-2 7.01 4.87 0.67 0.662 
 Section 2-1 5.89 3.60 0.46 0.578 
 Section 2-2 6.53 4.08 0.44 0.598 
 Section 3-1 6.89 4.65 0.62 0.643 
 Section 3-2 7.76 5.46 0.72 0.673 
 Section 4-1 8.28 6.19 1.12 0.708 
 Section 4-2 7.99 5.97 0.98 0.712 
 Section 5-1 8.27 6.15 1.21 0.700 
 Section 5-2 8.82 7.06 1.89 0.746 
Mean ± SD     0.669 ± 0.052 
Pyloric ceca  M1 M2 M3 ΦMC,PC  
Fish 1 Section 1-1 3.14 2.30 0.15 0.719 
 Section 1-2 3.19 2.25 0.09 0.697 
 Section 1-3 2.77 2.04 0.19 0.717 
 Section 1-4 2.08 1.94 0.04 0.931 
 Section 2-1 2.77 2.05 0.18 0.722 
 Section 2-2 2.61 2.06 0.41 0.750 
 Section 2-3 2.80 2.01 0.22 0.694 
Mean ± SD     0.738 ± 0.083 
Fish 2 Section 1-1 3.10 2.68 1.16 0.784 
 Section 1-2 2.29 1.91 0.42 0.797 
 Section 1-3 2.43 2.00 0.30 0.798 
 Section 2-1 2.33 1.94 0.31 0.807 
 Section 2-2 2.29 1.90 0.27 0.807 
 Section 2-3 1.86 1.53 0.28 0.791 
 Section 2-4 1.96 1.59 0.26 0.782 
Mean ± SD     0.775 ± 0.010 
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Table D7.  Study-specific (i) and normalized (N) whole-body biotransformation 
rate constants (kMET) for benzo(a)pyrene (BAP) and pyrene (PYR). 
Fish weights (WB) and temperatures (T) are those associated with 
the original studies. Biotransformation rate constants were 
normalized to a standard temperature (11 °C) and body weight (10 g) 
according to Arnot et al. [18] (Equation 4.15; see main text for 
details). 

Chemical WB T kMET,i kMET,N Source 
BAP 62 13 0.09 0.14 [19] 
BAP 0.9 14 0.60 0.32 [20] 
BAP 1.6 14 1.00 0.62 [20] 
BAP 10 15 1.09 1.05 [18] 
BAP 10 15 0.34 0.33 [18] 
PYR 1.1 14 0.80 0.45 [20] 
PYR 10 15 0.45 0.44 [18] 
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Figure D3.  Decline of the natural logarithm of the concentration of pyrene (PYR; 
A), benzo(a)pyrene (BAP; B), 2-ethylhexyl-4-methoxycinnamate (EHMC; C), and 
octocrylene (OCT; D) in S9 incubation medium over time (min) in heat-treated 
(grey squares), liver (orange data points), and intestinal (purple data points) S9 
fractions. For the liver and intestinal S9 fraction depletion curves, each point 
represents the mean ± SD of data from duplicate depletion assays in S9 pools 1 
(diamonds), 2 (triangles), and 3 (circles).  
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Table D8.  Mean in vitro instrinsic clearance rates (CLINT,S9; mL h-1 mg protein-1) 
for the test chemicals in different pools (1, 2, 3) of liver and intestinal 
(GIT) S9 fractions. Error values represent the standard deviation of 
the mean (n=2). 

Test Chemical S9 fractions Pool Mean ± SD 
OCT Liver 1 0.921 ± 0.115 
OCT Liver 2 0.819 ± 0.038 
OCT Liver 3 0.891 ± 0.081 
OCT GIT 1 1.326 ± 0.042 
OCT GIT 2 1.752 ± 0.161 
OCT GIT 3 1.815 ± 0.132 

EHMC Liver 1 4.266 ± 0.798 
EHMC Liver 2 3.600 ± 0.755 
EHMC Liver 3 2.904 ± 0.305 
EHMC GIT 1 1.521 ± 0.123 
EHMC GIT 2 1.467 ± 0.064 
EHMC GIT 3 1.533 ± 0.208 
PYR Liver 1 15.063 ± 1.302 
PYR Liver 2 21.564 ± 0.042 
PYR Liver 3 17.331 ± 0.505 
PYR GIT 1 5.259 ± 0.182 
PYR GIT 2 2.943 ± 0.344 
PYR GIT 3 4.470 ± 0.051 
BAP Liver 1 32.10 ± 1.70 
BAP Liver 2 38.85 ± 1.48 
BAP Liver 3 28.80 ± 2.97 
BAP GIT 1 8.55 ± 0.64 
BAP GIT 2 8.25 ± 2.33 
BAP GIT 3 9.00 ± 0.42 
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