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Abstract

Following the establishment of a non-native species, there is often speculation about the
potential impacts to the native ecosystem. While these early predictions may be
necessary for management, they are often based on a general understanding of
invasion ecology rather than context-specific research. The unique nature of each
introduction event means these generalizations are prone to over- or under-estimating
invasive species impacts. This thesis predicts the impacts of invasive marine true crabs
(infraorder Brachyura), with a focus on the invasive European green crab (Carcinus
maenas), using both general ‘rules of thumb’ and context-specific research. In Chapter
2, | conduct a meta-analysis to demonstrate that while native and invasive crabs typically
have a similar overall impact on prey species, some combinations of prey type and
experimental design can favour invasive crabs. In Chapter 3, | examine the geographical
variability of green crab impacts worldwide. Using green crabs collected from invasive
(South Africa and Canada) and native (Northern Ireland) populations, | conduct a
comparative functional response experiment to show how the foraging behaviour of an
invasive species varies among regions. In Chapter 4, | use an enclosure experiment to
determine how the impact of green crabs on eelgrass (Zostera marina) ecosystems
changes with crab density, and conclude that there is the potential for extensive loss of
habitat-forming eelgrass in the presence of high densities of green crabs. In Chapter 5, |
explore the issue of site-level variability in the abundance, and therefore potential
impact, of green crabs on the west coast of Vancouver Island, British Columbia. |
develop a species distribution model to identify small-scale biotic and abiotic predictors
of ‘hyper-abundant’ populations of green crab. The thesis as a whole explores the
generalizations often used to predict invasive impacts and prioritize impact mitigation
efforts. | find that, for green crabs, generalizations that rely on the origin or specific
invasion history of an invasive species are prone to over-estimating impact. However,
measures of density or abundance, paired with an understanding of context-specific
behaviours, are more likely to produce reliable impact predictions for these invasive

species.
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ecosystem engineering; marine crustaceans; risk assessment
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Chapter 1.

Introduction

Nothing happens in contradiction to nature, only in contradiction to what
we know of it.

Special Agent Dana Scully (X-Files)

The introduction of non-native species into new areas by humans, whether intentional or
not, has been occurring globally for centuries. In some cases, these introductions have
led to devastating negative consequences for native ecosystems, including loss of
habitat, biodiversity, and ecosystem services (Clavero & Garcia-Berthou 2005, Gallardo
et al. 2016). However, not all introduced species successfully establish, and even fewer
go on to have detectable impacts on recipient ecosystems (Zenni & Nufiez 2013). These

variable outcomes for introduced species is a result of context-dependency.

For an introduced species to establish and spread, it must first be able to tolerate the
new physical environment. The species must then successfully negotiate interspecific
interactions with a foreign biological community, without the benefit of several thousand
years of coevolution with the prey, predators, competitors, and diseases native to the
ecosystem (Lockwood et al. 2007). As such, every species introduction could be
considered a unique event that creates a new ecosystem. This makes studying and
predicting invasive species impacts a challenge and means that the management of
invasive species typically relies on either context-specific post-hoc explanations or a
priori generalizations, based on observations of invasions elsewhere (Thomsen et al.
2011). While the former has the benefit of providing information specific to the invaded
system, it often arrives too late to be used proactively by management. For example, it
took over a decade for researchers to connect collapsing populations of bald eagles
(Haliaeetus leucocephalus) in northwestern Montana to the introduction of opossum
shrimp (Mysis relicta) into Flathead Lake. By the time the complex trophic dynamics
involved were fully understood, bald eagle numbers had decreased by more than 90% in

the area (Spencer et al. 1991). One of the contributing factors to this lag in



understanding was that opossum shrimp were assumed to be harmless, based on over
100 similar introductions in similar lakes throughout North America (Spencer et al. 1991).
This demonstrates how using generalizations to direct invasive species management
may sometimes lead to delayed or inappropriate management actions. To improve
invasive species management, there is a need to better understand context-dependency
itself and identify both the specific and general properties of invaded systems that are

reliable predictors of invasive species impacts (Thomsen et al. 2011).

One of the explanations for invasive species impacts that is often treated as a general
property of invaded systems is that invasive consumers will have a greater impact on
prey populations than native consumers (Salo et al. 2007). This comes from the prey-
naiveté hypothesis which posits that the lack of co-evolution between invasive
consumers and native prey puts prey at a disadvantage due to a lack of specifically
evolved anti-predator behaviours or defenses (Sih et al. 2010). A classic example of the
impact of prey-naiveté is the loss of several endemic bird species after the introduction
of the brown tree snake (Boiga irregularis) on Guam, an island without native predatory
mammals or reptiles (Wiles et al. 1995). The prey-naiveté hypothesis has generated a
large body of literature, in part to determine how often and under what circumstances we
can expect invasive consumers to have the advantage over native prey (Sih et al. 2010).
One way to quantitatively test the universality of prey-naiveté is to use meta-analyses,
which converts a large amount of context-specific ecological research into a single
common analytical currency — the effect size (Stewart 2010). By comparing effect sizes
generated from the scientific literature on invasive species interactions, it is possible to
ground-truth some of the common generalizations relied upon to make management

decisions.

The identity of the invasive species is another general property often invoked when
predicting invader impact (Thomsen et al. 2011). It is reasonable to assume that a
species known to be a high-impact invader in one region will behave similarly in other
regions. The water hyacinth (Eichhornia crassipes) is one such example; once
established, this plant has consistently serious impacts for native ecosystems worldwide
(Villamagna & Murphy 2010). However, the impacts of most invasive species are
spatially variable among regions. While the cause of this variability may lie in regional
differences in either the abiotic environment or the native biotic community, the genetic

differences between founding populations of the invasive species or the expression of



different phenotypic responses to regional conditions can also contribute to the observed
impact variability (Melbourne et al. 2007, Kumschick et al. 2015). The only way to isolate
genetic, behavioural, or morphological differences among populations of an invasive
species is to conduct research on widespread populations in a standardized way.
Genetic analyses of globally distributed invasive species are being used with increasing
frequency for this reason (Cristescu 2015). Comparative functional response analysis
(CFRA) is another tool used to compare the behaviour of geographically different
populations of invasive species. CFRA quantifies and standardizes consumptive
behaviours so that it is possible to determine whether there is true behavioural variability
among different populations of an invasive species, regardless of the context-specific

properties of an ecosystem (Dick et al. 2014).

No property of an invaded system is more widely used to predict impact than invader
abundance. Impact prediction tools in the invasion ecology literature regularly include a
measure of abundance (e.g., the Parker-Lonsdale equation (Parker et al. 1999), the
Invader Relative Impact Potential equation (Dick et al. 2017), the TEAS risk assessment
method (Leung et al. 2012)). This is because impact severity is expected to increase,
linearly or non-linearly, with invader population size (Parker et al. 1999, Byers et al.
2002, Dick et al. 2017). This relationship can be applied at any scale, including locally,
as sites with a higher abundance of the invader are more likely to be affected than sites
with a lower abundance. By quantifying density-impact relationships between invasive
and native species at local scales, it is possible to both predict those impacts as the
species grows in population size and to set threshold densities below which an invasive
species should be maintained to minimize impact. For example, knowing that damage
caused by invasive rabbits (Oryctolagus cuniculus) on native vegetation in Australia
scales exponentially with rabbit density, it is advisable to suppress rabbit populations to
less than 0.5 rabbits ha™ (Mutze et al. 2016).

Using system-specific research, such as density-impact relationships, to successfully
mitigate invasive species impacts requires managers to know where and how many
individuals of an invasive species are present within a region. This too will be context-
dependent, as variation in abiotic and biotic properties among sites will cause species to
be distributed unevenly across a heterogenous landscape (Epanchin-Niell et al. 2012).
Because collecting relative abundance measures for a species at every site, even over a

small portion of an invaded range, is beyond the scope of most management programs,



alternative means of predicting site-level abundance are needed. One such approach
that is increasing in utility is species distribution modelling (SDM), which can be used to
understand how species abundance varies across a landscape, based on the availability
of relevant abiotic and biotic characteristics (e.g. food sources, predators, access to
cover, anthropogenic features) (Guisan & Thuiller 2005). For invasive species in
particular, this method can provide surprising insights about what drives their abundance
(and possibly impact). In France, SDM identified a strong association between
ornamental, non-native trees in an urban environment and the highly invasive ring-
necked parakeet (Psittacula krameri) (Le Louarn et al. 2018). This relationship had been
previously underestimated because earlier studies in London, England found parakeet
abundance was best predicted by access to bird feeders (Le Louarn et al. 2018). This
highlights how the uniqueness of every invaded system makes creating useful

generalizations difficult.

This thesis aims to look at the reliability of shared properties, of both invasive species
and recipient ecosystems, for predicting and thus informing management for invasive
species. | hope to identify which of these properties may mislead managers into over or
under-estimating the impacts of an invader, and which are useful, general properties of
high-impact invasions. While context-dependency is the common theme throughout this
thesis, each chapter uses a different analytical approach to dissect context-dependent
spread, impact, and potential management of invasive marine crabs (infraorder
Brachyura) worldwide. As a group, marine crabs are common invasive species but, like
most invasive marine invertebrates, are not well-researched (Carlton et al. 2011). In
Chapter 2, | use meta-analyses to determine if invasive crabs universally have a greater
impact on native species abundance than native crabs. While there was no universal
difference, the type of interaction (i.e., direct or indirect), the prey species, and
experimental design can all influence the predatory impacts of invasive crab species
compared to native ones. In Chapter 3, | investigate why the globally invasive European
green crab (Carcinus maenas) can be a significant, wide-spread invader in some regions
and a relatively inconsequential one in others. | used CFRA to compare the predatory
behaviour of European green crabs collected from four populations from around the
world representing both native and invaded locations. Chapter 4 then looks at how the
impacts of invasive green crab in British Columbia, Canada scale with density. | was

particularly interested in impacts in native eelgrass (Zostera marina) ecosystems, given



the importance of eelgrass as biogenic habitat and its susceptibility to disturbance. In
Chapter 5, | use SDM to identify the site-level biotic and abiotic characteristics that affect
green crab abundance along the coast of British Columbia. This investigation into the
context-specific drivers of abundance at the site level will help inform management
efforts for this species within British Columbia. In the last chapter, | reflect on the overall
reliability of generalizations for predicting impacts and advising management, especially

for new and emerging invasive species, given the ubiquity of context-dependence.



Chapter 2.

Contrasting ecological impacts of native and non-
native marine crabs: a global meta-analysis’

Abstract

Concern about the impacts of invasive species on invaded communities is often linked to
the expectation that invasive consumers will be more effective at using resources than
native ones. Many invasive marine crabs (infraorder Brachyura) are regarded as
particularly capable consumers; however, native crabs can also exert significant
influence on community structure. We used marine crabs as a focal group to test
whether non-native consumers have greater impacts on native prey populations than
native ones by conducting a systematic review and meta-analysis of 834 crab foraging
experiments. In addition to the effect of crab origin (non-native or native) on prey
abundance, we examined the effects of interaction type (direct or indirect), prey type,
and experimental design. Overall, direct consumption by non-native crabs did not reduce
prey abundance more than predation by native crabs, although the magnitude of
reductions in prey abundance varied with prey type and experimental design. Indirect
interactions with crabs (i.e., through trophic cascades with crabs as the initiators)
generally increased the abundance of native species. The direct and indirect impacts of
non-native crabs were significantly greater than those of native crabs on primary
producers and in simplified experiments with low species diversity. Thus, detecting
differences between native and non-native crabs may be heavily influenced by
experimental design. Importantly, we found few studies that considered direct
interactions (competitive or predatory) between native and non-native crabs. These
interactions should be a focus of future research because they could greatly alter

consumption rates and overall prey mortality in the wild.

' A version of this chapter appears as Howard, BR, Therriault, TW, & C6té IM 2017. Contrasting
ecological impacts of native and non-native marine crabs: a global meta-analysis. Marine Ecology
Progress Series 577: 93-103.



Introduction

Invasions by non-native species are a leading cause of population declines and
biodiversity loss worldwide (Sala et al. 2000, Clavero et al. 2009, Butchart et al. 2010).
Impacts can occur due to changes in species interactions, including competition
(Kenward & Holm 1993, Shochat et al. 2010, Martin et al. 2010), parasitism (Daszak et
al. 2000), and disease (Prenter et al. 2004 ), with the direct and indirect trophic effects of
invasive consumers probably the best-studied mechanism for these declines (Lockwood
et al. 2007). For example, the introduction of the brown tree snake (Boiga irregularis) to
the island of Guam, which previously lacked any predatory mammals or reptiles, resulted
in massive population declines of the island’s avifauna due to predation by this novel
predator species (Rodda et al. 1992, Wiles et al. 1995). Similar case studies, including
the invasion by Indo-Pacific lionfish (Pterois volitans) in the Caribbean (Green et al.
2012) and feral cats (Felis silvestris catus) in New Zealand (Dowding & Murphy 2001),

reinforce the popular narrative of the “voracious invasive” (Salo et al. 2007).

However, non-native consumers are not universally detrimental to native prey
biodiversity. Some non-native consumers have negligible or undetectable effects on
native prey populations (Parker et al. 1999). For instance, the predatory impacts of
invasive cane toads (Rhinella marinus) in Australia have been largely imperceptible,
despite the species’ formidable reputation as a predator (Shine 2010). Invasive rats
(Rattus spp.) can have highly variable impacts on seabird colonies depending on the life
history traits of the prey species (Jones et al. 2008). In other cases, non-native species
may have minimal impact if they behave similarly to native ecological equivalents
(Greenlees et al. 2006, Lepori et al. 2012).

Two of the most prominent mechanisms underpinning the observed variability in impacts
of invasive consumers are naiveté by both prey and predators and species
distinctiveness (Ricciardi & Atkinson 2004, Lockwood et al. 2007, Sih et al. 2010). Native
prey might not recognize non-native consumers as being dangerous (i.e., prey naiveté),
but conversely non-native consumers might not perceive native prey as being edible
(i.e., predator naiveté), because of a lack of co-evolutionary history (Sih et al. 2010).
Both native prey and non-native consumers might therefore exhibit inappropriate
avoidance/escape and attack behaviours, respectively, during encounters, leading to

variable impacts. In addition, the extent to which naiveté influences the impact of non-



native predators on native prey will often be mediated by distinctiveness, which
describes how novel an introduced species is in a recipient ecosystem (Ricciardi &
Atkinson 2004). Typically, the more distinctive an introduced consumer is, either
taxonomically or functionally, from native consumers, the greater its impacts (Ricciardi &
Atkinson 2004, Thomsen et al. 2014). The variability in impacts of invasive consumers
on prey abundance and/or biodiversity makes predicting the effects of new and
emerging invasive species a significant challenge (Parker et al. 1999, Byers et al. 2002,
Leung et al. 2012).

One group of invasive consumers of growing concern is marine crabs (infraorder
Brachyura; Breen and Metaxas 2012). International shipping has been a vector for crab
invasions since the 1800s (Carlton & Cohen 2003). A survey of publicly accessible
invasive species databases and select publications shows that the frequency of new
introductions and detections of non-native marine crabs continues unabated (Fig. 2.1;
Table A.1), creating a need for a better understanding of their potential impacts
(Grosholz & Ruiz 1996, Breen & Metaxas 2012). Non-native crabs can have significant
negative direct and indirect effects on native populations. For example, the globally
invasive European green crab (Carcinus maenas) is recognized as an effective shellfish
predator and has been implicated in large declines of some shellfish populations (Glude
1955, Welch 1968, Grosholz et al. 2000). Similarly, the Asian shore crab (Hemigrapsus
sanguineus) both preys upon and competes with native crab species (e.qg., fiddler crab,
Uca pugilator, and flatback mud crab, Eurypanopeus depressus) along the east coast of
the United States and has been implicated in large declines in native crab abundance
(Jensen et al. 2002, Kraemer et al. 2007, Peterson et al. 2014, Griffen & Riley 2015).
While the indirect effects of non-native species, including marine crabs, are not as well
studied (White et al. 2006), there is some evidence for trophic cascades. For example,
the European green crab can indirectly reduce mortality of sessile invertebrates (i.e.,
barnacles and mussels) and primary producers (i.e., cordgrass Spartina alterniflora)
through direct consumption of intermediate consumers (Trussell et al. 2003, 2006,
Griffen & Byers 2009, Bertness & Coverdale 2013).



90
.
’
.
'
'
75 :
'
'
'
2 '
= '
Q '
Q '
9 60 - '
c '
o '
= '
[S] '
= '
9 '
£ .
< 45 A K
Q '
@ '
—
[&] ¢
o '
> K
© .
g 30 .
’
S N
(@] ’
,
'
Lt
15 - -
:'.
.
Lee"""
Le===""" -
0 -
I | I I

1800 1843 1886 1929 1972 2015

Year of introduction

Cumulative number of newly recorded introductions of marine and

Figure 2.1

euryhaline crab species worldwide.
Data from national (Australia, New Zealand, USA, South Africa, United Kingdom), regional
(Europe), and international (IUCN/SSC Invasive Species Specialist Group) online databases for
invasive species monitoring as well as select publications (see Table A.1 for details).

While studies support the general notion that non-native crabs can negatively impact
prey populations, they do not address how these effects compare to those of native
crabs. Recent meta-analyses have found that invasive consumers tend to have a greater
negative impact on prey abundance than native consumers (Salo et al. 2007, Paolucci et
al. 2013). However, the majority of studies in these meta-analyses were derived from
terrestrial and freshwater ecosystems (100% in Salo et al., 2007; 85% in Paolucci et al.
2013), where the impact of predators on their prey is usually less marked than in marine
systems, especially intertidal areas (Sih et al. 1985). Marine crabs in particular are



known to play important roles in structuring intertidal and near-shore marine
communities (Boudreau & Worm 2012). For example, within its native range, European
green crab can significantly reduce bivalve abundance and has a strong effect on
temporal variation in these populations (Richards et al. 1999). Similarly, on the east
coast of the United States, the native blue crab (Callinectes sapidus) is considered a
keystone predator, having population-level effects on native mud crabs (Panopeus
herbstii), oyster (Crassostrea virginica), and cordgrass through both direct and indirect
trophic interactions (Silliman & Bertness 2002, Grabowski et al. 2008, Hill & Weissburg
2013). Thus, native crabs might have both direct and indirect ecological effects that are
as large as (or larger than) those of non-native crabs, despite the general expectation

that non-native species will have larger impacts.

To estimate the relative ecological impacts of native and non-native crabs, we conducted
a systematic review and meta-analysis of the substantial experimental literature on crab
foraging. We asked three main questions. First, do crabs have different effects on the
abundance (as a proxy for survival) of species with which they interact directly (i.e., prey)
and indirectly (i.e., via potential trophic cascades)? We expected that prey abundance
would decrease in direct interactions and increase in indirect interactions with predatory
crabs. Second, do native and non-native crabs differ in their effects on the abundance of
species with which they interact? If the narrative of the ‘voracious invasive’ holds, then
non-native crabs should have larger negative effects on their prey than native crabs
(Salo et al. 2007), but it is not clear whether this difference will reverberate across
multiple trophic levels (i.e., in indirect interactions) (White et al. 2006). Third, are certain
prey types more susceptible to predation by non-native than native crabs? Assuming no
difference among prey in capacity to recognize non-native predators, we predicted that
prey, especially those with limited escape abilities, might be more vulnerable to non-
native crab predation (e.g., Sih et al. 2010, Grason & Buhle 2016).

Materials and methods

Literature search, selection criteria, and data extraction

We searched the ecological literature for experiments quantifying the direct and indirect
impacts of crabs on their prey. Two online databases, the Web of Science (WOS; ‘all

years’ ending December 2016) and the Aquatic Sciences and Fisheries Abstracts
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(ASFA; ‘all years’ ending December 2016), were searched using keyword combinations
of crab* + predat* (to capture predation, predatory, predator) + compet* (to capture
competition, competitor, competitive) + marine. In addition, we looked at relevant cited
literature from the papers we found. A total of 5,429 abstracts were returned. After
removing duplicates, conference proceedings, and irrelevant search results, the

remainder (556 abstracts) were systematically reviewed (Fig. A.1, Table A.2).

To be included in our meta-analysis, each study was required to meet the following
criteria. (1) The focal crab species was a true crab (infraorder Brachyura) in its adult
form and was a near-shore or intertidal species. (2) The study examined the interspecific
effect of crab presence (i.e., studies of cannibalism were excluded). (3) Crab presence
had a potential direct or indirect effect on the survival of another species through
consumption (i.e., parasitic interactions were excluded). (4) Crab presence was
manipulated (either directly or using spatial/temporal gradients) so there was a ‘no-crab’
control. (5) The response of the species affected by crabs was measured in terms of
abundance (e.g., density, biomass, percent cover) either removed or remaining by the
end of the experiment (prey abundance at the start of experiments was always assumed
or shown to be equal across treatments). Finally, (6) the study reported the required data

to calculate an effect size for each species affected by crabs.

We considered each responding species’ abundance reported in a study as an individual
experiment (see section on non-independence below). For each experiment the mean
abundance of responding species, standard deviation, and sample size for both with-
and without-crab treatment groups were recorded. When the data required were only
available from figures, we used the program GraphClick v 3.0.2 to extract values for the
parameters needed. When standard errors or confidence intervals were provided, we

converted them to standard deviations.

We recorded as potential moderators of the ecological effect of crabs whether the crab
species was native or non-native, whether the interaction was direct or indirect, the
functional group of the responding species, and details about the experimental design
(Table A.3). Responding species were categorized into one of five functional groups
based on habitat and mobility: (1) primary producers, including seaweeds, seagrasses,
and phytoplankton; (2) sessile invertebrates, including mussels, oysters, barnacles, and

encrusting epifauna; (3) mobile epifauna, including other decapods, gastropods,
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scallops, and echinoderms; (4) mobile infauna, including clams, marine worms, and
infaunal crustaceans (amphipods and isopods); and (5) vertebrates, which was limited to
birds and fish (Table A.3). Because experimental design can strongly affect the results of
a study (Fernandes et al. 1999), we categorized designs based on similarity to natural
conditions. The five categories ranged from ‘natural experiments’, which used spatial or
temporal variation in crab presence to measure effects on responding species
abundance in the field, to increasingly precisely manipulated laboratory experiments

where a crab predator interacted with a single responding species (Table A.3).

Two additional factors could be important in determining the impacts of non-native
species. First, time since arrival in a new area has been proposed as a predictor of the
potential impacts of marine invaders (Rossong et al. 2012, Byers et al. 2015).
Unfortunately, there was insufficient information on the timing of marine crab
introductions at the precise locations at which experiments were conducted to consider
this variable in our analyses. Second, body size is an important determinant of both
predatory and competitive interactions in crabs (Boudreau et al. 2013, Hill & Weissburg
2013, Tina et al. 2015). To address whether there was a bias towards larger non-native
marine crabs than native ones we compiled information on average crab carapace width
(mm) for every species in the dataset from a variety of sources (Table A.4) and

compared mean sizes of native and non-native species with a Mann-Whitney test.

Data analysis

We generated individual effect sizes for each comparison using the standardized mean
difference (i.e., Hedge’s g) of the responding species’ abundance at the end of an
experiment, weighted by the inverse of the variance for each. Hedge’s g was calculated
as the mean difference in abundance at the end of an experiment between treatments
without and with crab, divided by the pooled standard deviation across groups
(Viechtbauer 2010). This metric is preferable to ratios when means can have values of
zero (Hedges et al. 1999), which was the case here. Abundance at the end of each
experiment was reported either as number remaining or number consumed. If crabs
have an effect on a responding species, the former measure would yield a positive
value, while the latter would yield a negative one. For consistency and to make the
results more intuitive, we reversed the sign of the effect size for experiments reporting

remaining abundance so that across all studies, negative values denoted a decline in
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responding species abundance in the presence of crabs. For all mean effect sizes, we
calculated 95% confidence intervals (Cl). Mean effect sizes are considered to be

significant when the Cl does not overlap zero.

The direct and indirect interactions of crabs with responding species are expected to
have opposite effects on species abundance, i.e. decreasing the abundance of prey
consumed, and increasing the abundance of species released from interactions with
those prey. We first tested the effect of interaction type (fixed factor: direct or indirect) on
Hedge’s g using a mixed-effects model, with the source publication (study ID) included
as a random effect to control for multiple experiments from individual studies. Because
the results supported our expectation (see Results), we considered direct and indirect
interactions separately for all subsequent analyses, including testing for publication bias
(see below). We conducted all analyses in R, using the rma() function within the metafor

package to generate models (R Development Core Team 2008, Viechtbauer 2010).

We conducted a two-step analysis (e.g., Magrach et al. 2014; Stein et al. 2014; Gallardo
et al. 2016). We first ran a set of single-moderator mixed-effect models to estimate how
the effect of crab presence on Hedge'’s g varied with (1) crab origin (fixed factor: native
or non-native), (2) responding species functional group (fixed factor: five categories
described above), and (3) experimental design (fixed factor: five categories, Table A.3).
Source publication (study ID) was included as a random effect. Then we used a new set
of mixed-effects models to assess the difference between native and non-native crabs
specifically by examining interactions between crab origin and, separately, prey
functional group and experimental design (with study ID included as a random effect in
all cases). For all models we estimated residual heterogeneity using the restricted
maximum-likelihood estimator 1 and used Qe to test for significance. To determine if
there were significant differences between the levels of the categorical moderators, we
used Cochran’s Q-test (Qu) with the ‘mods’ argument in metafor to ignore the intercept
(Viechtbauer 2010). To determine whether the effect of native and non-native crabs
differed in the interaction models we used Wald-type chi-squared tests (Viechtbauer
2010).
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Testing for non-independence and publication bias

A common problem with meta-analyses is non-independence. In our study, non-
independence arose from three main sources, which we tried to minimize. First, in some
studies, the same control group was used as the baseline for multiple experimental
treatments. On average, there were 1.9 (+/- 2.3) experiments per control treatment in our
dataset. In such cases, we used only the lowest and highest density treatments (and
their shared control) to ensure that the minimum and maximum impacts were captured
and disregarded all intermediate treatments (Romero et al. 2015). Second, in
longitudinal studies, abundance was reported as a time-series. In these instances, we
used only the last point of the series (Romero et al. 2015). Third, studies often
contributed more than one experiment to the dataset. Studies in our dataset contributed
an average of 6.1 (+/- 7.5) experiments. The first and third sources of non-independence
were largely attributed to a few large enclosure studies that examined the response of
multiple species to crab presence and did not use fully factorial experimental designs.
We therefore cross-validated our data using a leave-one-out approach to see if any
individual experiments or entire studies significantly influenced the overall effect size of
direct and (separately) indirect interactions. To do so, we systematically removed each
study and each individual experiment from the direct and indirect datasets and
recalculated the overall effect size of the random-effects model. An influential

experiment or study should change the overall effect size significantly when left out.

Another problem with meta-analyses is the disproportionate publication of significant
results leading to overestimates of the overall effect size. Publication is expected to be
biased against smaller studies, which are more likely to find non-significant results
(Borenstein et al. 2009). We tested for potential publication bias in the direct and indirect
interactions datasets separately. We first examined funnel plot asymmetry, which
suggested a dearth of non-significant, small studies in both datasets (Fig. A.2). Instead
of using a trim-and-fill method (Duval & Tweedie 2000), which can be unduly influenced
by one or two anomalous experiments (Borenstein et al. 2009), we ran cumulative meta-
analyses where studies were added sequentially from most to least precise, based on
variance (Fig. A.3). As variance typically increases as studies become smaller (i.e., less
within-study replication), variance can be used to identify the threshold at which small
studies start to influence the overall effect size (Borenstein et al. 2009). These

thresholds were estimated visually to be at variance values of 0.73 for studies of direct

14



effects of crabs, and 1.02 for studies of indirect effects. Studies with variances smaller
than these thresholds (n = 394, or 61% of the complete dataset, for direct effects; n =
148, or 79% of the complete dataset, for indirect effects) were then retained in “large-
studies-only” datasets, and all analyses were repeated on these restricted datasets
(Borenstein et al. 2009). Given that the results from analyses of the full and “large-
studies-only” datasets were similar (Table A.5), and that Rosenthal’s fail-safe numbers
(direct: 321,152; indirect: 20,412) were large relative to sample sizes for the full
datasets, we present the results from the full datasets here. However, we caution the
reader that if the funnel plot asymmetries are due to bias, the effect sizes we report

might be slightly inflated.

Finally, because studies of European green crab contributed more than one-third (38%)
of experiments on non-native crabs, we repeated the analyses omitting this species.
There were few differences in results between the restricted and full datasets, which we

attribute mainly to increased variance owing to smaller sample sizes (Table A.6).

Results

Overview

A total of 137 papers, published between 1977 and December 2016, met all selection
criteria, contributing 834 individual estimates of the effect of non-native (35%) and native
(65%) crabs on the survival of responding species (Table A.2). The most commonly
studied crab species was the European green crab (38%). It was also the only species
to have experiments conducted in both its native and non-native range. The most
commonly studied prey types were sessile invertebrates (32%) and infauna (29%). All
experimental designs were well represented (between 18% — 31%), with the exception
of natural field experiments (3%). Experiments originated from all continents except Asia
and Antarctica. However, northern temperate latitudes (> 23° N) (88%) and North
America (65%) had the greatest representation in the dataset. The majority of

experiments tested the direct (consumptive) effect of crabs (78%).

There was no significant difference in mean carapace width between native (mean * 1
SD: 60.5 mm + 49.7 mm) and non-native crab species in the database (34.4 mm £ 21.3
mm; Mann-Whitney test, U = 132.0, n = 55, p = 0.37).
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Direct (n = 647) and indirect (n = 187) interactions between crabs and responding
species had significantly different effects on the abundance of responding species (Qu=
176.72, df = 1, p < 0.01). As expected, direct interactions (i.e., consumption by crabs)
had a significant, negative effect on prey abundance (g =-1.06, 95% CI = -1.25 to -0.88,
p < 0.01) while indirect interactions had a significant, positive effect (g = 0.34, 95% CI =
0.11 t0 0.58, p < 0.01).

The sequential omission of two large enclosure studies reporting direct interactions
changed the magnitude of the overall effect size [without Griffin et al. (2008): g =-1.26,
95% CI = -1.45 to -1.07; without Fernandes et al. (1999): g =-1.25, 95% Cl = -1.44 to -
1.06], but the confidence intervals in both cases still encompassed the overall effect size
of the complete dataset. The same was observed for two large studies of indirect
interactions [without Tyrrell et al. (2006): g =0.77, 95% CI = 0.40 to 1.15; without
Matassa and Trussell (2011): g = 0.67, 95% CI = 0.34 to 1.00]. However, because the
direction and statistical significance of the models were not changed in either case, we

chose to leave these studies in the datasets for further analyses.

Direct interactions

Overall, non-native crabs did not significantly reduce the abundance of responding
species any more than native ones (Qu= 0.25, df = 1, p = 0.61; Fig. 2.2). Prey
abundance was significantly reduced by crabs in all experiments, with the strongest
effects occurring in laboratory-based experiments (i.e., mesocosms and single-species
predation experiments) (Qu = 46.96, df = 4, p < 0.01; Fig. 2.2). Mesocosm experiments
were the only design type where native and non-native crab had significantly different
effects, where non-native crabs reduced prey abundance more than native crabs (Table
2.1).

16



Direct Effects Indirect Effects

Non-native crab consumer - (194) —a— (98)
Native crab consumer HH (453) - (89)
Natural experiments —— (15) ' - (7)
Unstocked enclosures - (209) —— (47)
Stocked enclosures e (119) —a— (33)
Mesocosms - (93) —a— (100)
Predation experiment e (211)
Mobile infauna - (240) —r— (6)
Mobile epifauna - (187) e (2)
Primary producers = (44) —— (79)
Sessile invertebrates - (169) —a— (94)
Vertebrates —a— (7) < (6)

I T T T 1 I T 1 T 1

3 -2 A 0 1 2 A1 0 1 2

Standardized Mean Difference (g)

Figure 2.2  Weighted average effect sizes (Hedge’s g) and 95% confidence
intervals from models of relative abundance of species involved in
direct and indirect interactions with crabs.

Effect sizes for each level of three moderators are shown: crab origin, experimental design, and

prey type. Negative effect sizes indicate lower abundance of responding species in treatments

with crabs than in treatments without crabs. Effect sizes are considered significant when
confidence intervals do not overlap zero.
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Table 2.1 Results of mixed-effects models of species abundance after direct
(i.e., consumptive) interactions with crabs.

Moderator g Cliower Clupper n Qu P

Model: Crab origin * Experimental design

Natural experiments Non-native 167 -3.31 -0.03 4 0.13 0.72
Native -1.30 -2.48 -0.12 11

Unstocked field enclosures Non-native -059  -0.96 -0.23 57  <0.01 0.95
Native -0.61  -0.93 -0.28 152

Stocked field enclosures Non-native -146  -1.88 -1.05 59 0.59 0.44
Native -1.29  -1.69 -0.88 60

Lab mesocosms Non-native 234 295 .73 8 4.96 0.03
Native -1.53 -1.99 -1.06 85

Lab predation experiment Non-native -1.52  -1.88 -1.16 66 0.04 0.84
Native -1.56  -1.87 -1.25 145

Model: Crab origin * Prey functional group

Mobile infauna Non-native 140 174 -1.06 82 3.14 0.08
Native -1.06 -1.33 -0.78 158

Mobile epifauna Non-native 075 1.1 -0.39 31 945  <0.01
Native -1.35  -1.60 -1.10 156

Sessile invertebrates Non-native -1.71 -2.06 -1.37 70 1.35 0.25
Native -1.50  -1.79 -1.21 99

Primary producers Non-native 137 -1.94 -0.79 10 4.80 0.03
Native -048 -1.04 0.08 34

Vertebrates Non-native 0.00 -0.62 0.63 1 11.62  <0.01
Native 194  -2.88 -1.00 6

All models considered crab origin (non-native or native) and one moderator (experimental design or prey type), and the
interaction between the two, with study as a random factor. Weighted average effect sizes (Hedge's g), i.e. the
standardized mean difference in prey abundance when a crab consumer was present vs absent in an experiment, are
considered significant when confidence intervals (CI) do not overlap zero. P-values refer to pairwise Wald-type chi-
squared (Qm) comparisons between non-native and native crabs for each moderator level; significant values (p < 0.05)
are shown in bold.

Although all prey types were significantly negatively affected by crab predation (Fig. 2.2),
there were significant differences in effect sizes among prey functional groups (Qw =
19.96, df = 4, p < 0.01). Direct predation by non-native crabs reduced the abundance of
primary producers significantly more than direct predation by native crabs, while direct
predation by native crabs reduced the abundance of mobile epifauna and vertebrates
significantly more than non-native crabs (Table 2.1). However, the effect on vertebrates
arises from very small sample sizes (Table 2.1). There were no other differences

between native and non-native crabs in consumption of other prey types (Table 2.1).
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Indirect interactions

Overall, the abundance of species interacting indirectly with crabs increased in the
presence of crabs (i.e., g was positive); however, there was no significant difference in

effect sizes between native and non-native crabs (Qu = 0.45, df = 1, p = 0.50; Fig. 2.2).

The impact on responding species abundance did not differ significantly among
experimental designs (Qu= 5.63, df = 3, p = 0.13; Fig. 2.2). Mesocosm experiments
yielded the largest and only statistically significant indirect effect on responding species
abundance (p < 0.01; Fig. 2.2). It was not possible to compare the indirect effects of non-
native and native crabs in natural field experiments because of the absence of such
studies for native crabs. The only difference in indirect effects between native and non-
native crabs was for unstocked field enclosures, where non-native crabs increased the

abundance of responding species significantly more than native crabs (Table 2.2).
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Table 2.2 Results of mixed-effects models of species’ abundance after indirect
(i.e., via trophic cascade) interactions with crabs.

Moderator g Cliower Clupper n Qu P

Model: Crab origin * Experimental design

Natural experiments Non-native 0.89 -1.20 297 7 - -
Native - - - 0

Unstocked field Non-native 1.66 0.75 2.57 24 1216 <0.01

enclosures Native -0.67 -1.61 0.27 23

Stocked field enclosures Non-native 0.57 0.00 1.16 21 2.96 0.09
Native -0.09 -0.79 0.62 12

Lab mesocosms Non-native 0.83 0.32 1.33 46 0.86 0.36
Native 1.06 0.61 1.51 54

Model: Crab origin * Prey functional group

Mobile infauna Non-native 0.23 -0.81 1.26 4 0.86 0.35
Native 0.91 -0.21 2.02 2

Mobile epifauna Non-native -0.33 -143 0.77 2 - -
Native - - - 0

Sessile invertebrates Non-native 1.06 0.55 1.57 60 0.50 0.47
Native 1.24 0.65 1.82 34

Primary producers Non-native 1.95 1.21 2.69 28  13.65 <0.01
Native 0.16 -0.43 0.76 51

Vertebrates Non-native -0.99 -2.38 0.40 4 <0.01 0.95
Native -1.08 -3.44 1.28 2

All models considered crab origin (non-native or native) and one of either experimental design or prey type, and the
interaction between origin and the focal moderator, and study as a random factor. Weighted average effect sizes
(Hedge’s g), i.e. the standardized mean difference in prey abundance when a crab consumer was present vs absent in
an experiment, are considered significant when confidence intervals (CI) do not overlap zero. P-values refer to pairwise
Wald-type chi-squared (Qu) comparisons between non-native and native crabs for each moderator level; significant
values (p < 0.05) are shown in bold. Empty cells indicate there were no data available to test the interaction for that
particular level of the moderator and origin combination.

The indirect effect of crabs varied among prey types (Qu= 18.43, df = 4, p < 0.01; Fig.
2.2). The abundance of both sessile invertebrates (e.g., barnacles) (p < 0.01) and
primary producers (p < 0.01) increased the most in the presence of crabs, compared to
treatments without crabs (Fig. 2.2). There was a significant difference between the
indirect effects of native and non-native crabs on the abundance of primary producers,

with non-native crabs having a larger positive effect than native crabs (Table 2.2).

Discussion

Non-native consumers were expected to have larger negative impacts on native prey
abundance than native ones (Salo et al. 2007, Paolucci et al. 2013, Alexander et al.
2014, Thomsen et al. 2014). In general, our meta-analysis does not support this

expectation. Regardless of whether the interactions between crabs and prey species
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were direct (e.g., predation) or indirect (e.g., via trophic cascades), we could not detect
an overall difference in abundance of responding species between native and non-native
crabs. Although some differences between native and non-native crabs arose in
experiments with specific experimental designs and prey types, they did not consistently

point to non-native crabs having greater impacts.

We had predicted that the abundance of species that interact directly with predatory
crabs would decrease, but that species interacting indirectly with a crab predator would
benefit. These predictions were supported. Direct effects were always strongly negative,
regardless of crab origin, prey type, or experimental design (Fig. 2.2), which is consistent
with our understanding of marine crabs as important generalist predators in nearshore
and intertidal ecosystems (Boudreau & Worm 2012). Overall indirect effects on the
abundance of responding species were positive but were more variable among
experimental designs and prey types than direct effects (Fig. 2.2). This is consistent with
the notion that indirect effects are typically harder to predict, test, and detect than direct
effects (White et al. 2006). Furthermore, indirect impacts are not always manifested as
changes in prey survival or abundance, which was the metric used here. Indirect effects
of consumers are sometimes detectable as size shifts (Peterson et al. 2014) and in
phenotypic and behavioural adaptations of prey (Freeman & Byers 2006, Brookes &
Rochette 2007, Flynn & Smee 2010, Whitlow 2010), neither of which could be examined

here.

Generally, non-native crabs had a similar impact on the abundance of responding
species as native crabs, regardless of whether the interaction was direct or indirect. This
is contrary to recent meta-analyses comparing other taxa of non-native and native
consumers. These studies found that the effects of non-native species were consistently
two to three times larger than those of native species and invoked prey naiveté and
novelty of the non-native consumer as potential explanations (e.g., Salo et al. 2007;
Paolucci et al. 2013). The converse mechanisms, i.e. limited prey naiveté and low
distinctiveness of non-native crab species in recipient communities, may explain why
non-native and native crabs appear to have similar impacts. Most nearshore marine
communities, except at the most polar latitudes, have co-evolved alongside crab-like
consumers (Aronson et al. 2015). This ubiquity may make it less likely for a non-native
crab to be taxonomically or functionally distinct from native crab species. From the native

prey’s perspective, a novel crab consumer may therefore not represent a particularly
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significant adaptive challenge. Indeed, the rapid responses of formerly naive prey
species to novel crab predators has been demonstrated experimentally for both
European green crab (Edgell et al. 2009) and Asian shore crab (Freeman & Byers
2006).

Prey type influenced the effect of direct interactions with crabs. The abundance of all
prey groups was significantly reduced by direct predation from crabs, but with some
variation among groups. Within prey groups, the extent of these reductions was similar
regardless of crab origin, with the exception of primary producers and mobile epifauna.
Primary producers were disproportionally affected by non-native crabs, although this
result is based on a relatively small sample size. In contrast, the abundance of mobile
epifauna was more negatively affected by native crabs. Due to the wide variety of prey
species encompassed in the ‘mobile epifauna’ functional group, it is unlikely that this
pattern is driven by a single mechanism. However, it could suggest predator naiveté,
where non-native crabs are unfamiliar with the anti-predator defenses and escape
responses of novel prey species and therefore can consume less than native crabs (Sih
et al. 2010). Our prediction that sessile prey would be the most vulnerable to non-native
crab predation due to lack of an active behavioural escape response (Vermeij 1987) was
not supported. The similarity in direct effects of native and non-native crabs on this
group may indicate that sessile prey, particularly those that rely on shells as a
mechanical defense (e.g., mussels), are adapted to crushing predators, regardless of

crab origin.

Prey type also influenced the effect of indirect interactions with crabs. In contrast to
direct interactions, the effects of indirect interactions with crabs were more variable, with
some prey types responding positively to the presence of predatory crabs and others not
responding at all. Primary producers and sessile invertebrates benefited the most from
crab presence. This result is probably explained by the fact that sessile species are
particularly susceptible to consumers (Sih et al. 2010) and they were often included in
studies focusing on tri-trophic cascades where crabs preyed upon an intermediate
consumer, thus relaxing consumption on sessile species at the lowest trophic level. As
with direct effects, there was a significant difference between native and non-native
crabs in their indirect effect on primary producers, with non-native crabs associated with
a larger increase in abundance of primary producers than native crabs (Table 2.2). Itis

possible that the intermediate predators used in tri-trophic cascade experiments are
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more responsive to non-native than native crabs, thus releasing primary producers more
effectively from herbivory (Sih et al. 2010). However, it is not clear why the same larger
indirect impact of non-native crabs is absent when sessile invertebrates are the basal
prey (Table 2.2).

The magnitude of the effect of predatory crabs on other species also varied significantly
among experimental designs. For direct interactions, laboratory-based experiments on
crab predation resulted in the largest reductions in prey abundance, undoubtedly
because of the absence of alternative prey and/or the limited biotic interactions
experienced by predators. The direct effects of native and non-native crabs were
generally similar, except in laboratory mesocosms where non-native crabs reduced prey
abundance more than native crabs. This result should be interpreted with some caution,
however, given the very small number of mesocosm experiments using non-native crabs
(Table 2.1). For indirect interactions, the presence of crabs was associated with
increased abundance of responding species, but this effect was only significant in
mesocosm experiments, supporting the notion that interactions are easier to detect in
simpler systems. However, in contrast to direct interactions, non-native crabs exerted
significantly larger, positive indirect effects on responding species abundance than
native crabs in unstocked field enclosures but not in any other type of experiment. It is
notable that most unstocked field enclosures included primary producers as the basal
responding species, and plants and algae responded strongly (negatively for direct

interactions, positively for indirect interactions) to the presence of non-native crabs.

Our review has revealed several important research gaps. We found marked geographic
and taxonomic biases in the studies available, which reflect a need for more research on
non-native crabs outside of North America and Europe. Studies of non-native crabs
could also be biased towards species suspected of having strong negative impacts (e.g.,
green crabs). If this is the case here, then non-native crabs could in fact have smaller
impacts than we estimated. The indirect impacts of crab consumers are generally
understudied, especially for mobile fauna and vertebrates. The few studies that have
attempted to demonstrate indirect linkages between crab consumers and vertebrates
(e.g., wading birds or juvenile fish) suggest potentially important competitive interactions
(Table 2.1; Estelle and Grosholz 2012). We also noted that there are very few natural
field-experiments. This is unfortunate because, although such experiments do not offer

the same level of control as mesocosm and other laboratory designs, ecosystem-wide
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studies are one of the best tools available for understanding the impacts of native and
non-native species over large spatial and temporal scales (Carpenter et al. 1995,
Sagarin & Pauchard 2010). Most importantly, we found few studies that placed native
and non-native crabs in direct competition for single or multiple prey items. Thus, while
non-native predators might have different functional responses and impacts on native
prey abundance than native predators when held on their own (Dick et al. 2013,
Alexander et al. 2014, Dunoyer et al. 2014), these measures of predatory impact might
be greatly modified by ecological interactions. Experiments that consider both non-native
and native species together will help determine whether mortality imposed by non-native
predators simply replaces mortality imposed by native predators, or whether it is
additive. The implications of such studies for understanding the effect of non-native
predators in the wild are critical and can inform risk assessments and management
efforts.
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Chapter 3.

Functional responses of a cosmopolitan invader
demonstrate intraspecific variability in consumer—
resource dynamics?

Abstract

Variability in the ecological impacts of invasive species across their geographical ranges
may decrease the accuracy of risk assessments. Comparative functional response
analysis can be used to estimate invasive consumer—resource dynamics, explain impact
variability, and thus potentially inform impact predictions. The European green crab
(Carcinus maenas) has been introduced on multiple continents beyond its native range,
although its ecological impacts appear to vary among populations and regions. Our aim
was to test whether consumer—resource dynamics under standardized conditions are
similarly variable across the current geographic distribution of green crabs, and to
identify correlated morphological features. Crabs were collected from multiple
populations within both native (Northern Ireland) and invasive regions (South Africa and
Canada). Their functional responses to local mussels (Mytilus spp.) were tested. Attack
rates and handling times were compared among green crab populations within each
region, and among regions (Pacific Canada, Atlantic Canada, South Africa, and Northern
Ireland). The effect of predator and prey morphology on prey consumption was
investigated. Across regions, green crab consumed prey according to a Type Il
(hyperbolic) functional response curve. Attack rates (i.e., the rate at which a predator
finds and attacks prey), handling times and maximum feeding rates differed among
regions. There was a trend toward higher attack rates in invasive than in native
populations. Green crabs from Canada had lower handling times and thus higher
maximum feeding rates than those from South Africa and Northern Ireland. Canadian
and Northern Ireland crabs had significantly larger claws than South African crabs. Claw
size was a more important predictor of the proportion of mussels killed than prey shell

strength. The differences in functional response between regions reflect observed

2 A version of this chapter appears as Howard, BR, Barrios-O’'Neill D, Alexander ME, Dick, JTA,
Therriault TW, Robinson TB & C6té IM 2018. Functional responses of a cosmopolitan invader
demonstrate intraspecific variability in consumer—resource dynamics. PeerJ 6:€5634
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impacts of green crabs in the wild. This suggests that an understanding of consumer—
resource dynamics (e.g., the per capita measure of predation), derived from simple,
standardized experiments, might yield useful predictions of invader impacts across

geographical ranges.

Introduction

The ever-increasing rate of introductions of species beyond their native ranges and the
potential negative impacts on native biodiversity of species that become invasive
continue to generate worldwide concern (Seebens et al. 2017). However, the effects of
invaders are notoriously difficult to predict, especially across geographical ranges
(Simberloff et al. 2013, Doherty et al. 2016). Many predatory invaders are responsible for
large declines in the abundance and richness of native species (e.g., Wiles et al. 1995,
Medina et al. 2011). These impacts are often attributed to advantages of invasive
predators in novel environments, including the lack of prey resistance, release from
natural enemies/pathogens, or behavioural, morphological, and physiological pre-
adaptations (Alpert 2006, Sih et al. 2010, Weis 2010, Roy et al. 2011). However, not all
introduced predators cause notable declines in native populations (Gurevitch & Padilla
2004, Zenni & Nufez 2013); some have minimal detectable impacts on recipient
ecosystems (Simberloff & Gibbons 2004, Hampton & Griffiths 2007, Chapter 2). These
variable outcomes may arise because the impacts of an invasive predator are influenced
by context-specific biotic and abiotic conditions (Lipcius & Hines 1986, Alcaraz et al.
2008, Robinson et al. 2011, Barrios-O’Neill et al. 2014, Paterson et al. 2015). This
variability can make it difficult to accurately predict the impacts of invasive species (Dick
et al. 2017), especially when the same invasive species occurs at multiple locations
(Melbourne et al. 2007, Kumschick et al. 2015).

Comparative functional response analysis (CFRA) has become a useful tool for
elucidating relative variability in consumer—resource interactions among invasive species
and under different contexts (Barrios-O’Neill et al. 2014, Alexander et al. 2015, Paterson
et al. 2015, Dick et al. 2017). The functional response is the relationship between
consumer (e.g., predator) consumption rate and resource (e.g., prey) density (Holling
1959, 1965). This relationship provides information on the ability of a predator to find and
consume prey and, by extension, its potential ecological impacts (Dick et al. 2013).

Unlike predation studies, which seek to directly measure the impact of an invasive
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species in a particular location or on a particular species, the CFRA approach uses
simplified experimental conditions to generate relative (not absolute) parameters that are
comparable across contexts. Functional responses can be linear (Type 1), hyperbolic
(Type II), or sigmoidal (Type Ill) (Holling 1965). The magnitude and type of functional
response can determine predator—prey coexistence (Holling 1959, Oaten & Murdoch
1975, Hassell 1978). Type Il responses in particular may potentially destabilize prey
populations and lead to localized prey extinction (e.g., Lipcius & Hines 1986; Rindone &
Eggleston 2011; Spencer, Van Dyke & Thompson 2016). Studies using CFRA have
consistently demonstrated that invasive species, ranging from plants (Funk & Vitousek
2007) to invertebrates (Dick et al. 2013) and vertebrates (Alexander et al. 2014)
consume available resources at a higher rate than analogous native species. While
these results support the general concept that successful invasive species do well, in
part, because they are more efficient at using resources, context-dependent biotic
interactions or abiotic conditions can cause variation in invasive species functional
responses (Barrios-O’Neill et al. 2014, 2016, Paterson et al. 2015). It is thus unclear
whether we should expect the functional responses of an invasive species to be
conserved across geographical ranges or whether context-specific differences between
populations will result in variable functional responses. Intraspecific geographic
comparisons of functional responses should make it possible to estimate the relative
importance of local behavioural and morphological adaptations in determining invader

responses to resource availability and their potential ecological impacts.

The European green crab (Carcinus maenas) is a well-known invasive species that
occurs in intertidal and shallow subtidal habitats around the world (Behrens Yamada
2001) (Fig. 3.1). Green crabs are viewed as highly effective generalist predators
(Gillespie et al. 2007), with detrimental effects for native biodiversity in some regions
(Welch 1968, Walton et al. 2002, Matheson et al. 2016). However, there is large
variation in the reported impacts among green crab populations, which does not simply
relate to time since invasion. For example, on the east coast of North America, where
green crabs have been established since the 1800s (Say 1817), significant declines in
commercially important shellfish stocks have been attributed to green crab predation
(Glude 1955, Welch 1968). There are also notable ecological impacts on shellfish
species on the west coast of North America, where green crabs have been established

since the 1990s (Grosholz et al. 2000, 2011). In contrast, there are limited observed
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impacts by populations in both Australia (introduced 1880s) and South Africa (introduced
1980s) (Fulton & Grant 1902, Le Roux et al. 1990, Carlton & Cohen 2003, Hampton &
Griffiths 2007, Mabin et al. 2017).
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Figure 3.1 Global distribution of European green crab (Carcinus maenas) and

sampling locations for green crab populations used in this study.
Native (black) and invaded (dark grey) ranges of European green crab. Locations where green
crabs occur in isolated populations are indicated by black dots. Open circles indicate locations
where green crabs have been collected but established populations are not yet known to exist
(see Carlton & Cohen 2003 for additional details). Insets show the sampling locations (black dots)
for populations of green crabs used in this study: BC (British Columbia, Canada), NS (Nova
Scotia, Canada), SA (South Africa), and NI (Northern Ireland, UK). White diamonds indicate
locations of major cities near sampling locations, for reference.

In this chapter, we investigate variability in consumer-resource dynamics of green crabs
from regions within both their invasive and native ranges using CFRA. If green crab
functional responses are variable among regions, we expect these differences to reflect
local ecological impacts, as demonstrated in interspecific CFRA studies (e.g., Dick et al.
2013, Alexander et al. 2014, Paterson et al. 2015). Thus, crabs from populations within
regions should have similar functional responses, but crabs from North American

regions (in this chapter, Atlantic and Pacific Canada) might be expected to have higher
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functional responses than those from regions within the native range (in this chapter,
Northern Ireland) and parts of the invaded range where their impacts appear limited (in
this chapter, South Africa). We also investigated morphological differences among both
crab and prey populations that might potentially cause inter-regional differences in

functional responses.

Materials and methods

Site selection and animal collection

Green crabs were collected from nine populations from four regions where green crabs
have been introduced: British Columbia, Pacific Canada (BC, n = 2 populations), Nova
Scotia, Atlantic Canada (NS, n = 2), and South Africa (SA, n = 2), and from the region
where they are native: Northern Ireland, UK (NI, n = 3) (Fig. 3.1). A minimum of 18 crabs
were collected from each site between July and September 2014 (Table B.1). All crabs
collected were males, with carapace widths between 55.0 and 65.0 mm, intact claws,
and a firm shell (as springy or soft shells indicate recent moulting). Although the invasive
congener C. aestuarii was previously recorded as co-occurring in very low densities
alongside C. maenas in South Africa in the mid 1990s, they were no longer present a
decade later (Robinson et al. 2005, 2016). As such, all South African crabs were
correctly identified as European green crab. Intertidal mussels of the genus Mytilus (BC:
M. trossulus; NS: M. edulis; NI: M. edulis; SA: M. galloprovincialis) were used as prey
because they are widely available in all four regions (Gosling 1992), are readily
consumed by green crabs (Elner 1981, Morton & Harper 2008, Behrens Yamada et al.
2010), and are ecologically similar to one another (Seed & Suchanek 1992). Mussels of
25 mm (£ 3 mm) length were collected by hand from a single site in each region, which
standardized prey across populations within region. A similar standardization (i.e., using
the same prey species) was not possible across regions, owing to ethical concerns

about non-native species introductions.

Animals were housed in local research laboratories (BC: Bamfield Marine Sciences
Centre; NS: Bedford Institute of Oceanography; NI: Queen’s University Belfast; SA:
Stellenbosch University). All crabs were housed in indoor tanks, with artificial lighting on
day/night cycles similar to local summer conditions. In BC and NS, tanks were supplied

with flow-through seawater from adjacent inlets. Tanks in SA and NI used artificial
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seawater systems. Across all trials, water temperatures varied across a narrow range (9
- 15 °C) suitable for green crab feeding (7 - 26 °C, Behrens Yamada 2001). Salinity
range (30 - 36%o) was also well within green crab tolerances (4 - 54%o; Behrens Yamada
2001). Prior to and after being used in experiments, crabs in all locations were fed raw
bait fish (e.g., herring) every two to three days. Prey animals were held separately from

green crabs but under similar conditions.

Experimental set-up and methods

At all locations, we used plastic bins (61 cm long x 40.6 cm wide), filled with seawater to
a depth of 23 cm, as experimental chambers for all trials. The lids had a mesh screen to

prevent escape while allowing light to diffuse inside the bins.

Prior to trials, green crabs were isolated and starved for 48 h to standardize hunger
levels. Each crab was used only once. Intact mussels were cleaned of encrusting biota
and checked for pre-existing damage. The evening prior to a trial, each bin received a
randomly assigned prey density of 2, 4, 8, 16, 32, or 64 mussels, which were scattered
across the bottom. The following morning, a single crab was placed into each bin and
allowed to forage for eight daylight hours. Each prey density was replicated three times
for each of the nine green crab populations tested. We retained, fed, and monitored all
crabs for one week after testing to ensure that feeding behaviour had not been affected
by imminent moulting. Because no moulting was observed, crabs that had eaten no prey
(BC = 1/36 trials, NS = 2/35 trials, SA = 6/36 trials, NI = 15/54 trials) were retained in the
analysis to reflect individual variation, and because reduced consumption at low prey
densities can be indicative of a Type Ill functional response. One Nova Scotia trial (at
prey density = 2) was omitted owing to crab mortality. One predator-free control bin was
run for every prey density and region to measure mussel mortality unrelated to

predation.

Morphological measurements

We evaluated morphological characteristics of both predators and prey that could cause
differences in functional responses among populations. Claw size in green crabs is
known to vary among populations (Smith 2004, Schaefer & Zimmer 2013), and claw

strength is directly proportional to claw size, which has implications for handling times of
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crabs consuming shelled prey (Behrens Yamada et al. 2010). We therefore measured
crusher claw propal height as an index of claw size for each crab (Behrens Yamada &
Boulding 1998). Similarly, mussel shell thickness could influence consumption by green
crab. We did not measure shell thickness of mussels in each trial, as mussels that were
not consumed may have been rejected due to their thickness. Instead, in each region we
collected an additional 19 to 30 randomly selected mussels of the same size as used in
the trials, euthanized them, and removed the tissue, keeping the valves intact. Shells
were air-dried, measured and weighed to the nearest 0.01 g. Following Freeman,

Meszaros and Byers (2009), we calculated the shell thickness index (STI) as:

STI = Shell weight/[L * (H? + W?)%5 % 1/2]

where L, H, and W correspond to linear measurements (in mm) of shell length
(maximum anterior-posterior axis), height (maximum dorsal-ventral axis), and width

(maximum lateral axis), respectively (Lowen et al. 2013).

Analysis

All analyses were done using R version 3.3.2 (R Development Core Team 2008). Data
were tested for homogeneity of variances and normality prior to statistical analyses to
determine possible regional differences. The carapace width data were non-normal so a
Kruskal-Wallis test was used, and the claw size data were heteroskedastic, and thus a
Welch’s F test was used. We examined the relationship between the number of prey
killed and average temperature (i.e., start temperature + end temperature/2) across all
64-mussel trials, using a linear mixed-effect model with region as a random effect.
Temperature did not explain a significant amount of variation in number of mussels killed
(Likelihood ratio test: X*=0.618, df = 1, p = 0.43; Fig. B.1). We therefore did not

consider temperature in further analyses.

To determine functional responses as Type Il or Type lll, we first fit the proportion of
prey consumed to prey density for each population using a logistic regression with the
package frair and function frair_test(). Because the logistic regressions generated
negative first-order terms in all cases, indicative of Type Il functional responses (Juliano
2001), we then fit the data using the appropriate random predator equation (see

Results), without prey replacement (Rogers 1972):
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Ne = No(1 — exp(a(N.h —T)))

where N; is the number of prey eaten, Ny is the starting prey density, a is the attack rate,
his the handling time, and T is the experimental duration. Values of N. and Ny were
generated experimentally, while a and h were estimated by fitting the model. Models
were fit for each population using maximum likelihood estimation with the package

function frair_fit() and bootstrapped (n = 2000) to generate 95% confidence intervals.

Because functional responses were similar within regions (see Results, Figs. B.2 and
B.3), we pooled populations within regions to test whether inter-regional differences
were driven by differences in attack rate (a) or handling time (h). We re-fitted Rogers’
Type Il curves to regional data and bootstrapped the fits (n = 2000) to generate
parameter estimates for a, h and maximum feeding rates (1/hT). The 95% confidence
intervals for these parameter estimates were first compared visually and then more

formally where necessary (Table B.2).

Finally, to identify factors underpinning regional differences in prey consumption, we
used generalized linear mixed-effects models (GLMMs) with a binomial error distribution
to predict the proportion of prey consumed by green crabs as a function of claw size,
prey STI, and region using a suite of additive candidate models. Mean prey STI for each
region was included as a continuous, fixed effect. Because attack rates and handling
times by green crabs from both Canadian regions (see Results) were similar, we
combined BC and NS into a single region (North America, NA) for comparison with SA
and NI. Finally, we included initial prey density as a fixed effect — not as an explanatory
variable per se but because it is important in functional responses — and population as a
random effect in all candidate models. The best-supported model was identified using
Akaike’s Information Criterion corrected for small sample sizes (AlCc), where the top
model had the lowest AICc value (Burnham & Anderson 2002). We also determined the
relative variable importance (RVI) of each fixed effect, based on the sum of the AlCc
weights for models that included the focal variable (Burnham & Anderson 2002), and the
marginal and conditional R? values for the top model (Nakagawa & Schielzeth 2013). To
display the individual effect of each variable included in the top model on the predicted
proportion of mussels killed, we used the effects package to calculate effect sizes for
each variable, relative to the mean values (continuous data) or proportional distribution
(categorical data) of the other factors in the model (Fox 2003, Fox & Hong 2009).
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Results

Regional patterns of functional responses

In trials without crabs, 100% of mussels survived. All logistic regressions indicated the
predation data were best fit using Type Il functional response models. Within regions,
the confidence intervals around the number of prey killed overlapped between
populations at most prey densities, indicating that differences in predatory behaviour
within regions were minimal (Figs. B.2 and B.3). Inter-regionally, we found the highest
functional response curves for North American green crabs (BC and NS) (Fig. 3.2).
Attack rates (a) were highest in BC, NS, and SA and the lowest in NI, but there was
overlap in confidence intervals between all regions except BC and NI and NS and NI
(Fig. 3.3a, Table B.2). Handling times (h) were lower in BC and NS than in SA and NI,
with no overlap of confidence intervals between these two groups (Fig. 3.3b, Table B.2).
By extension, the maximum feeding rates of North American green crabs were

considerably higher than those of crabs in SA or NI (Fig. 3.3c).
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Figure 3.2 Functional response curves for European green crabs preying on
mussels (Mytilus spp.) in four regions.
Functional response curves, modeled from the raw data (open symbols) with a Type Il Rogers
random predator equation without prey replacement, for European green crabs preying on
mussels (Mytilus spp.) in four regions: BC (British Columbia, Pacific Canada; solid line; open
square), NS (Nova Scotia, Atlantic Canada; dashed line; open circle), SA (South Africa; dotted
line; open triangle), and NI (Northern Ireland, UK; dot-dashed line; open diamond). The mean
number of prey consumed by green crabs in each region has been averaged across the multiple
populations shown in Fig. B.3. Shaded areas represent the 95% bootstrapped confidence
intervals.
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Figure 3.3 Parameter estimates of attack rate, handling time, and maximum
feeding rate for European green crabs feeding on mussels.
Parameter estimates (£ 95% CI) of (A) attack rate a, (B) handling time h, and (C) maximum
feeding rate 1/hT, from bootstrapped Type Il functional response curves of green crabs preying
on varying densities of mussels. Green crabs were collected from BC (British Columbia, Pacific
Canada), NS (Nova Scotia, Atlantic Canada), SA (South Africa), and NI (Northern Ireland, UK).

Potential drivers of regional variation in prey consumption

Although there was no significant difference in crab carapace width among regions
(Kruskal-Wallis test, p = 0.68), claw size did differ significantly among regions (Welch’s
Fg455 = 40.28, p < 0.01), with crabs from NI, BC and NS having the largest claws and
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those from SA, the smallest (Fig. 3.4a). Mussel shell thickness index (STI) also differed
significantly among regions (Kruskal-Wallis test, p < 0.01), resulting in a clear regional
ranking (SA>NI>BC>NS) of decreasing mussel shell thickness (Fig. 3.4b).
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Figure 3.4  Regional variation in European green crab claw size and Mytilus
mussel shell thickness for four regions.

Regional variation in potential determinants of the proportion of mussels killed by European green

crabs in four regions: BC (British Columbia, Pacific Canada), NS (Nova Scotia, Atlantic Canada),

SA (South Africa), and NI (Northern Ireland, UK). (A) Claw size (i.e., propal height, in mm) of

crabs, and (B) mussel shell thickness index. Raw data indicated by open circles.
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Prey density was the most important variable (RVI = 1.0) and was included in all models
of proportion of prey consumed by green crabs. Region (RVI = 0.98), claw size (RVI =
0.85) were the next most important variables across all models. Prey STI (RVI = 0.48)

was relatively less important.

There was substantial support for two of the candidate models (Table 3.1). Both included
claw size and region as important predictors of the proportion of mussels killed. The
second-ranked model also included prey STI, but this variable had poor explanatory
power: it did not substantially improve the model fit (as indicated by the log-likelihood) or
the marginal R? (Table 3.1).

Table 3.1 Results of model selection on all candidate binomial generalized
linear mixed-effects models predicting the proportion of mussels
killed by European green crabs in functional response trials.

Model k LL AlCc AAICc Wi Cumulative  Marginal
Wi R?
Density + claw + region 6 -474.5 961.58 0 0.44 0.44 0.29
Density + claw + STI + 7 4735  961.79 0.21 0.40 0.84 0.29
region
Density + STI + region 6 -476.3  965.17 3.59 0.07 0.91 0.29
Density + region 5 4774 96517 3.59 0.07 0.98 0.28
Density + claw + STI 5 4795 96947 7.89 0.01 0.99 0.23
Density + claw 4 4813  970.83 9.26 0 1.00 0.18
Density + STI 4 4822  972.58 11.00 0 1.00 0.22
Density-only 3 4842 97455 12.97 0 1.00 0.17
Intercept-only 2 -733.88 1471.84 510.26 0 1.00 0

Results of model selection using Akaike’s Information Criterion AlCc, showing all candidate binomial generalized linear
mixed-effects models predicting the proportion of mussels killed by European green crabs in functional response trials.
Fixed effects included crab claw size, region (North America, South Africa, or Northern Ireland), and the shell thickness
index (STI) of mussels from each region. Prey density per trial (density) was included as a fixed effect, and crab
population as a random effect in all models. k is the number of parameters in each model; AAICc is the difference in
AlCc value between the focal model and the model with the lowest AIC.; Akaike weight w; is interpreted as the
probability that a given model is the best model of the candidate set given the data at hand. Marginal R? values are
also given as an index of model fit.

The variables in the top model were prey density, claw size, and region (Table 3.1).
Increasing prey density resulted in proportionally fewer mussels being killed, as
expected from Type Il functional responses that reach saturation (Fig. 3.5a). The
proportion of mussels killed increased with claw size, as expected, regardless of region
and prey density (Fig. 3.5b). At mean prey density and claw size, mussels had a 33%
chance of being killed by green crabs in NI and SA (Fig. 3.5¢). In contrast, and as

predicted, green crabs in North America imposed the highest prey mortality. The
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probability of a mussel being killed in North America was 67% (Fig. 3.5c). Together,
these three fixed effects in the top model explained 29% of variation in the proportion of
prey killed (marginal R?). The combination of the fixed effects and random effect
(population) explained 31% of this variation (conditional R?). To validate our approach of
combining the North American populations we also re-ran the analysis on a modified
version of our top model that included all four regions, rather than three, to see if there
were any differences in the results. All the trends were consistent with our top model
(Fig. B.4), and there were no differences in the marginal and conditional R? values or the

model coefficients for prey density and claw size.
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Figure 3.5 Predicted proportion of mussels killed by European green crabs in
relation to prey density, claw size (mm), and the region of origin,
derived from top generalized linear mixed-effects model.

The predicted proportion of mussels killed by European green crabs (with 95% confidence

intervals) in relation to (A) prey density, (B) claw size (mm), (C) and the region from which crabs

were collected: North America (British Columbia and Nova Scotia, BC & NS), South Africa (SA),
and Northern Ireland, UK (NI). Predictions are derived from a generalized linear mixed-effects
model (see top model in Table 3.1) and are shown for each factor when the other factors are
fixed at their mean or proportional values.

Discussion

Comparative functional response analysis (CFRA) has consistently demonstrated that
the functional responses of invaders reflect their known ecological impacts, but it has
traditionally focussed on interspecific comparisons between invasive and native species
(e.g., Dick et al. 2013, Alexander et al. 2014, Paterson et al. 2015). CFRA has not
previously been used to investigate geographic variation in functional responses of a
single, cosmopolitan invader. Here, we did not observe large differences in the functional

responses of green crabs from populations within regions: Although it cannot be
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assumed our results apply to entire ranges, as this would require more extensive
sampling in both North America and Europe, crabs from populations several hundred
kilometres apart but in the same region showed similar attack rates, prey handling times,
and maximum feeding rates. However, differences in functional response curves and
parameters among regions were large. Furthermore, the higher functional responses of
invasive green crabs from North America compared to South Africa and Northern Ireland
appear to reflect, at least qualitatively, their predatory impacts in the wild (see Glude
1955, Welch 1968, Grosholz et al. 2000, 2001, Mabin et al. 2017). Despite their
experimental simplicity, functional responses might therefore be a useful, relative
estimate of predation that can help inform predictions about the ecological impacts of
green crabs in areas where more refined impact predictions are not yet available or

impossible to make.

We found regional differences in the green crabs’ capacity to kill mussels. These
differences stemmed mainly from differences in handling times, and by extension
maximum feeding rates (which are mathematically derived from handling times),
although some variation in attack rates was also observed. The foraging success of
predators depends on their behaviour, morphology, and physiology as they detect,
attack, capture, and consume prey (Hassell 1978, Lima 2002). Attack rate (a) reflects
the first two steps of this foraging sequence. We found some inter-regional differences in
attack rates, with invasive crabs from BC demonstrating higher attack rates than those in
Northern Ireland. Handling time (h), by comparison, reflects the time it takes for a
predator to capture and consume prey items and is influenced by physiological and
morphological constraints on the predator (Elner & Hughes 1978, Hassell 1978, Vucic-
Pestic et al. 2010). Handling times were markedly lower, and maximum feeding rates
(1/hT) higher, for green crabs from North America than for those from South African and
Northern Ireland. Interestingly, higher resource consumption by invasive species,
compared to native species, is usually realized either through higher attack rates (e.g.,
Dick et al. 2013) or lower prey handling times (e.g., Bollache et al. 2008, Haddaway et
al. 2012, Alexander et al. 2014), but rarely both. Differences in attack rates among
regions might have been driven by differences in individual activity levels, which are
often higher in invasive than in native species (Sih et al. 2004). In contrast, differences in
claw size likely drove the observed differences in handling times. Green crabs from

North America (BC and NS) had significantly larger claws, and shorter handling times,
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than crabs from South Africa. Crabs with larger claws have a morphological advantage
over crabs with smaller claws, because large claws reduce the effort required to break
mussels and the risk of claw damage (Behrens Yamada et al. 2010). This suggests that
invasive green crabs from North America are morphologically better suited to handling
hard-shelled prey than those from South Africa. Contrary to the pattern, however, native
green crabs in Northern Ireland had large claws, on par with those of North American
green crabs, but their handling times were significantly lower, more closely matching
those seen in South African crabs. Because handling time incorporates both breaking
time and eating time (Elner & Hughes 1978, Lee & Seed 1992, Smallegange & van der
Meer 2003, Calderwood et al. 2016), perhaps crabs in Northern Ireland are under less
pressure to ‘eat quickly’ due to less competition or kleptoparasitism (Smallegange et al.
2006, Chakravarti & Cotton 2014), while still requiring large claws to crush thick-shelled

local mussels.

There are four possible explanations for inter-regional differences in claw size and prey
handling times. First, differences could be primarily driven by genetic variation. While
there are detectable founder effects in some green crab populations (Darling et al.
2008), genetic variation does not explain the large phenotypic variation seen, including
in claw size, within the native range of green crabs (Brian et al. 2006). It therefore seems
unlikely that inter-regional variation in claw size is linked to a variable genetic make-up of
founder individuals. Second, claw size could be a highly plastic trait. Green crabs can
modify their claw sizes in response to prey shell thickness (Brian et al. 2006, Schaefer &
Zimmer 2013). This phenotypic response occurs under laboratory conditions (Baldridge
& Smith 2008) and along biogeographic gradients (Smith 2004). In this chapter, claw
size did not covary with prey shell thickness. However, the standardized mussel prey we
offered might have not always reflected local diets of green crabs. For example, green
crabs in British Columbia are currently only found in soft-sediment habitats where their
diet consists mainly of infaunal clams (Klassen & Locke 2007), which can have very
thick shells (Boulding 1984). In contrast South African green crabs eat predominantly
small gastropods and soft-bodied prey (e.g., polychaetes) (Le Roux et al. 1990). Claw
size may therefore normally be more closely linked to prey characteristics than our
results suggest. Third, differences in water temperatures could affect the calcification of
crab exoskeletons and of their molluscan prey. Warmer temperatures lead to decreased

calcification, so crabs in warmer habitats may therefore have weaker claws with which to
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attack shelled prey. However, because the effect of decreased calcification would also
make prey shells weaker handling times should be unaffected overall (Landes & Zimmer
2012). Finally, inter-regional variation in claw sizes, and by extension handling times,
may reflect selective forces beyond prey defenses, including reproduction (mate
competition) and agonistic interactions (interference competition) (Lee & Seed 1992).
Claw size is the best determinant of success in intra- and interspecific agonistic
interactions between crabs (Lee & Seed 1992, Sneddon et al. 1997). It is notable that
green crabs in North America face competition from large-clawed decapods like
Dungeness crab (Metacarcinus magister) in BC and American lobster (Homarus
americanus) in NS (McDonald et al. 2001, Rossong et al. 2006). A combination of
exposure to thick-shelled prey and a highly competitive environment could explain the
especially large claws and fast handling times of green crabs sampled from North

America compared to those from other populations.

Globally, the impacts of green crabs seem to vary among regions, with some
populations (e.g., North America and Tasmania) appearing to have larger impacts on
intertidal communities than others (e.g., South Africa, Australia, or Japan) (Behrens
Yamada 2001). The quantitative evidence for this variability is provided by a few large-
scale field studies showing that green crabs are effective bivalve predators that have
negatively impacted native community composition, trophic interactions, critical habitat,
and human economic interests (Welch 1968, Grosholz et al. 2000, Walton et al. 2002,
DeRivera et al. 2011, Matheson et al. 2016). Our finding that green crabs sampled from
North America have higher attack rates and lower prey handling times than those
sampled from other regions is consistent with these field observations. Moreover, North
American green crabs have had markedly different patterns of spread than in other
regions, including in South Africa where green crabs have a comparatively restricted
range despite becoming established decades ago (Mabin et al. 2017). The limited
success and impacts of invasive green crabs in South Africa has been attributed to
abiotic conditions (e.g., fast-flowing water and highly exposed coasts) being
unfavourable to range expansion (Le Roux et al. 1990, Robinson et al. 2005, Hampton &
Griffiths 2007). Our results demonstrate that South African green crabs exploit a similar
prey less effectively than green crabs from other invasive regions. This suggests that the
variable success of different populations of green crabs is partially driven by biotic

interactions, not just habitat suitability.
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The CFRA approach has been successful because it entails an extreme reduction of the
complexity of experimental conditions. Functional response studies do not seek to
generate absolute values of foraging parameters under realistic environmental contexts
(e.g., habitat structure). Instead, the approach generates relative parameters that are
comparable across species and contexts. Thus, high-impact invasive species typically
display functional response curves that are steeper and/or have higher asymptotes than
similar native species or lower-impact invaders (e.g., Dick et al. 2013, Alexander et al.
2014, Paterson et al. 2015). Our study is the first to establish that there is also marked
inter-regional variation in the functional responses of a globally invasive consumer that

appears to reflect, at least qualitatively, the regionally variable impacts of green crabs.

CFRA can be a powerful approach with which to compare the relative impacts of
invasive consumers both within and among species. As it relates to European green
crab, it would be interesting to apply the method used here to populations of green crab
we were not able to cover, such as those in Australia, the more southern parts of the
North American ranges, and elsewhere in the native range. This method could also be
applied to native decapod species that co-occur with green crabs to help identify how
much competition influences foraging behaviours. Finally, while we make the inference
that the functional responses described here may reflect impacts of green crabs in the
field, data gaps in the literature make it difficult to be more definitive about that
relationship or use these functional response results predictively. Methods to link
experimental functional responses to field impacts exist (e.g., Parker et al. 1999, Dick et
al. 2017), but at a minimum require data on abundance that is largely unavailable for
European green crab. Where this information is available, functional responses offer a
simplified, standardized metric of per capita impact that can be used to predict the

ecological impacts of invasive species.
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Chapter 4.

Habitat alteration by invasive European green crab
(Carcinus maenas) causes eelgrass loss in British
Columbia, Canada

Abstract

Dominant, habitat-forming plant species, such as seagrasses, are key components of
coastal ecosystems worldwide. Multiple stressors threaten these ecosystems, including
the introduction of invasive species that directly alter, remove, or replace foundation
plant species. On the Atlantic coast of North America, the loss of some eelgrass
(Zostera marina) beds has been linked to bioturbation by invasive European green crabs
(Carcinus maenas). However, the interaction of these same co-occurring species on the
Pacific coast has not previously been investigated. We conducted an enclosure
experiment in Barkley Sound, British Columbia, to determine if the impacts of green
crabs on Pacific eelgrass ecosystems mirror those previously identified on the Atlantic
coast. Eelgrass shoot density declined rapidly over four weeks, with a 73 - 81% greater
loss in enclosures with the highest crab density compared to the low-density and control
treatments. The low ratio of eelgrass blades to rhizomes in the high-density treatment as
well as genetic barcoding of green crab stomach contents suggest that shredding and/or
consumption, rather than bioturbation of whole plants, were the main mechanisms of
eelgrass loss. Crab density did not have a detectable effect on the biomass or
community composition of benthic fauna over the duration of the experiment. The
eelgrass loss we observed was consistent with losses detected on the Atlantic coast,
which raises management concerns on the Pacific coast, particularly in areas where
green crabs and eelgrass co-occur with other coastal stressors and with ecologically and

economically important species such as Pacific salmon (Oncorhynchus spp.).

Introduction

Estuarine and coastal ecosystems such as saltmarshes, mangroves, and seagrass beds
are collectively some of the most ecologically and economically important ecosystems in

the marine environment (Barbier et al. 2011). These ecosystems are created by habitat-
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forming marine plants that provide significant ecosystem services, including acting as
carbon sinks, attenuating wave action, and providing shelter for juvenile fish and
invertebrates (Costanza et al. 1997). However, these ecosystems are threatened
globally by a multitude of anthropogenic stressors, including habitat loss and species
invasions (Ewel et al. 2001, Levin et al. 2001, Duarte 2002, Williams 2007). Estuaries
and bays are particularly susceptible to invasive species introductions because they are
readily accessible and heavily used by people, aquaculture, and recreational and
commercial vessels (Ruiz et al. 1997, Wasson et al. 2001). Hundreds of invasive
species have been identified in coastal ecosystems worldwide (Ruiz et al. 1997, Bax et
al. 2003, Bouma et al. 2009, Romero et al. 2015, Mach et al. 2017).

In addition to modifying interactions between species, invasive species can also
physically alter habitat. Habitat alteration may be autogenic, where the species itself
creates or replaces habitat, or allogenic, where the habitat is transformed by the invasive
organism through its activities (Jones et al. 1994, Fei et al. 2014). If habitat alteration
results in significant changes to native community composition or resource availability,
the invasive species is considered an ecosystem engineer (Jones et al. 1994). In coastal
ecosystems, invasive autogenic species like marine flowering plants can become
dominant in their invasive ranges (Fei et al. 2014). For example, the introduction and
spread of red mangrove (Rhizophora mangle) throughout the Hawaiian archipelago
since the early 1900s has replaced algae and saltmarsh plant-dominated intertidal
habitats with monospecific mangrove forests (Allen 1998). In contrast, allogenic invasive
species in coastal ecosystems are often mobile invertebrates that bioturbate, erode, or
otherwise alter existing habitat (Fei et al. 2014, Romero et al. 2015). For example, along
the east coast of North America, the invasive herbivorous European periwinkle (Littorina
littorea) can sufficiently disrupt sedimentation while grazing such that saltmarshes are
converted into rocky intertidal habitat (Bertness 1984). Similarly, in California,
bioturbation by the invasive isopod Sphaeroma quoianum causes bank collapse and

erosion, leading to the loss of marshland (Talley et al. 2001).

The ecosystem-level impacts of an invasive species are often inconsistent across
invaded regions due to context-specific factors (Molnar et al. 2008, de Moura Queirds et
al. 2011, Guy-Haim et al. 2018). An invasive species considered to be an ecosystem
engineer in one location may have much less consequential impacts in a different

setting. For example, the Pacific oyster (Crassostrea gigas), native to the Pacific coast of
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Asia, has a global introduced or invasive range, and is often considered an autogenic
ecosystem engineer (Molnar et al. 2008, Padilla 2010). In high densities, Pacific oyster
form reefs that can replace native habitats, attract new species, displace others, and
change local biogeochemical cycling (Padilla 2010). However, the impacts of Pacific
oyster are geographically variable. In British Columbia (Canada) and Washington (USA),
Pacific oyster can result in both the direct loss of eelgrass habitat through conversion to
oyster beds, and indirect shifts in both epibenthic and nektonic communities (Kelly et al.
2008, Wagner et al. 2012). In other regions, Pacific oyster may replace a functionally
similar native species such as the native European flat oyster (Ostrea edulis) or remain
in low densities after establishment, resulting in negligible ecosystem impacts (Padilla
2010, Green & Crowe 2014, Zwerschke et al. 2018). Therefore, it cannot be assumed
that the observed ecosystem impacts of an invasive species will be consistent among

invaded regions.

The European green crab (Carcinus maenas) has become invasive in coastal
ecosystems around the globe, including eelgrass beds on both the Atlantic and Pacific
coasts of North America. To date, research on the interaction between green crabs and
eelgrass ecosystems has been focused on the Atlantic coast, where green crabs are
considered a likely allogenic ecosystem engineer of eelgrass beds (Klassen & Locke
2007, Matheson et al. 2016). Davis et al. (1998) first showed that green crabs foraging in
transplanted eelgrass mesocosms shredded blades and dislodged whole plants i.e.,
through bioturbation — a major concern for eelgrass restoration efforts. The density of
green crabs was an important predictor of eelgrass damage, with densities of 4 green
crabs m™ or more having a significant impact after just one week (Davis et al. 1998).
Subsequently, widespread eelgrass declines in the USA (Maine and New Hampshire)
and Canada (Nova Scotia and Newfoundland) coincided with observed high densities of
green crabs, and experimental work in these areas supported a causal link (Malyshev &
Quijon 2011, Garbary et al. 2014, Neckles 2015, Matheson et al. 2016). In addition to
causing the loss of eelgrass shoots by bioturbation and shredding, juvenile green crabs
are thought to directly consume shoots (Malyshev & Quijén 2011). Green crab activity in
eelgrass beds has also been linked to direct and indirect impacts on biotic communities
associated with eelgrass. By reducing eelgrass shoot density, green crabs indirectly
affect species that use eelgrass as cover or habitat, including small fish and

invertebrates (Thompson 2007, Matheson et al. 2016). Moreover, green crabs can
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directly compete with other foragers, such as native decapods or migrating birds
(Boudreau & Hamilton 2012, Rossong et al. 2012). Thus, multiple lines of evidence
support the conclusion that green crabs can act as allogenic ecosystem engineers in
eelgrass habitats along the Atlantic coast of North America. However, whether this is
also true of green crabs in eelgrass beds on the Pacific coast has not previously been

assessed.

There are reasons to believe that the impact of green crabs on eelgrass on the Pacific
coast of North America could be different based on geographic differences in climate,
disturbance regime, and biodiversity. Although eelgrass beds on both coasts are similar
in that they are dominated by Zostera marina, a marine angiosperm (Short et al. 2007),
Z. marina on the Pacific coast typically occurs at shallower depths, experiences less
frequent annual disturbance, and flowers earlier in the summer than it does at the same
latitude on the Atlantic coast of North America (Phillips et al. 1983a, Robertson & Mann
1984, Moore & Short 2006). Zostera marina on the Pacific also frequently co-occurs with
an invasive species of eelgrass, Z. japonica (dwarf eelgrass), which is not present on the
Atlantic coast of North America (Shafer et al. 2014). While eelgrass beds on both coasts
are important feeding, spawning, and nursery habitats for many species, including
economically important and threatened fish and bird species (Gotceitas et al. 1997, Heck
et al. 2003, Kennedy et al. 2018), these regions support very different species
assemblages and species interactions. On the Pacific coast, eelgrass beds function as
both spawning ground and shelter for Pacific herring (Clupea pallasii) (Hosack et al.
2006, Pikitch et al. 2014, Shelton et al. 2014), and as foraging grounds for out-migrating
juveniles of several species of Pacific salmon, including the critically important Chinook
salmon (Oncorhynchus tshawytscha) (Moore et al. 2016, Kennedy et al. 2018). Migrating
waterfowl are twice as abundant in wetlands, including eelgrass beds, on the Pacific
than the Atlantic coast (Bellrose & Trudeau 1988). Finally, while the Pacific coast of
North America is typically more species rich and has a greater diversity of macroalgae
and marine plants (Archambault et al. 2010, Costello et al. 2010), it is also more heavily
invaded than the Atlantic coast (Ruiz et al. 2000, Molnar et al. 2008). The differences
between these two bioregions may result in different impacts of green crabs in eelgrass

ecosystems on the Atlantic and Pacific coasts.

To determine the potential impacts of green crabs on Pacific coast eelgrass ecosystems,

we conducted an enclosure experiment in an eelgrass bed in Barkley Sound, British
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Columbia, Canada. If green crabs are allogenic ecosystem engineers, eelgrass loss
should increase over time and with increasing densities of green crabs, consistent with
similar experiments done on the Atlantic coast (e.g., Davis et al. 1998, Garbary et al.
2014, Neckles 2015). We also examined the mechanism of habitat alteration by green
crabs. If eelgrass is lost primarily due to bioturbation, as we might expect based on other
allogenic species (Fei et al. 2014), we hypothesized that the ratio of eelgrass blades to
rhizome biomass would not differ significantly across treatments, as both shoots and
rhizomes would be lost at a similar rate. In contrast, if eelgrass is lost primarily due to
above-ground shredding or tearing, as observed on the Atlantic coast (Davis et al. 1998,
Malyshev & Quijon 2011, Garbary et al. 2014), then the ratio of eelgrass blades to
rhizomes should be smaller in treatments with green crabs present, as blades would be
lost at a faster rate than rhizomes. Finally, to meet the definition of ecosystem engineer,
habitat modification by green crabs should impact native species diversity (Jones et al.
1994). Other studies have linked direct predation on infaunal organisms by green crabs
to eelgrass loss, caused by bioturbation while foraging. This loss of eelgrass habitat is
linked in turn to indirect changes in the abundance and composition of infaunal and
nektonic species (e.g., Thompson 2007, Matheson et al. 2016). Thus, we estimated the
abundance and size of benthic fauna in enclosures, to test if higher densities of green
crabs would result in decreasing biomass of eelgrass-associated benthic fauna and

shifts in community composition.

Methods

Field site

Our field site was located at the head of an unnamed embayment in the southeast
corner of Mayne Bay, Barkley Sound, British Columbia, Canada (latitude 48.974,
longitude -125.288) (Fig. 4.1a). The site was sheltered and there were no obvious
anthropogenic or natural stressors (i.e., sedimentation, disease, aquaculture, etc.) in the
immediate area. The embayment is approximately 1 km long with a continuous intertidal
area of approximately 0.03 km?, one-third of which consists of eelgrass (British Columbia
Marine Conservation Analysis Project Team 2011). The eelgrass band extends from the
high intertidal to 1.1 m below mean low water (MLW) at its deepest point. The slope of

the eelgrass bioband ranges from 3.1 — 8.0% along the steeper southern shore and
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flattens out at the head of the embayment to 0.9%. While the highest part of the bioband
consists of non-native Zostera japonica, most of the bed, including the area used for this
experiment, is predominantly or exclusively Z. marina. This is consistent with the
expected vertical zonation in mixed beds with steep slopes, where Z. japonica is
restricted to the high intertidal zone (Shafer et al. 2016).
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Figure 4.1 Map of study region and experimental design.

(a) Map of Barkley Sound, British Columbia, Canada. The arrow indicates the southeast corner of
Mayne Bay where this study was conducted. The white diamond indicates the town of Bamfield.
White indicates sea, grey indicates land; (b) Embayment where green crab enclosure experiment
was established; (c) location and arrangement of experimental blocks. Each block contained one
plot of each of four treatments: exclosure (0 crabs m2), low density (1.4 crabs m?2), high density
(5.6 crabs m), and a no-cage control plot. Continuous dotted line indicates mean low low water
(MLLW).

Green crabs were first detected in Barkley Sound in 1999 and specifically in Mayne Bay
in 2006 (Gillespie et al. 2007). The catch-per-unit-effort in Mayne Bay over three
consecutive summers (2013-2015) ranged from 0.18 to 0.56 crabs/trap-day, which
represents 100 to 339 crabs caught in a day. This density is moderate compared to
catch rates for the most heavily invaded sites in Barkley Sound, which are as high as 2.5

crabs/trap-day, representing over 1,400 crabs caught per day (see Chapter 5).

Enclosure design and sampling

We installed experimental enclosures along the low intertidal zone of the eelgrass bed

(~1.0 m above MLW) (Fig. 4.1b-c). Enclosures measured 1.2 m x 1.2 m x 1 m and were
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constructed of rebar and plastic deer fencing with a mesh size of 2.54 cm, which
prevented the movement of large, mobile epifauna including crabs of 50 mm carapace
width (CW) or larger. The tops of the enclosures were also covered with the fencing
material to prevent crabs from escaping by climbing out or being predated. The walls of
the enclosures were buried approximately 15 cm into the sediment to prevent crabs from
escaping by burrowing. There was sufficient vertical height in the enclosures that the
eelgrass was not impeded at high tide when the enclosures were fully submerged. The
top of each enclosure also had a small mesh (2.0 cm) collar that functioned as an
access point for data collection. The collar was held closed with cable ties between
sampling events. We arranged enclosures in a randomized block design, with a total of
six blocks along the south- and east-facing shoreline. Each block included three
enclosure plots, one per treatment (described below) and one no-enclosure plot marked
by cedar stakes (to estimate the enclosure effect), for a total of 24 plots. Plots (enclosed
or not) in a block were spaced 1 m apart and blocks were spaced a minimum of 5 m
apart (Fig. 4.1c). No enclosures were lost during the experiment, which ran for four
weeks (1-29 August 2015).

Our experimental treatments included high density (5.6 green crabs m2), low density
(1.4 green crabs per m2), and empty exclosures (0 green crabs m). The first two
densities approximated the extreme high and average densities, respectively, of green
crabs at sites in Barkley Sound, based on observations (BRH, TWT, and IMC). The
green crabs used were caught on-site using baited Fukui fish traps and were all males
with intact claws, between 50-72 mm CW (notch-to-notch). We chose to use males to
control for differences in behaviour and activity levels between sexes during the
breeding season (Behrens Yamada 2001). To distribute evenly the range of crab sizes
caught, the low-density treatment consisted of two average-sized crabs (approximately
50-65 mm CW), and the high-density treatment contained six crabs, two large (>65 mm
CW) and six average-sized crabs. Crab densities were largely maintained throughout the
experiment as 33 out of 60 crabs were recovered from the enclosures at the end of the

month (see Results).

We surveyed eelgrass shoot density in all plots by snorkeling at high tide every 4-6 days
over the course of the experiment, for a total of six site visits. We haphazardly tossed a
circular frame (201 cm?) into each plot and counted the shoots inside the frame. This

subsampling was repeated three times per plot on our first site visit, which took place
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over two days (August 4 and 5), after which we increased sampling to five subsamples
per plot for all following visits. After counting shoots, we counted the number of crabs in

each enclosure to ensure that densities were being maintained.

At the end of the experiment, we recovered all the remaining crabs we could find (33 out
of 60) and took five replicate sediment cores, 5.5 cm in diameter and 10 cm in depth
(238 cm?®), including the associated above-ground blades of eelgrass, in each plot. The
locations of the cores were predetermined using randomized x-y coordinates and were
at least 10 cm from the perimeter of the plots to avoid edge effects. Green crabs and
cores were placed in separate sealed plastic bags and frozen for processing at Simon

Fraser University.

Sample processing

Cores were defrosted and sieved over a fine mesh screen and all eelgrass and benthic
fauna visible to the naked eye were retained for further analysis. Fauna were stored in
95% ethanol until further processing. Remaining organic detritus in each core (e.g.,
shells, terrestrial plant material, etc.) was also removed. Individual eelgrass plants were
cleaned of gravel and sand by rinsing them with fresh water and then cut at the sheath
to separate the blades from rhizomes. Both blades and rhizomes were dried to constant
weight for a minimum of 48 h at 60 °C and we took the total dry weight of blades and,
separately, of rhizomes (to the nearest 0.0001 g) for each core. Benthic fauna were
weighed individually (wet weight to the nearest 0.001 g) and identified to the lowest

taxonomic level possible based on macroscopic characteristics.

Analysis

All analyses were done using R (version 3.3.2) (R Development Core Team 2008).
Generalized linear mixed-effects models (GLMMs) were generated using the Ime4
package for three response variables: average eelgrass shoot density, average blade to
rhizome dry weight ratio, and average benthic fauna wet weight. In all cases, the within-
plot variance of the samples was first analysed using Bartlett's or Levene’s test, as
appropriate, and determined to be non-significant. This allowed us to average samples

within each plot without losing statistically important variance (Murtaugh 2007). We
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opted to analyse averages rather than raw data as a means to deal with the true-zero-

inflated fauna and eelgrass weight data, as recommended by Bolker (2008).

To determine if average eelgrass shoot density differed among treatments over time, we
included treatment (categorical), time (days since onset of experiment; continuous), and
the interaction between the two as fixed effects. To account for heterogeneity in the
residuals, we included a weighting term for the treatment variable (Zuur et al. 2009).
Although we resampled shoot density in the enclosures over time, there was no auto-
correlation between sampling dates so no correlation structure was needed (Zuur et al.
2009). The average ratio of blades to rhizomes was calculated for each plot based on
dry weights. We modelled this response using treatment as the only fixed effect. The
model was fitted using logged ratios to account for heteroscedastic residuals. To
determine if there was a difference in benthic fauna biomass among treatments, we
calculated the average wet weight per cage by summing weights of individual taxa per
core and then averaging across cores per plot. As above, we included treatment as the
only fixed effect and logged the response variable to correct the heteroscedasticity. All
models included block as a random effect. The final model for each response variable
was tested against a null model using a likelihood ratio test to determine the significance

of the fixed effects.

We used non-metric multi-dimensional scaling (nMDS) to determine if community
composition of benthic fauna varied with treatment, using the package vegan (Oksanen
et al. 2017). Due to the low taxonomic resolution and low numbers of fauna collected
(see Results), we used functional groups and relative size, rather than taxonomic
groupings, to create a Bray-Curtis dissimilarity matrix based on abundance. In doing so,
we assumed that taxa in the same functional group might respond similarly to the risk of
crab predation (Langerhans & DeWitt 2004, Sih et al. 2010). We conducted an analysis
of similarity (ANOSIM) to determine if the dissimilarity between treatments was

significant.

Finally, we dissected out the stomachs of green crabs collected on the last day of the
experiment to determine if and how many crabs ate eelgrass, and whether crab size
affected eelgrass consumption. After inspecting the contents visually, we homogenized
each sample by agitation in 99% ethanol with a sterilized tungsten bead. After

centrifuging and decanting the excess ethanol, the remaining tissue samples were sent

51



to the Canadian Centre for DNA Barcoding (University of Guelph, Ontario) for
metabarcoding (see Appendix C for details). Samples were compared to a custom
BOLD (Barcode of Life Database) reference library for rbcLa marker in plants and
assigned an identity using the BLAST algorithm. This allowed us to potentially detect
both Z. marina and Z. japonica. Taxonomic identifications for species detected in each
sample were accepted as genuine if they were supported by at least 100 reads that

matched a reference sequence with at least 98% identity across at least 100 base pairs.

Results

Over the course of the experiment we observed crabs actively digging in the sediment in
the enclosures and consuming eelgrass rhizomes and detritus. Observations of fresh
remnants of bivalves and small (< 50 mm CW) green crabs (i.e., small enough to enter
and exit enclosures) also suggest the enclosed green crabs were eating, although we
cannot definitively attribute this physical evidence of predation exclusively to our
experimental green crabs. At the end of the experiment, we recaptured 33 out of 60

crabs: 22 (of 48) from the high-density plots and 11 (of 12) from the low-density plots.

Eelgrass shoot density decreased over the course of the experiment in all treatments,
from an initial estimated average bed density of 796 shoots m?, based on our
undisturbed open plots. Average eelgrass shoot density was better predicted by the
model including treatment than by the null model (Likelihood ratio test: X? = 110.93, df =
7, p <0.001). Average eelgrass shoot density declined at an average rate of 4.09 to 7.47
shoots m? day™ across the open plots, empty exclosures, and low-density treatments,
with extensive overlap among these treatments (Fig. 4.2). However, in the high-density
treatment eelgrass, shoot density declined 2.4 to 4 times faster, by an average of 17.56
shoots m? day™ (Fig. 4.2).
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Figure 4.2 Change in eelgrass shoot density over time.

Change in average eelgrass shoot density (scaled to m?) in Mayne Bay, British Columbia, over a
four-week period in plots containing variable numbers of invasive green crabs. Lines represent
the predicted average derived from the generalized linear mixed-effects model. Shaded areas
represent 95% confidence intervals. Raw data (average of all samples per plot) are indicated by
open points. In addition to low and high green crab density treatments (1.4 and 5.6 green crabs
m2, respectively), there was an exclosure treatment (0 crabs m), and an unenclosed (no cage)
treatment, which experienced the ambient density of green crab present at the field site.

The average ratio of blades to rhizome biomass was also better predicted by the
treatment model than the null model (Likelihood ratio test: X? = 14.19, df = 6, p = 0.003).
The ratios for all treatments were below 1, meaning that above-ground (blade) biomass
was consistently less than below-ground (rhizome) biomass. The average ratio of blades
to rhizomes in the open plots was 0.47, which was the highest of the four treatments. In
contrast, the average ratio of blades to rhizomes for the high crab density treatment was
0.13, which represents a 72.3% relative decrease in the amount of eelgrass blade
biomass compared to the open plot treatment and a 38.1% relative decrease compared
to the exclosure treatment (0 crabs m) (Fig. 4.3a).
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Figure 4.3 Change in eelgrass and benthic fauna biomass for each of four
green crab density treatments.
Regression coefficients of the (a) average ratio of dry weights of eelgrass blades to rhizomes,
and (b) average benthic fauna wet weight, from plots containing variable densities of invasive
green crabs at the end of a four-week period. Points are the unlogged predicted coefficients from
the generalized mixed-effects models and errors bars the 95% confidence interval (n = 6 in all
cases). In addition to low and high green crab density treatments (1.4 and 5.6 green crabs m2,
respectively), there was an exclosure treatment (0 crabs m), and an unenclosed (no cage)
treatment, which experienced the ambient density of green crab present at the field site.

The model of average benthic fauna wet weight that included a treatment effect was not
significantly better than the null model (Likelihood ratio test: X2 = 5.06, df = 6, p = 0.17).
There was no significant difference in benthic fauna weight among treatments (Fig.
4.3b). Moreover, the nMDS plot (Fig. 4.4, stress = 0.15) and ANOSIM results indicate
there is no significant dissimilarity in community composition between treatments
(R=-0.05, p =0.80).
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Figure 44  Non-metric multidimensional scaling ordination of benthic faunal
communities in eelgrass after exposure to green crabs.
Non-metric multidimensional scaling (nMDS) plot of benthic fauna community composition in plots
containing variable densities of invasive green crabs at the end of a four-week period. Fauna
were classified based on functional group and relative size class, rather than taxonomy (Appendix
C). Each point represents a plot (n = 6 plots per treatment). In addition to low and high green crab
density treatments (1.4 and 5.6 green crabs m, respectively), there was an exclosure treatment
(0 crabs m), and an unenclosed (no cage) treatment, which experienced the ambient density of
green crab present at the field site. Stress value indicates degree of distortion required to plot
multidimensional dissimilarity rankings in two dimensions; a stress value of <0.2 is considered
acceptable (Clarke & Ainsworth 1993).

A total of 12 crabs (out of 33) had eelgrass contents in their stomach that we visually
identified as eelgrass rhizomes. This was consistent with observations of crabs eating
rhizomes during the experiment and barcoding, which also detected eelgrass in the
crabs’ stomach contents. Of the 19 individual stomach samples successfully barcoded,
42% contained Z. marina and 26% contained Z. japonica, with one crab stomach
containing both species. There was 75% agreement between our visual identification of
eelgrass rhizomes and the barcoding. Barcoding also detected Zostera in an additional
10 stomachs where material was too digested for visual identification. Zostera was found
in a significantly higher proportion of crabs from high-density cages (88%, n =8
processed samples) than in low-density cages (45%, n = 11 processed samples) (X2 (2)
= 0.68, p < 0.01). There was no significant difference in the size of crabs (CW) with or

without Zostera in their stomach contents (ti7 = -0.75, p = 0.46).

55



Discussion

Anthropogenic stressors such as introduced species can cause drastic declines of
habitat-forming species in coastal ecosystems, but the severity of these impacts may
vary geographically (Molnar et al. 2008, Padilla 2010, Guy-Haim et al. 2018). We tested
this geographic variability by examining the impacts of green crabs on eelgrass
ecosystems on the Pacific coast of Canada, to compare them to patterns previously
observed on the Atlantic coast. To date, studies on the interaction between invasive
green crabs and eelgrass are limited to the Atlantic coast of North America, and most
focus on post-hoc mechanistic explanations of observed bed losses (Malyshev & Quijon
2011, Garbary et al. 2014, Neckles 2015). Broadly speaking, we found that invasive
green crabs in the Pacific are capable of significantly altering eelgrass habitats and, as
observed on the Atlantic coast (Davis et al. 1998), eelgrass loss was related to green
crab density. Eelgrass shoot loss was three times greater than natural, seasonal
senescence in our high crab density treatment. We also observed that the removal of
above-ground eelgrass material, through shredding or direct consumption by green
crabs, was more common than removal of whole plants (i.e., bioturbation). Both
mechanisms have previously been observed (Davis et al. 1998, Malyshev & Quijon
2011, Garbary et al. 2014); however, our additional observations of direct consumption
of below-ground material (rhizomes) by large adult male crabs is novel. Contrary to
Thompson (2007) who found that enclosed green crabs had significant direct and
indirect effects on invertebrate fauna in Atlantic eelgrass beds (with no change in
eelgrass biomass) over a four-week period, we did not detect changes in benthic fauna
biomass or community composition for any density of green crab. The rapid loss of
eelgrass caused by high densities of green crabs indicates these invaders may have a
similar, and potentially greater long-term, negative impact on eelgrass ecosystems on

the Pacific coast than has been observed in the Atlantic.

The density of an invasive species is a well-established predictor of impact severity
(Parker et al. 1999, Thomsen et al. 2011). While green crabs had no discernable effect
on shoot density in low-density enclosures or open plots exposed to ambient densities of
green crab, the rate of eelgrass loss in our high-density treatment was rapid. After
accounting for, natural, site-wide declines in eelgrass due to seasonal effects (i.e., an

average of 4.09 shoots m? day™in our no-crab exclosures), we estimated that green

56



crabs in high-density plots removed an average of 13.47 eelgrass shoots m? day™. This
is a much faster rate of eelgrass loss than has previously been detected on the Atlantic
coast, where similar densities of enclosed green crabs (4.4 crabs m™) reduced shoot
density by only 4.1 shoots m? day™ on average over seven days (Garbary et al. 2014).
While differences in eelgrass loss between the two studies may be due in part to
variations in study duration, there were also large differences in estimated initial bed
densities, with the Atlantic bed in Garbary et al. (2014) being only 20% as dense as the
bed in this chapter (Garbary et al. 2014: 172 shoots m; this chapter: 796 shoots m).
When described in terms of percent bed loss our results are comparable to Garbary et
al. (2014). After seven days, the number of eelgrass shoots in high crab density
enclosures in our study declined by an average of 14% (after accounting for 4% loss due
to natural senescence) (Fig. 4.2), while Garbary et al. (2014) estimated a decline of 15%
of shoots over the same duration on the Atlantic coast. The rate of eelgrass loss in our
high crab density treatment confirms that green crabs at high densities on the Pacific
coast can remove eelgrass at a much faster rate than natural senescence. This
suggests that over prolonged exposure to consistently high densities of green crabs,
which occur at several invaded sites in the region (BRH, unpublished data), eelgrass

beds on the Pacific coast are at risk of severe degradation and loss.

In addition to shoot loss, changes in the ratio of below and above ground eelgrass
biomass revealed that the mechanism of green crab disturbance predominately affected
above-ground material (i.e., blade shredding or consumption) instead of bioturbation of
the entire plant (blades and rhizomes). Due to variability in Z. marina phenology, the
retention of rhizomes may have varying importance to the persistence of eelgrass beds
(Boese et al. 2009). On both the east and west coasts of North America, Z. marina
displays a range of life-history traits, both within and between beds, in response to local
disturbance regimes (Phillips et al. 1983a, Phillips et al. 1983b, Ruesink et al. 2010). In
environments with greater natural disturbance (i.e., temperature or salinity fluctuations,
ice scouring, grazing), Z. marina tends to be an annual plant, flowering and releasing
seeds which regrow the bed each year. In more stable environments, Z. marina is a
perennial plant that maintains beds predominantly through clonal growth (propagation),
making the retention of rhizomes particularly important to the persistence of these beds
(Boese et al. 2009). Both reproductive strategies occur on the Pacific coast in response

to stress and disturbance regimes (e.g., temperature fluctuations, tidal height, etc.)
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(Ruesink et al. 2010). The impact of green crabs on eelgrass bed persistence may
therefore be related to the dominant reproductive strategy of a bed. Because
bioturbation is a disturbance that uproots whole plants including the rhizomes, this
mechanism of eelgrass loss is potentially more detrimental to perennial bed persistence
than shredding, which shears off the above-ground blades only (Harrison 1979). Our
observations that invasive green crabs on the Pacific coast, at high densities, favour
shredding above-ground blades over dislodging whole plants (Fig. 4.2a) are consistent
with behavioural observations of green crabs on the Atlantic coast where shredding is
also the more common mechanism of disturbance (Davis et al. 1998, Malyshev & Quijon
2011).

Shredding may be an indirect consequence of foraging (Davis et al. 1998) or caused
directly when crabs consume eelgrass blades and meristems (Malyshev & Quijon 2011).
We detected Zostera both visually and genetically in crab stomachs, especially in the
high-density treatment, indicating that green crabs on the Pacific coast also consume
eelgrass. Whether green crabs prefer specific parts of the plant has not been
established. However, for the first time, we were able to confirm that green crabs
consume rhizomes in addition to blades, and that eelgrass consumption is not limited to
juvenile green crabs. We visually identified rhizomes in a third of crab stomachs and
incidentally observed rhizome consumption during our field surveys. Typical foregut
retention time for green crab is 12-15 h at 15 °C, although may be longer for plant
material (McGaw & Curtis 2013). This short retention time indicates that crabs were still
readily consuming eelgrass at the end of the experiment despite reductions in eelgrass
availability. A more rigorous test of green crab consumption preferences and rates may
be an important avenue of future research, especially if green crab have a preference for
(or against) invasive Z. japonica, as has been shown for ducks and geese (Baldwin &
Lovvorn 1994). Even if eelgrass rhizome mats are left largely intact by green crab,
overgrazing of above-ground blades alone can still cause population collapses of
habitat-forming plants (Nowicki et al. 2018). For example, in Maine (USA), cordgrass
(Spartina alterniflora), which is the primary habitat-forming plant in saltmarshes, has
been overgrazed by herbivorous crabs for decades, resulting in widespread habitat loss

and conversion of saltmarsh creekbanks to unstable mudflats (Holdredge et al. 2009).

Despite evidence of active predation by green crabs on benthic fauna in our enclosures,

we did not detect a significant effect, whether direct or indirect, on the biomass or
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composition of benthic fauna. This is contrary to other enclosure experiments, both
inside and outside of eelgrass beds and on both coasts, which found significant effects
of green crabs on a wide range of invertebrate species (Grosholz et al. 2001, Thompson
2007, Whitlow 2010). We also expected the loss of eelgrass habitat to indirectly affect
the community composition of benthic fauna. Our inability to detect a community shift in
benthic fauna as a result of green crab activity might be caused by the low faunal density
at our site (Table C.1) or the low taxonomic resolution of the data. In addition, there may
have also been changes to epifauna on the eelgrass itself and nektonic fauna, including
fish, that were not tested here. On the Pacific coast, critically important fish species,
including Pacific salmon species and herring, rely on eelgrass habitats extensively for
survival and reproduction (Hosack et al. 2006, Kennedy et al. 2018). The loss of
eelgrass habitat may contribute to declines in salmon abundance, as the growth of out-
migrating juveniles in these estuarine ecosystems predicts future adult abundance
(Tomaro et al. 2012). When juvenile salmon are forced to forage in less productive, more
risky ecosystems their growth rates are slower, potentially resulting in worse survival
outcomes (David et al. 2016, Kennedy et al. 2018).

An invasive species is thought to have ecosystem-wide impacts if there is evidence that
they change some or all of the following: nutrient resource availability and supply;
consumer—resource dynamics resulting in food web shifts; or physical resources such as
space (Vitousek 1990, Crooks 2002). Where these impacts are the result of the species’
creation, modification, or maintenance of physical habitat, the species is also considered
an ecosystem engineer (Jones et al. 1994). On the Atlantic coast, large declines in
eelgrass and subsequent changes to local biodiversity indicate that European green
crabs are ecosystem engineers, capable of ecosystem-wide impacts (Klassen & Locke
2007, Matheson et al. 2016). Our study indicates that on the Pacific, green crab impacts
on eelgrass should be similar to those observed on the Atlantic coast, especially in sites
with high densities of green crabs. However, green crabs have been established at high
densities in areas on the Pacific coast for more than two decades and declines in
eelgrass beds coincident with high green crab densities have not been reported to date.
This may be due to a failure of detection rather than a true difference in Atlantic and
Pacific green crab impacts as the largest population densities of green crabs on the
Pacific coast are found in remote areas of British Columbia and therefore less closely

observed than populations on the Atlantic coast. For example, in Nova Scotia, eelgrass
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losses in Benoit Cove were noted by local residents prior to the start of formal research
in the area (Garbary et al. 2014). Therefore, it is possible that high population densities
of green crabs in British Columbia may have already had a significant impact on
eelgrass habitat, but that this habitat shift has gone unobserved (or at least unreported).
On the other hand, isolation from human populations may mean that invaded Pacific
eelgrass beds are under less anthropogenic stress from other sources (e.g., anchors,
pollution, shading) than their Atlantic counterparts. Fewer overall stressors could
increase the resilience of Pacific eelgrass beds to green crab disturbance. As green
crabs on the Pacific coast of North America spread to more populated areas, it is
possible that the combined effect of high green crab densities with other coastal
stressors will result in observations of ecosystem-wide impacts of green crabs in

eelgrass habitats, as has been observed on the Atlantic coast.

60



Chapter 5.

Native crab abundance predicts invasive European
green crab (Carcinus maenas) hotspots better than
habitat

Abstract

As an invasive species spreads, variation in biotic and abiotic characteristics of habitat
patches can lead to large site-level variability in invader distribution and abundance, as
demonstrated by the invasive European green crab (Carcinus maenas) along the west
coast of Vancouver Island, Canada. While green crabs typically occur in low to moderate
abundances in this region, some sites have become ‘hyper-abundant’ with catches
orders of magnitude greater than adjacent sites. Because these hotspots are the most
likely to experience severe impacts from green crabs, | determined the combination of
site-specific abiotic and biotic factors that facilitate these ‘hyper-abundant’ sites. The
occupancy (presence/absence), abundance (catch-per-unit-effort, CPUE), and
recruitment success (proportion of the catch that were less than one year old) of green
crabs on Vancouver Island were modelled using gradient boosted regression trees
(BRTs) and mixed-effects modelling. Eight years (2010-2017) of CPUE data from 72
sites along the west coast of Vancouver Island were analyzed, along with site-specific
physical and biological characteristics that could influence propagule pressure, survival,
and prey availability, including the CPUE of three co-occurring native crab species. Few
abiotic factors showed strong effects on green crab distribution. Freshwater outflow had
a non-linear effect on both green crab occupancy and abundance, suggesting a
preference for sites with intermediate flows, while sites with soft sediments and a large
intertidal area were good predictors of hotspots. The most consistent predictor of green
crabs across all models was the CPUE of native crab species. The probability of green
crab occupancy at a site was reduced by 50% when any Dungeness crabs
(Metacarcinus magister) co-occurred there, and green crab abundance was greatly
reduced with increasing CPUE of any of the three native species. Although some abiotic
site-level characteristics may be helpful in detecting green crab hotspots on the west

coast of Vancouver Island, this chapter finds that it is the distribution of native crab
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species which appears to contribute most significantly to the regional variability in green

crab abundance and distribution on the Pacific coast.

Introduction

The spread of invasive species is a conservation issue worldwide, as range expansion
increases both the risk to native biodiversity and the challenges for management
(Lockwood et al. 2007). How to best predict the current and future distributions of
invasive species to inform management is therefore one of the most important questions
in invasion ecology (Elton 1958). Because management efforts typically target individual
colonies or populations, predictive models that improve detection at the site-level scale
are the most useful for determining how to apply limited management resources (de
Rivera et al. 2007, Epanchin-Niell et al. 2012). However, predictions become difficult in
spatially heterogeneous environments, as populations establish non-uniformly across
the landscape, making them harder to detect (Melbourne et al. 2007, Epanchin-Niell et
al. 2012). The influence of factors such as site isolation, area, quality, and community
composition, in determining species distributions is often dealt with using species
distribution models (SDMs), which characterize a species’ distribution over a patchy
landscape in relation to the complex abiotic and biotic features of that landscape (Guisan
& Zimmermann 2000). In invasive species management, SDMs are often used to
construct predictive tools to help direct limited management resources to the sites most

likely to support an invasive species (Guillera-Arroita et al. 2015).

Historically, SDMs used for invasive species management have relied on
presence/absence data to predict the occurrence of an invasive species in new
environments (Guisan & Thuiller 2005). However, invasive species rarely spread
uniformly across sites. Both habitat quality and biotic interactions affect site-level
population growth rates of invaders (Hirzel & Le Lay 2008), creating variation in
population densities among sites that has important implications for both management
and future rates of spread (Crooks 2005). Larger or denser populations of invaders are
often of greater concern for management, as the severity of impacts by invasive species
scales, often non-linearly, with abundance (Parker et al. 1999, Byers et al. 2002, Dick et
al. 2017). For example, in southeast Australian eucalyptus forests there is a density
threshold beyond which invasive lantana (Lantana camara) causes rapid loss of native

plant biodiversity (Gooden et al. 2009). Thus, patches most suitable to the invader might
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also be sites with the largest negative impact on native biodiversity. Understanding the
context-dependent biotic and abiotic factors that create high-density sites for invaders
can improve local efforts for detecting and managing new and growing populations of

invasive species (e.g., Gooden et al. 2009, Chan & Bendell 2013).

The European green crab (Carcinus maenas) is a common shore crab native to Europe
and invasive in parts of Africa, Asia, Australia, and both coasts of North America
(Behrens Yamada 2001). Significant negative impacts of this species on native bivalve
populations and eelgrass habitat have been reported, often occurring in areas where
green crab abundance was especially high (e.g., Glude 1955, Grosholz et al. 2000,
Neckles 2015, Chapter 4). European green crabs were introduced to the west coast of
North America, initially in San Francisco Bay around 1990 (Cohen et al. 1995), and have
continued to spread along the spatially complex coastline of the Pacific Northwest. By
2007 this species was present in estuaries and soft-sediment bays all along the west
coast the United States and Vancouver Island, British Columbia (BC) (Klassen & Locke
2007). Subsequent surveys and genetic testing of populations from California to
Quatsino Sound, BC have shown this species to be genetically well mixed, indicating
there is enough long-distance dispersal for the species to function as one large meta-
population originating from a single introduction event (Tepolt et al. 2009). This scenario
is consistent with their populations elsewhere, including their native European range
(Darling et al. 2008).

The distribution of European green crabs on the west coast of North America is
potentially influenced by the abundance, distribution, and behaviour of several species of
native crabs. European green crabs spread almost exclusively by larval dispersal, and
as adults (minimum carapace width (CW) at maturity = 30 mm) have high site-fidelity
making them unlikely to travel between sites separated by depths of more than 10 m
(Klassen & Locke 2007, Silva et al. 2013, Yamada et al. 2015). In contrast, two common
large epibenthic crab species that co-occur with green crabs in BC, Dungeness crab
(Metacarcinus magister) and red rock crab (Cancer productus), regularly migrate
between subtidal and intertidal habitats, following the tides. As juveniles, Dungeness
crabs rely on soft-sediment littoral habitats, where they co-occur with and are
outcompeted by green crabs (McDonald et al. 2001, Armstrong et al. 2003), but adult
Dungeness crabs (minimum CW at maturity = 100 mm) can occur at depths >80 m and

may travel significant distances between foraging habitats (Higgins et al. 1997; Stone
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and O’Clair 2001; Holsman et al. 2006). Similarly, red rock crabs (minimum CW at
maturity = 65 mm) also undertake large vertical migrations, typically into rocky intertidal
habitats to forage during high tides (Boulding & Hay 1984, Carroll & Winn 1989, Yamada
& Groth 2016). Because red rock crabs are predators and competitors of green crabs, it
is thought that they serve a biotic resistance role and prevent the establishment of green
crabs in rocky habitats (Hunt et al. 2003). The only other large crab species that co-
occurs regularly with green crabs in BC is the graceful crab (Metacarcinus gracilis). This
species appears to overlap the most with green crabs in size (minimum CW at maturity =
77 mm) and habitat preference, but far less is known about their movement, dietary

niche, or behaviours in general (Orensanz et al. 1995).

Green crabs show patchy occupancy along the west coast of Vancouver Island (WCVI).
Most sites with established populations yield low to moderate catches. However, a
handful of sites consistently have population densities orders of magnitude larger than
neighbouring sites (Gillespie et al. 2007, Klassen & Locke 2007, pers. obs.). It is not
clear why some sites along the WCVI maintain moderate populations of green crabs
while others have become ‘hyper-abundant’ hotspots. There is a wide range of site-level
variation in the abiotic habitat characteristics and biotic assemblages among sites
occupied by green crabs, however what combination of site-level characteristics drives
the formation of a green crab hotspot has not previously been modelled for British
Columbia. Given that higher densities of green crabs are expected to have greater
ecological impacts and act as source populations for further spread of green crabs
around Vancouver Island and beyond, knowing how to identify a potential hotspot could

greatly improve management strategies.

In this chapter, | modeled the distribution and abundance of green crab on Vancouver
Island using ensemble machine learning, specifically gradient boosted regression trees
(BRTs). Gradient boosting iteratively builds ‘weak’ trees and compares the error from
each tree with that preceding it, in a stepwise process (De’ath 2007). To make
predictions about the types of sites on Vancouver Island that could be green crab
hotspots, two BRT models, one using green crab occupancy data (i.e.,
presence/absence) and a second using catch-per-unit-effort (CPUE) from trapping data
were constructed and evaluated. | hypothesized that green crab distribution and
abundance would be most strongly influenced by a few abiotic characteristics,

particularly those that favour the settlement and survival of juvenile green crabs like
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intertidal area and the presence of cover, followed by biotic interactions with red rock

crabs in particular.

Methods

Data collection: Crab catch per unit effort

Trapping surveys for European green crabs have been conducted since 2006 by the
Department of Fisheries and Oceans Canada to better understand invasion dynamics of
this species in British Columbia. Green crabs were reported in BC as early as 1999 and
subsequently confirmed as present at locations all along the WCVI, including in Barkley
Sound in 2006 and in Quatsino Sound in 2007 (Gillespie et al. 2007, Klassen & Locke
2007). Between 2010 and 2017, a total of 72 sites were trapped at least once in these

two target areas (Fig. 5.1).
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Figure 5.1 Locations of green crab trapping surveys that occurred between
2010-2017.

Sites were not surveyed in every year. Filled circles indicate sites where green crabs were

detected at least once. Open circles indicate site where green crabs were never detected. White

diamonds indicate local cities and towns for reference. The inset shows the locations of Barkley

Sound (BS) and Quatsino Sound (QS) on Vancouver Island, British Columbia.
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The same trapping method was used consistently, with some variation in effort (i.e.,
number of sets per site). A single set consisted of six Fukui fish traps, baited with frozen

herring, strung on a 60 m groundline with 10 m spacing between traps. At each site, a
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trapping event typically consisted of two sets placed parallel to shore, 1 meter above
mean low water (MLW), and one or two sets placed perpendicular to shore to assess the
depth range across which green crabs occur. Sets were retrieved the next day, on the
high tide (average soak duration: 23.1 h + 2.6 h SD) and the trap contents enumerated,
identified to species, and measured (notch-to-notch carapace width to the nearest mm).
Additional details on the type and method of data collection can be found in Gillespie et
al. (2007). Like all trap-based methods of estimating animal abundance, baited Fukui
traps are imperfect (Bergshoeff et al. 2018). Both water temperature and agonistic
interactions among crabs are likely to affect crab behaviour and therefore CPUE (Murray
& Seed 2010, Bergshoeff et al. 2018). Despite these limitations, using CPUE from baited
traps to distinguish between sites with a low or average abundance of green crabs from
hotspots is appropriate, particularly if the focus is on inter-annual variability (Murray &
Seed 2010).

Data collection: Abiotic variables

Information was compiled on invariant site-level abiotic characteristics that could affect
local green crab survival and population size (Table 5.1). The characteristics chosen
were those that could affect larval propagule pressure, shelter and prey availability, and
overall site-level temperature and salinity profiles. Most of these data were derived from
GIS data layers (Table 5.1) using the program QGIS (v.2.18).

Inlet length and intertidal area were included as they are expected to have implications
for propagule pressure. Inlet length is a measure of site isolation, as newly arriving
larvae have to travel further to reach a suitable site to settle and larvae released are
more likely to be retained locally if an inlet is especially long (Byers & Pringle 2006,
Banas et al. 2009). In the absence of a standard method for measuring inlet length, |
defined the head of the inlet as the low water mark at each site and the mouth of the
inlet as the point at which the opposing banks were a minimum of 2 km apart. Although
arbitrary, this distance worked well as a general rule to approximate the point at which
the inlet or bay joined the nearest main channel. This approximation effectively
distinguished long inlets from bays and coves. Intertidal area was included, as sites with
larger areas are expected to have higher colonization rates and larger populations

(Hanski 2001). Intertidal area was calculated as the area between the high and low
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water marks at each site that encompassed all trapping events at that site, based on

Canadian Hydrographic Service (CHS) data.

Sediment type, presence of eelgrass (Zostera spp.), and the presence of Pacific oyster
(Crassostea gigas) aquaculture were included as each could affect the survival of green
crabs, through provision of cover and prey. Sediment type at each site was designated
by the CHS, on a numerical scale ranging from rocky cliffs to estuary or marshland
(Howes et al. 1995). There were two sites in Effingham Inlet, Barkley Sound for which
the CHS data did not provide a classification, so these were assigned based on site
visits. In Europe, the presence of eelgrass (predominately Zostera marina) is considered
important shelter habitat for juvenile green crabs (Moksnes 2002). The presence of
eelgrass at each site on the WCVI was determined from province-wide eelgrass survey
data compiled by Tides Canada for the British Columbia Marine Conservation Analysis
(2009). The data represent the occurrence of eelgrass at surveyed sites prior to 2010
(i.e., the start of the surveys presented here). Finally, the presence of Pacific oyster
aquaculture facilities was included because near-shore oyster aquaculture tenures
frequently inadvertently seed nearby beaches with feral oyster populations, which
increases the structural complexity of the benthic habitat (Kelly et al. 2008). The cover
provided by bivalve beds and shell hash has been shown to provide better cover for
settling and juvenile green crabs than other types of benthic habitat (Hedvall et al. 1998,
Moksnes 2002). Additionally, Pacific oysters are both a common vector for the human-
mediated transport of invasive species, including green crabs, and are a known prey
source for green crabs (Ruesink et al. 2005, Curtis et al. 2015). Locations of oyster
aquaculture licenses issued for Barkley and Quatsino Sounds between 2010 and 2015
were obtained from the Department of Fisheries and Oceans Canada. A site was
considered to have experienced Pacific oyster aquaculture if its location overlapped with
or was immediately adjacent (< 1 km) to an aquaculture lease. While the license
information itself does not definitively indicate whether or for how long oyster
aquaculture was carried out at a site, | was able to confirm the operations of several
tenures while conducting green crab trapping surveys. The data also do not exclude the

possibility of feral populations of Pacific oyster resulting from natural spread.

The last set of characteristics, freshwater outflow magnitude and aspect, were included
as proxies for site-level variation in salinity and temperature. Individual site-level

measures of water temperatures and salinities could not be obtained for all sites, and
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more common measures, such as air temperature and rainfall data from weather
monitoring stations or sea surface temperature from satellite data, were not at scales
appropriate for detecting site-level differences (Lowen et al. 2016). Freshwater outflow
magnitude was determined from data on the freshwater stream networks in British
Columbia (Table 5.1), which provides a value for the known or estimated number of
tributaries that join together to form a freshwater source (Gray 2010). The more
tributaries contributing to a single freshwater input at a site, the larger the volume of
freshwater discharge is expected to be, causing the salinity to be lower than at a site
with a very small or non-existent freshwater input. To get an approximation of
temperature at a site, the aspect for each site was recorded as the dominant cardinal or
intercardinal direction (e.g., north, northeast, east, etc.). | used aspect as a proxy for
temperature because south and west-facing slopes in the northern hemisphere typically

receive more solar radiation than north and east-facing slopes.

Collinearity among site characteristics was low, with all two-way interactions having a
correlation coefficient < 0.43. | initially included an approximate measure of slope for
each site, but this was highly positively correlated with intertidal area (Pearson’s r = 0.76,

p < 0.001), so slope was not retained as a site characteristic.
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Table 5.1

Abiotic site-level characteristics included in the BRT models,

grouped by the hypothetical dominant mechanism of effect on green

crab populations.

Abiotic variable  Units and observed range

Sources

Propagule
pressure and
settlement

Measured in km2
(207 m2 - 1.59 km2)

Intertidal area

Canadian Hydrographic Service (CHS) High
Water Mark Lines and Low Water Mark Lines
shapefiles

Downloaded from the GeoBC Data Catalogue
on June 9, 2017.

Inlet length  Measured to nearest km Using QGIS (v.2.18) measured as the shortest
(0 km - 30 km) route from the low-water edge at the head of
the inlet to mouth.
Shelter and
prey
availability
Sedimenttype  Types defined on a Canadian Hydrographic Service (CHS) High
numerical scale with Water Mark Lines and Low Water Mark Lines
categories ranging from 3 shapefiles
(rock cliff) to 14
(estuary/marsh). Increasing  Downloaded from the GeoBC Data Catalogue
values indicate a decrease  on June 9, 2017.
in particle size and wave
energy.
Eelgrass Presence/absence British Columbia Marine Conservation Analysis
(categorical) Eelgrass Polygons shapefile
Downloaded from the BCMCA GIS database on
September 7, 2017.

Oyster Presence/absence Based on the locations of oyster licenses
aquaculture issued by DFO between 2010-2015.
(categorical)

Temperature
and salinity
Freshwater ~ Count of the number of Province of British Columbia Freshwater Atlas
outflow upstream ‘nodes’ Stream Network shapefile
magnitude (tributaries) contributing to

single outflow.

(0 -1477 nodes)
Classified by cardinal and
intercardinal directions.

Slope aspect
(categorical)

Downloaded from the GeoBC Data Catalogue
on August 23, 2018.

Visually determined as main direction the
beach slopes.

Measurement units, data ranges (in parentheses), and data sources given.
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Analysis

Trapping data requirements.

Catchability refers to the proportion of standing population that can be caught with a
particular fishing method. It is both difficult to quantify and control for but is critical for
determining how well a fishing method approximates standing stock biomass (Francis et
al. 2003). Variation in catchability in this dataset was primarily minimized by using
standardized trapping protocols (e.g., set locations, bait, trap spacing). | also limited the
analysis to the years 2010-2017 and to the months of May through September
(Duncombe & Therriault 2017), and removed four individual sets for which the GPS
coordinates of sets showed inconsistencies with the standard trapping protocol. At one
site, Pipestem Inlet (40.038, -125.202), green crabs were trapped and removed annually
between 2010 and 2014 as part of a separate reduction trapping experiment for invasive
population control. | did not use the reduction trapping data. However, as Duncombe and
Therriault (2017) concluded that reduction trapping had no net interannual effect on
green crab populations in Pipestem Inlet, | opted to include two non-reduction trapping

events that occurred several months prior to annual reduction trapping.

Calculating CPUE of green crab and other crab species

To analyse trends in the trapping data, | first calculated the catch-per-unit-effort for each
of four crab species (European green crab, Dungeness crab, red rock crab, and graceful
crab), for each trapping event (n = 272). CPUE is the number of crabs of a species

caught, divided by trapping time (i.e., the number of traps set multiplied by total average

soak time of the set).

Because colder water temperatures are likely to slow crab metabolism and therefore
movement, catchability of green crabs is thought to vary with season (Duncombe &
Therriault 2017). A second-order polynomial model fit to the average daily green crab
CPUE (all years combined) over Julian day (JD) was significantly better than a linear
model (Likelihood ratio test: X? = 1.62, df = 1, p = 0.01), confirming a drop in catches in
the shoulder months. To correct for this seasonal effect in catchability, | first determined
the average peak trapping day for green crabs across all years from the polynomial
model (July 18-19 or JDpeak = 199.817). Presence-only green crab CPUE was then

modeled as a function of the absolute difference between JD,eak and the actual trapping
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Julian day, the slope of which was used to calculate an adjusted green crab CPUE that
removes the variability driven by trapping day (CPUE.g;). No correction was made if
green crab CPUE was zero, as it cannot be assumed that these are failures to detect

green crabs due to catchability, rather than true absences.

Boosted regression trees

To model CPUE data, the R package gbm was used in conjunction with the caret
wrapper to produce gradient boosted regression trees (BRTs) (Elith & Leathwick 2011,
Kunh 2008). BRT models combine the predictions from many weak models, called trees,
to optimize the predictive performance of a final, average model. Each successive tree
minimizes the error of the preceding tree following the loss function, which specifies the
error distribution (Elith et al. 2008). As a result, trees become successively better at
predicting the response variable while also minimizing error (De’ath 2007, Elith et al.
2008). Ensemble methods like BRTs also permit multiple variables, both categorical and
continuous, to interact in complex and non-linear ways, and have relaxed assumptions
around data structure, units, interactive effects, and missing values (Elith et al. 2008).
This makes ensemble methods preferable when working with species abundance data
(i.e., catches), as these are often zero-inflated, and habitat characteristics, which can be

measured on very different scales.

As BRT models are prone to overfitting (De’ath 2007), two additional steps were taken
during pre-processing to prevent and test for model overfitting. First, the data were
initially randomly split into testing (20%) and training (80%) sets. Because sites were
typically included multiple times in the data, sites were clustered together so that they
occurred in one set or the other, but not both. This grouping allows the final model to
encounter ‘new’ sites during model testing and addresses the issue of non-
independence of site within the data (De’ath 2007). Second, all models were run with 10-
fold cross-validation. The same use of grouping by site was applied when creating cross-
validation folds in the training set. During cross-fold validation, 10 models were
generated, each built on data from nine of the 10 ‘folds’. The average error across these
models was used to determine the optimal number of trees and learning rate needed to
produce the best model, i.e., that with the minimum predictive error (Elith et al. 2008).
Both the use of testing and training sets and cross-fold validation were meant to ensure

that the final model was not overfit to a particular subset of data, but that it could be
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generally applied to all the data. Finally, using the caret package, | was able to tune
several hyperparameters that affect the learning algorithm, to find the optimal
combination of learning rate, interaction depth, and number of trees needed to minimize
overfitting (Kuhn 2008). Once the BRT models were optimized, | averaged the output
across five runs of the model using these same hyperparameter settings (Greenberg et
al. 2017).

Because the green crab CPUE.q data were zero-inflated, analysis was based on a two-
step delta-lognormal approach and two BRT models were produced (Dedman et al.
2015, Froeschke & Froeschke 2016). The first model used green crab presence or
absence (0/1) as the dependent variable. The second model used as the dependent
variable the log(CPUE.y) for trapping events in which green crabs were caught. Both
models used the full suite of seven site-level characteristics (Table 5.1), plus the year of
the trapping event, and the CPUE for the three native crab species for each trapping
event, for a total of 11 predictor variables. For the BRT analyses, the categorical

predictors were dummy-encoded prior to running the models.

The first BRT modeled the probability of green crab occupancy using a binomial
(Bernoulli) loss function. Due to the strong class imbalance toward sites with green
crabs, an additional pre-processing step was needed to even out the representation of
the classes in the training dataset. Following the Synthetic Minority Over-sampling
Technique (SMOTE), the training dataset was resampled through a combination of
oversampling the absence data and undersampling the presence data, such that the two
conditions both occurred in trees roughly 50% of the time (Chawla et al. 2002).
Hyperparameter tuning on the resampled training data determined the best model based
on 900 trees, a learning rate of 0.002, and interaction depth of 7. These
hyperparameters were used to rerun the model (n = 5 times) and determine the average
relative influence of predictor variables and the average predicted probability of green

crab occupancy for all trapping events (n = 420 events, with SMOTE over-sampling).

The second BRT model predicted the log(CPUE.q;) of green crabs across all presence-
only sites and trapping events (n = 192 events). Because there were so few sites with
aspects facing east and northeast (n = 2 sites each), there were insufficient data for
these aspects to be equally represented in both the testing and training data sets. As

such these two levels of the aspect variable were dropped as predictors. A BRT with a
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Gaussian loss function was run on the processed training data. The final model was
parameterized on 600 trees, a learning rate of 0.005, and an interaction depth of 7.
These parameters were then used to predict average log(CPUE.q) for all 192 presence-
only trapping events and average relative variable importance over five iterations of the

model.

Results

Over eight years of trapping (n = 272 trapping events), effort was concentrated in
Barkley Sound (72%) and was highest overall in 2014 and 2015 (Fig. 5.2a). The average
CPUE.gover all trapping events and all years was 0.40 green crab per trap-day (+ 0.64
SD), which equates to approximately 165 green crabs caught, if back-calculated using
the standard effort of 18 traps set for 23 hours. The highest CPUE.q recorded was 5.07
crabs per trap-day (n = 1925 green crabs) at Hillier Island (49.032, -125.325) in 2016.
Green crabs were consistently present at 29 sites (40%) and consistently absent at 21
sites (29%), while the remainder fluctuated between presence and absence over eight
years (Fig. 5.2b).
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Figure 5.2  Summary of CPUE for European green crab, adjusted for seasonal
variation in catchability (see text), for 72 sites surveyed between
2010 and 2017 on the west coast of Vancouver Island.

(A) Average green crab CPUE.gq (£ SE) for all trapping events per year (black solid line) and

CPUE.q over time for four representative sites to depict some common trends in green crab

abundance. (B) Maximum annual CPUE.g; for green crab for each of 72 sites surveyed. Sites are

represented in the same place in the grid every year. Greyed out cells indicate the site was not

surveyed that year; white indicates that a site was trapped but no green crabs were caught.

In most years, sites were only trapped once, if at all, but repeated trapping events within
a year did occur. The most frequently trapped sites overall, excluding reduction trapping

in Pipestem Inlet, were Hillier Island (32 trapping events, 12%), followed by Useless Inlet
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(48.993, -125.029; 11 trapping events, 4.0%). On average, sites were trapped 3.78 (+
3.95 SD) times over eight years. No site was visited every year, but Hillier Island was

only missed in 2017. Of the 72 sites trapped, 14 (19%) were only ever visited once.

Probability of green crab occupancy

The final BRT model for probability of green crab occupancy resulted in an average
model accuracy of 0.85 over all cross-validation folds. When used to predict green crab
occupancy on the testing set, the overall accuracy was 0.77 (lower 95% CI = 0.61, upper
95% CI = 0.88), which was significantly better than random classification (p = 0.001).
Across the five re-run models, model accuracy ranged from 0.82 to 0.84. Relative
variable importance for predicting green crab occupancy was highest for the CPUE of
the native Dungeness crab (average relative importance = 33.5 £ 0.04% SE), followed
by intertidal area (average relative importance = 9.99 + 0.12% SE) (Fig. 5.3, Table D.1).
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Figure 5.3  Partial dependency plots of the marginal effect of the predictor
variable (when all other predictors are averaged) on the probability
of invasive green crab occurring at a site.

Only the top 6 predictors of green crab occupancy are shown, as determined by relative variable

importance (indicated in parentheses). Lines indicate the average fitted response and shading the

maximum and minimum fitted response, over five model runs. Note the model fit was very
consistent among all runs so shaded region is not visible. Grey points (A-D) indicate trapping
events where green crabs were present (1) or absent (0) over the range of the predictor variable.

For the categorical predictors eelgrass (E) and aspect (F) the grey bars indicate the total number

of trapping events where green crab were absent (light grey) or present (dark grey) at sites, for

each level of the categorical predictor.

Predicted green crab log(CPUE.4;)

The final BRT model for green crab log(CPUE.q) had an R? of 0.40 and root mean
squared error (RMSE) of 0.65 over all cross-validation folds. When used to predict the
log(CPUE.yg;) of the test set, there was no significant difference between the predictions
and observed values (paired t-test, t = 1.56, df = 37, p = 0.13), indicating that the model
was not overfit to the training data. Across all five models used to predict the
log(CPUE.q) for all 192 trapping events, model R? ranged from 0.39 to 0.41, and RMSE
from 0.64 to 0.65. Freshwater outflow magnitude had the greatest average importance
(20.0 £ 0.31% SE), followed by the year the crabs were trapped (16.9 + 0.26% SE) and
the CPUE of graceful crab (16.2 £ 0.16% SE) (Fig. 5.4, Table D.2).
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Figure 5.4  Partial dependency plots of the marginal effect of the predictor
variable (when all other predictors are averaged) on the adjusted
green crab CPUE,s (unlogged) at a site.

Only the top 6 predictors of green crab CPUE.aq; are shown, as determined by relative variable

importance (indicated in parentheses). Lines indicate the average fitted response and shading the

maximum and minimum fitted response, over five model runs. Grey points indicate the presence-
only green crab CPUE.qj over the range of the predictor variable.

Discussion

After an invasive species has established, effective management requires an
understanding of the distribution of that species. Species distribution modelling in
invasion ecology can be a powerful tool to predict spread, though only if predictions are
made at relevant scales. Further, because the impacts of invasive species are often
density-dependent, these models should go beyond occupancy alone and consider
abundance. For invasive European green crab on the WCVI, | found that very large
populations were associated with soft-sediment habitats with large intertidal areas, as
expected. Persistent low and medium abundances of green crab occurred across a
much wider range of habitat characteristics. This result presumably reflects the species’
generalist life history and broad physiological tolerances, as elsewhere in the world

green crabs occur in diverse habitats that range from the rocky subtidal to brackish lakes

77



and mangrove forests (Behrens Yamada 2001, Klassen & Locke 2007, Breen & Metaxas
2008, Garside & Bishop 2014). More surprisingly, my results also indicate that green
crab abundance on the WCVI is significantly negatively associated with the abundance
and distribution of the large crab species native to the region. This finding highlights a
previously understudied role of interspecific interactions in controlling invasive green

crabs in British Columbia.

The overall accuracy of the green crab occupancy BRT model (Fig. 5.3) suggest it could
be used to predict the presence of green crabs in parts of the WCVI not yet surveyed.
However, the model also revealed that detecting green crabs would be most effective if
predictions are based on a priori knowledge of the abundance of Dungeness crabs in the
area of interest. Indeed, the addition of any Dungeness crab at a site reduced the
probability of green crab occurring at that site by half (Fig. 5.3a). This effect on green
crab site occupancy was stronger than that of any physical habitat characteristic or other
biotic interaction. In the absence of pre-existing information on Dungeness crab
abundance however, the physical characteristics that best predict green crab occupancy
are sites with more than 1 km? of intertidal area, with soft sediments consisting of sand,
mud, or fine sediment, and low to intermediate freshwater input (Fig. 5.3b-d). Although
these findings generally concur with pre-existing knowledge about green crab habitat
preferences in British Columbia, sediment type was less important as a predictor than
expected, only increasing or decreasing the probability of green crab occupancy by
~10%, as green crabs were found over the whole range of sediment types (Fig. 5.3c).
While the occurrence of green crabs in rocky intertidal habitats was unexpected for the
WCVI, the species is capable of living in rocky habitats elsewhere in their native and

invasive ranges (Klassen & Locke 2007).

The presence-only BRT model was less accurate than the occupancy model. This was
particularly evident at the extreme values of the site characteristics where there were
fewer data points. Because the model had less information on which to form predictions
about how or if these extreme values had any effect on green crab abundance, some
model fits plateau around the global average CPUE.,g; (0.40 crabs per trap-day) (Fig.
5.4a,e). The strongest predictor of green crab abundance was freshwater outflow
magnitude. Green crabs were present in very low abundances at sites without a source
of fresh water but were up to 1.5 times more abundant with the addition of any fresh

water (Fig. 5.4a). Abundance declined again as the volume of fresh water continued to
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increase, similar to the pattern observed for probability of occurrence (Fig. 5.4a; Fig.
5.3d). This non-linear relationship may reflect the upper and lower salinity limits for
larvae, which have a narrower tolerance for salinity than adult green crabs (Nagaraj
1993, Behrens Yamada 2001). The only other informative physical characteristic for
predicting green crab abundance was intertidal area. Larger sites generally predicted
more green crabs, as expected, up to a threshold around 0.20 km? (Fig. 5.4e). The
largest catches of green crabs were not associated with the largest sites, possibly
because the biggest intertidal areas also had large freshwater sources, such as the
Marble River estuary in Quatsino Sound (0.8 km?). These sites may have been less
suitable habitats for green crabs due to lower salinity or high tidal exchange ratios that
made it more difficult for larvae to remain in the estuary long enough to settle before
being flushed out again (Grindley 1972, Banas et al. 2009). There was an overall lack of
strong effects of any other abiotic or biogenic habitat characteristics on green crab
abundance. Rather, the model shows that increasing the abundance of any of the three
native crab species was associated with significant decreases in green crab CPUE (Fig.
5.4c-d, f). There was also a noticeable increase in green crab CPUE over time, with a
particularly large jump in 2016 (Fig. 5.4b), which coincides with the anomalously warm

sea surface temperatures of the preceding two years (Cavole et al. 2016).

If predation and competition with native crabs is the best explanation for the consistently
negative impact of native crabs on both green crab abundance, it is possible that green
crab behaviour is also affected. If so, green crab CPUE at sites with high abundances of
large, native crabs, may have been underestimated if green crabs were less active or
warier of entering traps (Hunt et al. 2003, Bergshoeff et al. 2018). It is not possible to
know definitively how or if this affected my analysis, as the effect is either masked by or
confounded with depth. | regularly observed large native crabs in traps set below MLW,
while green crabs dominated above. This pattern could mean that subtidal green crabs
were less likely to be caught because they were modifying their behaviour to avoid
predators. Alternatively, it could mean that large native crabs exclude green crabs in the
subtidal entirely. There is some evidence for the latter as visual transects done on
SCUBA at Pipestem Inlet demonstrated zonation, with European green crabs being

replaced by graceful crabs with increasing depth (IM Cété 2013, pers. comm.).

Every introduction of a non-native species to a novel ecosystem, whether at the regional

or site level, produces new context-dependent biotic associations. This context-
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dependency is one of the most challenging aspects of invasive species management
because there is usually little to no specific information available about these
associations. By building species distribution models that include the distribution and
abundance of native species it is possible to develop some general understanding about
where an invasive species might spread, where it will become most abundant, and
whether there is the potential for some biotic resistance (sensu Stachowicz et al. 2002).
On the WCVI, a continuous time series of trapping data for multiple crab species
provided the opportunity to model invasive green crab distribution at a scale appropriate
for the species’ management, while incorporating abiotic and biotic characteristics
important to the species’ ecology. There are some challenges to using long-term
fisheries survey datasets, like this one, including inconsistencies in the methods that
cannot be accounted for (e.g., set depth, age of bait, experience of the operator), the
large variation in habitat characteristics and scales, and both temporal and behavioural
stochasticity. However, ensemble learning methods provide a statistical tool that can
adapt to these complex datasets and still generate useful predictions about how species

distribute themselves over heterogenous landscapes.

For European green crabs on the west coast of Vancouver Island, physical parameters
like intertidal area, sediment type, and freshwater outflow magnitude provide some idea
of where green crabs might be present. While abundance was also tied to some physical
characteristics, particularly freshwater outflow magnitude, annual variation and biotic
associations with native crab species were the strongest predictors of green crab
abundance. If this pattern is underpinned by a relationship between water temperature
and green crab reproduction, then warmer summers will increase green crab
reproductive output and recruitment. As such, we should expect already dense sites to
continue to grow exponentially, leading to ‘hyper-abundant’ (hotspot) sites, especially in
warm years. From a management perspective, this suggests survey efforts should
increase during and immediately after anomalously warm summers to detect these
rapidly expanding populations. The most consistent pattern demonstrated here was the
importance of native crab abundance, not physical characteristics, in determining green
crab occupation at a site. This result highlights the potential importance of maintaining
native crab populations, particularly Dungeness crab which have declined in abundance
since the 1990s (Orensanz et al. 1998), to provide some biotic resistance against

expanding invasive European green crab populations in British Columbia.
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Chapter 6.
General discussion

Applying ecological research to real world problems will always involve uncertainty
arising from the absence of context-specific information. To fill these gaps in knowledge
we often rely on our collective understanding of similar problems. Given enough case
studies, we can find reliable general principles, theories, and concepts that apply across
ecosystems and ecological disciplines. Generalizations like the theory of island
biogeography (MacArthur & Wilson 1967), metapopulation dynamics (Levins 1969), or
keystone species (Paine 1969) are now fundamental to ecological understanding.
Invasion ecology relies on all of these generalizations to understand the risk of species
transport, introduction, establishment, population growth, and spread (Fig. 6.1).
However, the last step of the invasion process, itself a generalization (Lockwood et al.
2007), is impact; a step that is largely specific to invasion ecology. There is to date no
unifying framework for impact prediction that has been singularly adopted, although
many have been proposed (e.g., Parker et al. 1999, Blackburn et al. 2014, Dick et al.
2017). Reliable generalizations remain elusive because of context dependency, as each
new introduction event creates a unique ecological community, resulting from the
interactions between the introduced species, the native species, and the environment
(Chapter 1).

Transport
Transport
Death Introduction
Establishment
Fail Establish
Spread
Remain local Spread
‘ Impact

Impact
Low ——— High

Figure 6.1 Theoretical model of the invasion process.
Adapted from Lockwood et al. 2007.
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While | think it is unlikely that there will ever be a theory that can completely underpin
impact prediction, there do need to be some useful generalizations (or rules of thumb) to
proceed with impact prediction and invasive species management. In this thesis, | have
explored three of the more common general principles of invaded systems invoked in the
literature: that invasive consumers will have a larger impact than native ones (Chapter
2), that past invasions of the same or similar species can inform new invasions (Chapter
3), and that the abundance of invasive species is the best predictor of impact magnitude
(Chapters 4 and 5). In these chapters | tested the reliability of these assumptions for a
specific group of invasive animals, marine true crabs. However, because the ultimate
goal is to find general principles that can apply across invaded systems, | put these

same general principles to the test in a very different context.

African hippopotamuses (Hippopotamus amphibius) were introduced to Colombia by the
drug lord Pablo Escobar in the late 1980s. Four hippos were imported and left to roam
throughout his compound, and beyond, about 100 km outside the city of Medellin. There
are now 60-70 hippos in Colombia living both within and around the Magdalena River.
While locals see them as a mascot, there are a handful of scientists and government
officials who are concerned by both the public safety risk posed by roaming hippos and
their potential ecological impact (Aguilera 2018, Wilcox 2018). Because the latter has not
been studied sufficiently to appear in the literature, impact assessment must be

predicted based on what we know from other invaded systems.

To determine what impacts an invasive population of hippos might have on a Colombian
freshwater ecosystem, | first considered whether it could have different or larger impacts
than similar native species. From Chapter 2, we know the assumption that invasive
crabs consistently have a larger effect on native prey abundance than native crabs does
not hold, likely because the role of co-evolution and prey naiveté in each specific system
need to be considered. This is connected to the distinctiveness hypothesis, which
predicts that the more novel an invasive species is, the less likely it is that native species
in the recipient ecosystem have evolved appropriate defenses or co-existence
strategies, hypothetically leading to larger impacts (Ricciardi & Atkinson 2004, Sih et al.
2010). This begs the question, how novel is novel enough? The most scientifically
rigorous distinction draws the line taxonomically (Ricciardi & Atkinson 2004). However,
functional similarity/dissimilarity is often thought to be sufficient; the more functionally

similar the invasive species is to the native species, the less significant its impacts (e.g.,
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Salo et al. 2007; Paolucci et al. 2013), although this does not exclude the possibility that
the invasive species outcompetes and replaces the native one in the process (e.g., the
invasive grey squirrel, Sciurus carolinensis, and native red squirrel S. vulgaris in Europe
[Kenward & Holm 1993, Bertolino et al. 2014]). There have never been any species in
the family Hippopotamidae in South America, and the next nearest native ancestors are
the llamas and guanacos (family Tylopoda). However, there are two species of large,
unrelated, herbivorous aquatic or semi-aquatic mammals that are functionally similar to
hippos: Amazonian manatee (Trichechus inunguis), which structure aquatic angiosperm
communities and habitats, and capybara (Hydrochoerus hydrochaeris), an important
contributor of terrestrial nutrients to aquatic ecosystems (Bakker et al. 2016). In their
native range of sub-Saharan Africa, hippos serve both of these functions in freshwater
ecosystems. Their movements through wetlands and river channels, and between
freshwater and terrestrial habitats, disturb aquatic plants, create new waterways, and
redistribute nutrients so comprehensively that they are considered ecosystem engineers
(Bakker et al. 2016). If the aquatic plant life of Colombia can withstand similar
disturbance from large native herbivores, perhaps the freshwater ecosystem will also be
resilient to the impacts of hippos. This prediction would contradict the expectation made

on the basis of a taxonomically-based assessment.

An interesting addendum to the generalization that functionally similar species should
have similar effects on a shared ecosystem is that the invasive species does not have to
be similar to an extant native species for it to apply. This idea posits that North and
South American ecosystems initially evolved in the presence of megafauna such as
mastodon, giant armadillos, and sabre-toothed cats, which were driven to extinction,
possibly by human exploitation, in the early Holocene (Svenning & Faurby 2017). The
idea of trophic re-wilding proposes that replacing extinct prehistoric megafauna with
functionally equivalent extant species should restore ecosystem functioning that was lost
11,000 years ago (Svenning & Faurby 2017). While the intentional replacement of long-
extinct fauna by invasive species like hippos seems unreasonably risky, re-wilding
efforts with large, extant, native mammals, such as wolves (Canis lupus) in North
America and bison in both North America (Bison bison) and Europe (B. bonasus), have
been successful and had significant, largely positive, impacts on the function of these

ecosystems (Laundré et al. 2001, Cromsigt et al. 2017).
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Another general property of invaded systems that we can use to predict impact is
comparing impacts intraspecifically by considering the species’ invasion history.
Ironically, the reliability of the intraspecific comparative approach increases with
replication, making it easier to apply to the handful of species with a long history of being
moved around the globe by people. Eurasian species in particular have historically
followed patterns of European exploration, trade, and colonialism (Simberloff 2013). The
relatively small suite of Eurasian invasive species that includes rats (Rattus rattus),
common starlings (Sturnus vulgaris), and European green crabs (Carcinus maenas) are
all well-studied. Green crabs have been successfully introduced at least five times that
we know of, and likely many more if re-introductions are included (Behrens Yamada
2001, Carlton & Cohen 2003). In Chapters 3 and 4 | investigated the impacts of green
crabs through the lens of historical invasion events. On one hand, these results
demonstrated the predictive power of intraspecific comparison for predicting impacts, as
the North American green crabs on both coasts were highly efficient predators (Chapter
3) and had similar ecosystem impacts on eelgrass beds (Chapter 4). On the other hand,
the assumption that an invasive species’ impacts will be similar among regions breaks
down when comparing North American invasive green crabs with those from South
Africa (Chapter 4).

However, modern trade routes, immigration patterns, and the global climate are
changing, and so are the species being introduced. More Asian and Mediterranean
species are establishing in North America (e.g., grass carp [Ctenopharyngodon idella],
Burmese python [Python bivittatus], Indo-Pacific lionfish [Pterois volitans]), and North
and West African species are establishing in Australia and the United States (e.g., buffel
grass [Cenchrus ciliaris], West Nile virus). Many of these species have no known
previous history as an invasive, making it impossible to make predictions about their
impacts in this manner. The same applies to African hippopotamus, which have no

known successful introductions, other than that in Colombia.

The last general approach to predicting impact of an invasive species that | examined in
this thesis is based on abundance in the invaded range. | expect that this is the most
consistently useful metric for predicting impact severity of an invasive species in a new
ecosystem. However, the drawback is that without a per capita or density-dependent
measure of impact for a specific interaction of interest, abundance cannot be used to

predict the actual effects of an invasive species. In Chapter 4, the strong relationship
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between abundance (measured as density of green crabs) and impact (measured as the
loss of eelgrass shoots) makes it possible to use measures of green crab abundance or
density in other eelgrass beds to specifically predict impact. In Chapter 5, on the other
hand, the model only predicts abundance (i.e., catch-per-unit-effort) of green crabs in
British Columbia, Canada. This is still useful, so long as impact scales with abundance.
As it applies to hippos, if the assumption holds that the larger the herd the greater their
ecological effect, then the current growth rate of the Colombian hippo population is a
cause for concern, especially considering these hippos may be reaching maturity sooner
and reproducing faster than they do in Africa (Mosendz 2014). However, currently there
is no direct empirical evidence for a relationship between hippo abundance and
ecological impacts in Colombia, and there are suggestions from other systems that the
relationship does not always hold. For example, invasive Japanese skeleton shrimp
(Caprella mutica) can occur in densities over 100,000 m on subtidal marine structures,
yet there is little or no evidence of impacts to the native fouling community (Howard et al.
2018).

In the first year of my PhD program | was fortunate enough to travel to southern Africa
on CAISN Il funding for a workshop on invasive species. Afterwards, while travelling in
Zimbabwe and Botswana, | saw hippos in their natural (and native) habitat. During the
trip, | also happened to read Daniel Simberloff's book, Invasive Species: What Everyone
Needs to Know (2013). The book reviews a staggering number of case studies, from
every corner of the invasion literature. The diversity of invasive species, interactions, and
impacts must have made an impression because | proceeded to build the issues of
context-dependency and impact prediction into my thesis. From my work, | believe that
context dependency will always lead to unpredictable exceptions. There will be species
assumed to be benign that will transform ecosystems, and presumed high-impact
invaders that will make no difference at all. Within just the body of work presented here, |

found the potential for both outcomes in one species, the European green crab.

In an ideal world, it would be possible to conduct contemporaneous research alongside
each introduction or range expansion to make context-specific, informed management
decisions. This will never be the case, whether because of social, political, or practical
reasons like funding. The ability to do comprehensive research on the hippopotamuses
in Colombia is hindered by all three. Until these circumstances change, the Colombian

government has two options: ignore the problem and hope the species has no significant
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impact or apply a general understanding of invasive species impacts to predict and
proactively manage for possible outcomes. Using just the generalizations discussed
here, an argument could be made that hippos should have a minimal impact. There are
already native species in Colombia that restructure freshwater ecosystems, so invasive
hippos may not be so functionally novel as to have major impacts. However, while there
are no other invasive populations of hippos to use as a comparison, looking at the
importance of hippos as ecosystem engineers in Africa, | think it is more likely that
hippos represent a greater habitat disturbance to Colombian freshwater ecosystems
than manatees and capybaras combined. If this is the case and significant impacts are
predicted, how many hippos it will take make those impacts detectable? As long as the
answer to this remains unknown, the assumption that impacts scale with abundance
means that limiting the population growth of invasive hippos is the most precautionary
management approach. Whether it be for hippopotamuses in Colombia or European
green crabs in Barkley Sound, impact prediction will continue to rely on general
principles like those presented here to inform management. The only given therefore is

that in invasion ecology, like in life, there is an exception to every rule.

s 32

Hippopotamus on the Zambezi River, Zimbabwe © Brett R. Howard 2013
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Appendix A.

Supporting Information for Chapter 2

Supplementary tables

Table A.1 Survey of invasive marine and euryhaline crab introductions.

Available online at http://get.sfu.ca/UlLxwJ

Table A.2 Table of individual experiments used for meta-analysis.
Available online at http://get.sfu.ca/UlLxwJ

Table A.3 Descriptive table of moderator levels.

n
Moderator Level Description (overall
dataset)
Interaction type Direct Experiment tests a direct, consumptive
interaction between a crab and responding
species. Interaction either known or strongly 647
expected to be direct by the original authors.
Indirect Experiment tests an indirect interaction
between a crab and responding species.
Interaction either known or strongly expected to
be indirect by the original authors. Mechanism 187
of interaction typically assumed to be a trophic
cascade, however we did not require this to be
demonstrated.
Crab origin Native Crap species is confirmed to be native to the 200
region.
Crab species is introduced, invasive, or
Non-native otherwise being tested against responding 542
species that is does not co-occur with naturally.
Prey functional . Clams, marine worms, and infaunal
Mobile infauna . . 246
group crustaceans (amphipods and isopods).
Surface-dwelling decapods (including hermit
Mobile epifauna crabs, shrimps, etc.), gastropods, scallops, and 189
mobile echinoderms.
Primary producers  Seaweeds, seagrasses, and phytoplankton. 123
Sessile Mussels, oysters, barnacles, and other 263
invertebrates encrusting epifauna.
Vertebrates Limited to birds and fish. 13
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Experimental No species controlled experimentally (including
design crab). Without- and with-crab “treatments” are a

Natural field f spat . 2
experiments result of spatial or temporal chgnges |n.crab
presence (e.g. before/after an introduction or
spatially different abundances of crab).
Field enclosures or exclosures where only the
Unstocked crab species was manipulated experimentally 256
enclosures while the remainder of the community was left
undisturbed.
Field enclosures or exclosures where densities
Stocked of one or multiple responding species were
enclosures manipulated along with crab presence, while 152
remainder of the community was left
undisturbed.
A closed or mostly closed laboratory-based
Laborator mesocosm requiring a minimum of two trophic
mesocosrz levels and three species. Densities of all 193
species, including crab, were controlled by the
original authors.
Only one crab predator and one prey species
Predation or type (e.g. two species of mussel) in a closed
exeriment laboratory system. This setup excluded indirect 211
P interactions as they tested direct predation
only.

Table A.4 Average carapace widths of all crab species included in the meta-

analysis.
Crab species Carapace width (mm) Source
Acanthocyclus gayi 24.0 Garth (1957)
Acanthocyclus hassleri 25.0 Rathbun (1930)
Achelous spinimanus 110.0 Williams (1984)
Callinectes sapidus 168.0 Williams (1984)
Cancer antennarius 118.0 Rathbun (1930)
Cancer borealis 143.0 Williams (1984)
Cancer irroratus 119.0 Williams (1984
Cancer pagurus 130.0 Ingle (1997)
Cancer productus 157.5 Rathbun (1930)
Caphyra rotundifrons 13.0 Jenkins (2012)
Carcinus aestuarii 65.0 sealifebase.org
Carcinus maenas 79.4 Rathbun (1930)
Cyclograpsus lavauxi 28.0 McLay (1988)
Dotilla fenestrata 12.0 Hartnoll (1973)
Dyspanopeus sayi 29.7 Williams (1984)
Dyspanopeus texanus 27.0 Rathbun (1930)
Eurypanopeus depressus 250 Williams (1984)
Eurytium limosum 43.0 Williams (1984)
Grapsus grapsus 80.0 eol.org
Hemigrapsus sanguineus 42.0 Richerson (2017)
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Heterozius rotundifrons
Hyas araneus
Liocarcinus depurator
Macrocoeloma diplacanthum
Menippe adina

Menippe mercenaria
Mennipe nodifrons
Metacarcinus gracilis
Metacarcinus magister
Micropanope sp.
Mictyris longicarpus
Mithraculus forceps
Mithraculus sculptus
Necora puber

Neohelice granulata
Ovalipes catharus
Ovalipes ocellatus
Pachygrapsus crassipes
Pachygrapsus transversus
Panopeus herbstii
Paragrapsus gaimardii
Percnon gibbesi
Petrolisthes armatus
Pilumnus caribaeus
Rhithropanopeus harrisii
Sesarma reticulatum
Trapezia rufopunctata
Uca annulipes

Uca polita

Uca pugilator

Uca pugnax

Uca vocans

Uca vomeris

23.0
76.5
51.0
12.8
10.0
129.0
72.0
91.0
198.0
6.5
25.0
38.0
26.4
109.0
32.0
150.0
87.0
48.0
26.4
62.0
48.0
28.0
14.0
216
213
28.0
28.0
18.5
25.0
26.0
23.0
22.5
27.0

McLay (1988)

Miller & O'Keefe (1981)
Hayward & Ryland (1995)
Rathbun (1925)
tpwd.texas.gov

Williams (1984)

Rathbun (1930)

Rathbun (1930)

Rathbun (1930)

Williams (1984)
ala.org.au

Williams (1984)

Rathbun (1925)

Hearn (2002)

Angeletti & Cervellini (2015)
McLay (1988)

Williams (1984)
eol.org.au

Williams (1984)

Williams (1984)
Campbell & Griffin (1966)
Williams (1984)
Masterson (2007)
Rathbun (1930)

Williams (1984)

Williams (1984)

Poupin & Juncker (2010)
Crane (1975)

Crane (1975)

Williams (1984)

Williams (1984)

Crane (1975)

Crane (1975)

See Table A.2 for the native/non-native status of crab species.



Table A.5
large-studies-only datasets.

Comparison of the main results from analyses of the full and

Results of the full dataset

Remains true with large-studies-

only data?
Direct and indirect effects were significant in opposing directions Yes
Direct effects dataset
No significant difference between the direct effects of non-native Yes
and native crabs
Significant differences in effect size among different experimental ~ Yes
designs
All experimental designs have a significantly negative effect on Yes
prey abundance

Experimental designs with the strongest effects are laboratory
mesocosms and single-species predation experiments
Non-native crabs reduced prey abundance significantly more than
native crabs in laboratory mesocosms

Significant differences in effect size among prey functional groups
All prey functional groups were significantly negatively affected by
crab predation

Natural experiments now have
the strongest effect
Yes

Yes
Yes, except for vertebrates (now
NS because of small sample size)

Non-native crabs reduced abundance of primary producers Trend same but NS
significantly more than predation by native crabs

Native crabs reduced abundance of mobile epifauna significantly ~ Yes

more than predation by non-native crabs

Indirect effects dataset

No significant difference between the indirect effects of non-native ~ Yes

and native crabs

No significant difference in effect size among different Yes

experimental designs

Mesocosm experiments had the only significant effect on
responding species abundance

Non-native crabs increased basal prey abundance significantly
more in unstocked field enclosures than did native crabs
Significant differences in effect size among prey functional groups

Effect sizes for sessile invertebrates and primary producers were
both significantly positive

Non-native crabs increased abundance of primary producers
significantly more than native crabs

Stocked enclosures and
mesocosms now both significant
Yes

Yes
Yes

Yes

Differences are highlighted in bold.
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Table A.6 Comparison of the main results from analyses with and without
studies of European green crab (Carcinus maenas) included.

Results of the full dataset

Remains true when green crab
studies removed?

Direct and indirect effects were significant in opposing directions Yes
Direct effects dataset

No significant difference between the direct effects of non-native Yes
and native crabs

Significant differences in effect size among different experimental ~ Yes
designs

All experimental designs have a significantly negative effect on Yes
prey abundance

Experimental designs with the strongest effects are laboratory Yes
mesocosms and single-species predation experiments

Non-native crabs reduced prey abundance significantly more than  Yes
native crabs in laboratory mesocosms

Significant differences in effect size among prey functional groups ~ Yes
All prey functional groups were significantly negatively affected by ~ Yes
crab predation

Non-native crabs reduced abundance of primary producers Trend same but NS
significantly more than predation by native crabs

Native crabs reduced abundance of mobile epifauna significantly Yes
more than predation by non-native crabs

Indirect effects dataset

No significant difference between the indirect effects of non-native ~ No
and native crabs

No significant differences in effect size among different No
experimental designs

Mesocosm experiments had the only significant effect on Yes

responding species abundance

Non-native crabs increased basal prey abundance significantly
more in unstocked field enclosures than did native crabs
Significant differences in effect size among prey functional groups

Effect sizes for sessile invertebrates and primary producers were
both significantly positive

Non-native crabs increased abundance of primary producers
significantly more than native crabs

Insufficient sample size to test for
this difference
Yes

Yes

Trend same but NS

Differences are highlighted in bold.

114



Supplementary figures

é Database records (n = 5429) Additional records (n = 5)
TR WOS (n =1281)
E ASFA (n = 4148)
u ]
[a]

|| Records after duplicates removed Exclude with reasons (based on title)
g n = 3665 n=1609
i || Records after first screening Exclude with reasons (based on abstract)
w n = 2056 n = 1500
[+
(&) - Records after second screening Exclude with reasons (based on full paper)
@ n =556 n=419

| Studies included in initial analysis

n=123

Q - Studies included in meta-analysis
§ n=137

Figure A1 Summary of literature selection process and results.
6.1.1. Sample sizes (n) are shown for each step of the systematic search. WOS: Web of

Science; ASFA: Aquatic Science and Fisheries Abstracts. Literature selection was done following
the Preferred Reporting Items for Systematic Reviews and Meta-Analyses (PRISMA) guidelines

(http://prisma-statement.org/).
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Figure A.2  Funnel plots relating standard error to effect size for experiments
included in the meta-analyses.

Effect size for (a) direct effects and (b) indirect effects of crabs on responding species. Point size

represents the weight of the experiment, calculated as the inverse of the sample variance

(Viechtbauer 2010). Dashed lines represent the 95% CI. The asymmetric shape of the funnels

suggests publication bias against small, non-significant experiments.
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Figure A.3 Cumulative forest plots for experiments on the direct and indirect
interactions between crabs and prey.

Experiments were added in order of smallest (top) to largest (bottom) variance. Horizontal red

lines indicate approximate variance values at which small studies start to shift the overall effect

size. These thresholds were estimated visually at values of 0.73 for studies of direct effects of

crabs and 1.02 for studies of indirect effects. Studies with variances smaller than these thresholds

were included in “large-studies-only” datasets.
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Appendix B.

Supporting Information for Chapter 3

Supplementary tables

Table B.1 Additional information on European green crab collection sites and
methods of collection.

Region Site Lat/Long Description Collection Collection date
method

BC Barkley Sound 49.033583, Shell/cobble beach,  Baited Fukui fish ~ July 2014
(BS) -125.318135  intertidal traps

BC Quatsino Sound 50.523696,  Mudflat, intertidal Baited Fukui fish ~ August 2014
QM -128.022879 traps

NS Bedford Basin 44681659,  City harbour, rocky ~ Baited Fukui fish ~ September
(BIO) -63.612537  subtidal traps 2014

NS Kejimkujik National ~ 43.872674,  Saltmarsh, intertidal  Baited Russel September
Park Seaside (KJ)  -64.821507 shrimp traps 2014

SA Table Bay (TB) 33.919692,  City harbour, silty Baited crab traps  August 2014
18.443147  subtidal

SA Hout Bay (HT) 34.049622,  City harbour, silty Baited crab traps  August 2014
18.348022 subtidal
NI Strangford Lough ~ 54.392125,  Subtidal, silty Hand collected July 2014
(SF) -5.5740744
NI Carlingford Lough ~ 54.027458,  Subtidal, sandy Hand collected July 2014
(CF) -6.0701758
NI Belfast Lough (BF)  54.679709,  Subtidal, silty Hand collected July 2014

-5.6140715  harbour

British Columbia, Canada (BC); Nova Scotia, Canada (NS); South Africa (SA); and Northern Ireland, UK (NI).

Table B.2 Select statistical comparisons of bootstrapped regional parameter

estimates.
Lower 2.5% quantile Upper 2.5% quantile

Attack rate (a)

BCv.NI 0.78 9.39

NS v. NI 0.07 2.59

SAv. NI -0.11 5.59

Handling time (h)

BCv.NS -0.03 0.02

SAv. NI -0.01 0.19

NS v. NI 0.02 0.12

Attack rate a and handling time h estimates, for pairs of regions (see Fig. 3.3). For every bootstrap iteration (n = 2000)
we compared the difference between the parameter estimates to the resulting distribution. If the likelihood of the
difference being zero fell between the upper and lower 2.5% quantiles, we concluded that the parameter estimates for
those two regions were not significantly different. Significant comparisons are indicated in bold. BC (British Columbia,
Pacific Canada), NS (Nova Scotia, Atlantic Canada), SA (South Africa), and NI (Northern Ireland, UK).
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Supplementary figures
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Figure B.1  Relationship between water temperature and number of prey killed
by European green crabs.

Average water temperature was calculated for each trial (start temperature + end temperature/2),

for the highest mussel density only (n = 64 mussels).
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Figure B.2  Parameter estimates of attack rate and handling time for European
green crabs from nine populations, feeding on mussels.
Parameter estimates (x95% CI) of (A) attack rate a, and (B) handling time h for bootstrapped (n =
2000) Type Il functional response curves of European green crab, from nine populations within
four regions, preying on varying densities of mussels. Regions are: BC (British Columbia, Pacific
Canada), NS (Nova Scotia, Atlantic Canada), SA (South Africa), and NI (Northern Ireland, UK);
see Table B.1 for additional information on the individual populations within each region. For each
pair of populations within a region, differences were formally compared by calculating the
difference between the parameter estimates for every iteration of the bootstrap and examining the
resulting distribution. If the likelihood of the difference being zero fell between the upper and
lower 2.5% quantiles of that distribution, we concluded that the parameter estimates for those two
regions were not significantly different. Based on the resulting distributions, the only significant
difference detected was for attack rates within Nova Scotia (BIO v. KJ).
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Figure B.3  Functional response curves for European green crabs preying on
mussels (Mytilus spp.) from nine populations sampled in four
regions.

Functional response curves, modeled from the raw data (open symbols) with a Type Il Rogers

random predator equation without prey replacement, for nine populations of European green

crabs preying on mussels (Mytilus spp.) in four regions: BC (British Columbia, Pacific Canada),

NS (Nova Scotia, Atlantic Canada), SA (South Africa), and NI (Northern Ireland, UK). Populations

include: Barkley Sound (dashed; open triangle) and Quatsino Sound (solid; open circle) in BC,

Bedford Basin (solid; open triangle) and Kejimkujik National Park (dashed; open circle) in NS,

Table Bay (solid; open triangle) and Hout Bay (dashed; open circle) in SA, Carlingford Lough

(solid; open square), Strangford Lough (dashed; open triangle), and Belfast Lough (dotted; open

circle) in NI. Shaded areas represent the 95% bootstrapped confidence intervals.
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Figure B.4  Predicted proportion of mussels killed by European green crabs in
relation to prey density, claw size (mm), and the region of origin,
derived from a modified version of the top generalized linear mixed-
effects model.

The predicted proportion of mussels killed by European green crabs (with 95% confidence

intervals) in relation to (A) prey density, (B) claw size (mm), (C) and the region from which crabs

were collected: BC (British Columbia, Pacific Canada), NS (Nova Scotia, Atlantic Canada), SA

(South Africa), and NI (Northern Ireland, UK). Predictions are derived from a generalized linear

mixed-effects model that is a modified version of our top model (Table 3.1) where all four regions

are used, rather than combining BC and NS, and are shown for each factor when the other
factors are fixed at their mean or proportional values.
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Appendix C.

Supporting Information for Chapter 4

Methods for green crab gut content analysis

Genetic methods developed and performed by the Canadian Centre for DNA Barcoding

(University of Guelph, Ontario).

Gut content samples were treated with Lysis was performed with 45uL of insect lysis

buffer/ 5uL ProK per sample and an overnight incubation for approximately 16 hours at
56°C following lvanova (2006). The resulting lysate had 100uL of Binding Mix added to
each sample and passed through a 3um PALL filter plate by centrifugation; followed by
the addition of 180uL pf protein wash buffer and 700uL of wash buffer with subsequent

spins between washes. DNA was eluted in 40uL of elution buffer.

The target genetic marker was amplified using the Polymerase Chain Reaction (PCR)
with rbcLa-F-t1 / MrbcL163-R1-t1 tailed with M13 primers for PCR round 1 (lvanova et al
2016). Thermocycling conditions, 94C for 2 min; followed by 40 cycles of 94C for 30
seconds, 55C for 30 sec, and 72C for 30sec; with a 5 min 72C extension. PCR round 1
recipe: 6.25uL 10% Trehalose (Sigma); 2uL double distilled water (HyClone); 1.25uL
10X Platinum buffer (Invitrogen); 0.625uL 50mM MgCI2 (Invitrogen); 0.125uL 10uM
rbcLa-F-t1 primer; 0.125uL 10uM MrbcL163-R1-t1 primer; 0.0625uL 10 mM dNTP mix
(Kapa Biosystems); 0.06uL Platinum Taq (Invitrogen); 2uL DNA per sample, for a total of

12.5uL reaction.

For PCR round 2 the PCR1 products were amplified with M13F labelled with lonExpress
tags ion01 to ion39 and M13R-TRP1 for the 39 crab gut samples. Thermocycling
conditions for PCR 2 is as follows 94C for 2 min; followed by 40 cycles of 94C for 30
seconds, 51C for 30 sec, and 72C for 60sec; with a 5 min 72C extension. PCR round 2
recipe: 6.125uL 10% Trehalose (Sigma); 1.25uL 10X Platinum buffer (Invitrogen);
0.625uL 50mM MgCI2 (Invitrogen); 1.25uL 1uM M13F-ion tagged primer (added
individually in separate wells); 1.25uL 1uM M13R-TRP1 primer; 0.0625uL 10 mM dNTP
mix (Kapa Biosystems); 0.06uL Platinum Taq (Invitrogen); 2uL of PCR round 1 product
(diluted 1:1 with double distilled HyClone water), for a total of 12.5uL reaction.

125



Sequencing was performed on an lon Torrent PGM high-throughput sequencer using lon
PGM Template Hi-Q View 400 kit, 314 chip. The resulting sequence reads were
associated to their source sample using unique molecular identifier tags, filtered to
remove low quality reads (minimum quality of QY20 and minimum length of 100 bp), and
trimmed to remove primer and adapter sequences (reads lacking a forward primer were
excluded from analysis while reads lacking a reverse primer were allowed to proceed to
the next step). Only high quality reads assigned to correct lon Express MID tags were
used in NGS data analysis. Negative PCR and negative extraction controls did not

produce any sequencing data.
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Supplementary tables

Table C.1 Counts of benthic fauna identified in sediment cores, separated by functional group and relative size classifications.

block treatment clam.lg clam.md clam.sm crab.lg crab.md crab.sm gastropod.md gastropod.sm nematode.md nematode.sm polychaete.md polychaete.sm shrimp.md shrimp.sm

exclosure 0 0 0 2 0 9 0
low density
high density
no cage

-

exclosure
low density
high density
no cage

exclosure
low density
high density
no cage

-

exclosure
low density
high density
no cage

-

-
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low density
high density
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Total 3 13 27 2 1 4 11 1 222 4 115 1

N
A

Functional groups were determined based on the assumption that an organism’s mobility and burial depth (i.e., epifaunal or infaunal) would significantly affect risk of predation risk by
European green crab. Relative size classes were based on wet weight, indicated by the following: sm (small < 0.1 g); md (medium < 2.0 g); Ig (large = 2.0 g). Sediment cores came from
plots with different densities of European green crabs (n = 6 plots per treatment). In addition to low and high green crab density treatments (1.4 and 4.2 green crabs m?, respectively),
there was an exclosure treatment (0 crabs m'2), and an unenclosed (no cage) treatment, which experienced the ambient density of green crabs present at the field site.
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Appendix D.

Supporting Information for Chapter 5

Supplementary tables

Table D.1 Relative variable importance (RVI) of site-level characteristics used
in a boosted regression tree (BRT) model predicting the probability
of invasive green crab occurring at a site.

Average relative

Site-level characteristic importance SE

CPUE M. magister 33.46 0.04
Intertidal area (km?) 9.99 0.12
Sediment type 8.22 0.11
Freshwater outflow magnitude 8.20 0.09
Eelgrass (presence) 7.62 0.18
Aspect (SW) 6.82 0.11
Oyster aquaculture (presence) 4.30 0.05
CPUE C. productus 4.03 0.08
Aspect (W) 3.94 0.06
Year 3.51 0.05
Inlet length (km) 3.44 0.06
CPUE M. gracilis 2.93 0.07
Aspect (SE) 1.10 0.04
Aspect (E) 0.75 0.03
Aspect (N) 0.65 0.02
Aspect (NW) 0.43 0.03
Aspect (NE) 0.41 0.03
Aspect (S) 0.19 0.02
Eelgrass absence (absence) 0.00 0.00
Oyster aquaculture (absence) 0.00 0.00

Average and standard error are calculated from RVI values from five BRT model runs.
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Table D.2 Relative variable importance (RVI) of site-level characteristics used
in a boosted regression tree (BRT) model predicting adjusted green
crab CPUE occurring at a site.

Average relative

Site-level characteristic importance SE

Freshwater outflow magnitude 20.02 0.31
Year 16.92 0.26
CPUE M. gracilis 16.18 0.16
CPUE C. productus 13.51 0.16
Intertidal area (km?) 10.48 0.37
CPUE M. magister 9.60 0.13
Sediment type 6.13 0.24
Inlet length (km) 432 0.17
Aspect (SW) 0.89 0.07
Oyster aquaculture (presence) 0.60 0.08
Aspect (NW) 0.47 0.03
Oyster aquaculture (absence) 0.35 0.02
Aspect (SE) 0.29 0.03
Aspect (W) 0.10 0.02
Eelgrass (absence) 0.08 0.02
Eelgrass (presence) 0.05 0.01
Aspect (S) 0.01 0.01
Aspect (N) 0.00 0.00

Average and standard error are calculated from RVI values from five BRT model runs.
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